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1.1 Background
Human impacts on the environment have been consistently increasing in association 
with the increase in human population size and per capita consumption (Johnson et 
al. 2017). For example, more than half of the world’s species-rich wetlands have been 
drained over the past century, largely for conversion into agricultural land (Crist, Mora 
& Engelman 2017). The Human Footprint index, which measures the cumulative human 
impacts on land, increased by 9% between 1993 and 2009, whereas the total area of 
untouched forests decreased by 7.2% between 2000 and 2013 (Butchart et al. 2010; 
Johnson et al. 2017). These increasing human pressures on the environment pose sig-
nificant threats to global biodiversity (Dirzo et al. 2014; Young et al. 2016; Johnson et 
al. 2017). The most prominent anthropogenic pressure underlying current biodiversity 
loss in terrestrial ecosystems is habitat alteration, followed by overexploitation, intro-
duction of invasive species, environmental pollution and climate change (Maxwell et al. 
2016; Young et al. 2016; Tilman et al. 2017). All of these pressures have increased over 
recent decades (Dirzo et al. 2014). Future increases in human pressures are forecasted 
to cause further biodiversity declines and pose unprecedented extinction risks to many 
more species worldwide (Tilman et al. 2017). 
Numerous scholars have argued that with the current extinction crisis Earth’s biota is 
experiencing its ‘sixth mass extinction’, which is comparable to past extinction events 
such as the Cretaceous-Tertiary mass extinction 66 million years ago (Barnosky et al. 
2011; Ceballos et al. 2015; Ceballos, Ehrlich & Dirzo 2017). However, unlike the previ-
ous extinction events, which were all attributed to natural catastrophes including vol-
canic eruptions, meteorite impact and global cooling, the current mass extinction is of an 
anthropogenic nature (Barnosky et al. 2011). Recently, pre-human background species 
extinction rates have been estimated at 1.8 species extinctions per million species per 
year (Barnosky et al. 2011). In comparison, modern extinction rates for vertebrates have 
been found to be 8 to 100 times higher than this background rate (Ceballos et al. 2015). 
Under the background rate, approximately 9 vertebrate extinctions would have been 
expected since 1900, whereas highly conservative estimates indicate that 198 verte-
brates have gone extinct instead, of which 35 mammal and 57 bird species (Ceballos et al. 
2015; Ceballos, Ehrlich & Dirzo 2017). In addition, various recent studies reported on a 
large number of local extinctions (also called ‘population extirpations’) and considerable 
decreases in species abundances over time (Dirzo et al. 2014; Young et al. 2016; Ceballos, 
Ehrlich & Dirzo 2017). For example, Ceballos, Ehrlich and Dirzo (2017) observed that all 
mammal species in their study have lost at least 30% of their geographic ranges between 
1900 and 2015, and more than 40% of these species have experienced declines in popu-
lation sizes of over 80%. Similarly, Schipper et al. (2016) found a considerable decrease 
in the total numbers of birds in their study over the past 40 years. At the moment, 1361 
birds and mammals are classified as Critically Endangered or Endangered (IUCN 2017), 
i.e., with an extremely or very high risk of extinction in the wild, and are therefore likely 
to be extinct by 2100 if the processes causing their endangerment continue to operate 
(IUCN 2017; Johnson et al. 2017). Additionally, 526 mammals and 786 birds are classified 
as Vulnerable, which are species with a high risk of extinction in the wild (IUCN 2017). 
Thus, 13% of the 10,961 known extant bird species and nearly one-quarter (22%) of 
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the 5,591 known extant mammal species are currently considered to be threatened (i.e., 
classified as Critically Endangered, Endangered or Vulnerable). Although mammals and 
birds are amongst the best-studied species groups, there are still 809 mammal and 58 
bird species on which there is insufficient information available to assess their threat 
status (IUCN 2017). These data-deficient species are more likely to be under threat than 
those already assessed (Jetz & Freckleton 2015), so that the number of mammals and 
birds at risk of extinction is probably even higher than currently estimated. 
In the 20th century, the field of conservation biology has emerged in response to the loss 
of biodiversity worldwide (Sodhi & Ehrlich 2010). Conservation biology is, in essence, the 
science and practice of conservation, with the goal of providing principles and tools for 
protecting biodiversity (Meffe & Carroll 2006; Meine, Soulé & Noss 2006; Sodhi & Ehr-
lich 2010). More specifically, conservation biology distinguishes three key goals: 1) to 
investigate and describe what species are endangered, 2) to identify and understand the 
effects of human activities on species, communities and ecosystems, and 3) to develop 
practical interdisciplinary approaches to protect and restore biological diversity (Pur-
vis et al. 2000; Trombulak et al. 2004; Meffe & Carroll 2006; Lindenmayer & Hunter 
2010). Especially since the second half of the 20th century, conservation biology-oriented 
studies have risen awareness of the threats to species diversity and the causes of spe-
cies extinctions (Sodhi & Ehrlich 2010). For example, correlation analyses on species 
life history characteristics and their IUCN Red List status have revealed several intrin-
sic drivers of extinction vulnerability. Mammal and bird species that are more vulner-
able to extinction tend to have for example larger body sizes, lower population sizes, 
higher trophic levels, larger home range sizes and lower reproduction rates (Purvis et al. 
2000; Cardillo et al. 2005; Lee & Jetz 2011). The risen awareness of the changing status 
of biodiversity has resulted into multiple international treaties, agreements and initia-
tives, including the UNESCO Man and Biosphere Programme (1970), the Convention on 
International Trade in Endangered Species of Wild Fauna and Flora (CITES) (1975), the 
Convention on Wetlands of International Importance (the “Ramsar Convention”) (1975), 
the Convention on Biological Diversity (CBD) (1992) and, more recently, the Intergovern-
mental Science-Policy Platform on Biodiversity and Ecosystem Services (IPBES) (2012). 
Additionally, numerous national and international organizations have been founded 
to actively tackle the problem of biodiversity loss, such as Vogelbescherming Neder-
land (1899), Natuurmonumenten (1905), the International Union for the Conservation 
of Nature (IUCN) (1948), the Nature Conservancy (1951) and the Word Wildlife Fund 
(WWF) (1961) (Meffe & Carroll 2006; Meine, Soulé & Noss 2006; Sodhi & Ehrlich 2010). 
Without conservation efforts over the past four decades, it has been estimated that ver-
tebrate extinction rates would have been 18% higher (Hoffmann et al. 2010; Johnson 
et al. 2017). Nevertheless, given the increasing human influence on the environment, 
there is still an urgent need to conserve species and species populations more effectively 
(Butchart et al. 2010; Hoffmann et al. 2010; Dirzo et al. 2014; Johnson et al. 2017). To 
design effective conservation actions and evaluate the adequacy of current species pro-
tection, quantitative information on the influence of species traits and environmental 
pressures on population viability of a large number of species is urgently required. 
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1.2 Knowledge gaps
In conservation biology, information on population viability is typically obtained via 
population viability analysis (PVA), which has increasingly been applied in the last dec-
ades (Beissinger 2002; Morris et al. 2002; Reed et al. 2002). Although the definition of 
PVA widely varies, it generally comprises quantitative modelling to predict changes in 
the abundance and/or distribution of the population in question, either under current 
conditions or future scenarios (Burgman, Ferson & Akçakaya 1993; Reed et al. 2002). 
PVA ranges from relatively simple projections of total population size through time 
to estimates of population viability made with relatively complex population models. 
Examples are structured models that track changes in the number of individuals in dif-
ferent stages (e.g., age or size categories) in a population, metapopulation models that 
follow multiple subpopulations, and spatially explicit models that typically simulate the 
behaviour of individual organisms in one or multiple (sub)populations across detailed 
landscapes (Morris et al. 2002). PVA methods are thus quite diverse, in terms of both the 
complexity of the underlying models and the quantity of data needed to parameterize 
them (Morris et al. 2002; Reed et al. 2002). 
The applicability of most PVA, however, is typically limited by the availability of spe-
cies-specific input data, such as the intrinsic population growth rate and maximum pop-
ulation density (Akçakaya & Sjögren-Gulve 2000). Due to data limitations, PVAs have 
mainly been restricted to local or regional settings and a limited number of species 
(Akçakaya & Sjögren-Gulve 2000). To effectively protect biodiversity, however, policy 
makers and conservationists require population viability information on as many spe-
cies as possible (Stuart et al. 2010; Guisan 2014; Bland et al. 2017). This requires novel 
approaches that make clever use of the available data and that can be easily applied to 
multiple species (Akçakaya & Sjögren-Gulve 2000; Guisan 2014). Additionally, most PVA 
models do not explicitly account for the deterministic anthropogenic pressures influ-
encing the vital rates of the individuals and hence the population (Coulson et al. 2001; 
Selwood, McGeoch & Mac Nally 2015; but see, e.g., Nakamura, Iwasa & Nakanishi 2003). 
Vital rate data to parameterize PVA models are typically being obtained from time series 
data, which bear the imprint of multiple intertwined factors affecting the population 
dynamics (Brook et al. 2000; Lundberg et al. 2000; Jonzén, Ripa & Lundberg 2002; Rue-
da-Cediel et al. 2015). If we are to better understand and predict the viability of wildlife 
populations, particularly in response to changing environmental conditions, we need 
PVA approaches that model the influences of underlying human pressures more explic-
itly.
1.3 Aim and scope of the thesis
The main aim of this thesis is to quantify population viability 1) for a large number of 
species and 2) as an explicit function of anthropogenic pressures. Ultimately, this type 
of information will help to better underpin biodiversity conservation efforts. A common 
key approach throughout the thesis is to make clever use of available data so that the 
quantitative models can be applied to assess the population viability of multiple species 
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in relation to either species traits or anthropogenic pressures. Allometric relationships 
between body size and wildlife demographic parameters are integrated into PVA in order 
to expand on the number of species. Response relationships for particular pressures are 
extracted from field monitoring or laboratory data and subsequently integrated in PVA in 
order to explicitly account for anthropogenic pressures. The focus in this thesis is on birds 
and mammals, and chemical pollution and water scarcity (Table 1.1), for which sufficient 
data are available to estimate allometric relationships and pressure-response relation-
ships. Multiple metrics that provide information on the status and trend of wildlife are 
applied. As viability is to be quantified at a species- and population level in which the 
metrics need to have an explicit relationship with the risk of extinction, which includes 
ecological thresholds that can be used to determine extinction vulnerabilities, metrics 
of abundance (i.e., population sizes within specified spatial and temporal dimensions) at 
the local level or occurrence (i.e., the presence or absence of species) at the global level 
are used (Table 1.1) (Pereira et al. 2013; Kissling et al. 2017; Pereira et al. 2017).
1.4 Outline of the thesis
 
Each chapter covers a specific research question or sub-question related to the overall 
aim. Chapters 2 and 3 quantify the extinction vulnerability of birds and/or mammals 
using body size (or body mass) and/or feeding guild. In chapter 2, relationships are 
retrieved between the body size of birds and mammals and their probability of extinc-
tion, mean time to extinction and critical patch size, by integrating allometry in PVA. 
In chapter 3, allometric relationships between body size and a number of demographic 
parameters are applied to calculate the minimum viable population size of mammal spe-
cies. Chapters 4, 5 and 6 investigate the influence of chemical pollution or water scarcity 
on the population viability of mammals and/or birds by connecting quantitative pres-
sure-response relationships for demographic rates or habitat suitability to population 
models. In chapter 4, several population extinction vulnerability indicators are quanti-
fied for birds in relation to chemical pollution using pressure-response relationships for 
reproduction. The pressure-response relationships are derived from field monitoring 
data, where quantile regression is applied to correct for confounding influences of other 
environmental factors. In chapter 5, a pressure-response relationship is integrated in a 
PVA model to estimate the reintroduction efforts in terms of the number of individuals 
to be introduced and the corresponding costs in order to mitigate the impacts of this 
pressure. Here, the approach is applied to investigate the mitigation costs of chemical 
pollution on the peregrine falcon population in California. In chapter 6, the influence of 
water scarcity on the spatial distribution of several mammal species in Kruger National 
Park (South Africa) is assessed. Here, the response of the populations is quantified via 
habitat preferences and several alternate management scenarios are compared. Finally, 
the findings of the previous chapters are integrated in chapter 7. The approaches pro-
posed for deriving population viability information for multiple species and the explicit 
inclusion of anthropogenic pressures therein are discussed. In addition, the different 
metrics of population viability are compared and evaluated.
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Table 1.1 | Overview of the scope of the chapters of this thesis.
Chapter
Species 
group
Spatial 
scale
Endpoint Metric*
Trait Pressure
Body size
Feeding 
guild
Pollution
Water  
availability
2
Birds, 
mammals
Global
Occur-
rence
PE, MTE, 
CPS
X X
3 Mammals Global
Occur-
rence
MVP X
4 Birds Global
Occur-
rence
r1, PE, MTE, 
CPS, MVP
X
5 Birds Local
Abun-
dance
Nsize X
6 Mammals Local
Abun-
dance
Ndensity X
* PE = Probability of extinction/extirpation, MTE = Mean/Median time to extinction/extirpation, CPS = Critical patch size, 
MVP = Minimum viable population, r1 = population growth rate, Nsize= Local population size and Ndensity = Local population 
density
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An allometric approach to  
quantify the extinction  
vulnerability of birds and  
mammals
Published in Ecology 97: 615-626
Jelle P. Hilbers | A.M. Schipper | A.J. Hendriks  
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Abstract
 
Methods to quantify the vulnerability of 
species to extinction are typically limited by 
the availability of species-specific input data 
pertaining to life-history characteristics and 
population dynamics. This lack of data ham-
pers global biodiversity assessments and 
conservation planning. Here, we developed a 
new framework that systematically quantifies 
extinction risk based on allometric relation-
ships between various wildlife demographic 
parameters and body size. These allometric 
relationships have a solid theoretical and eco-
logical foundation. Extinction risk indicators 
included are (1) the probability of extinction, 
(2) the mean time to extinction and (3) the 
critical patch size. We applied our framework 
to assess the global extinction vulnerability 
of terrestrial carnivorous and non-carnivo-
rous birds and mammals. Irrespective of the 
indicator used, large-bodied species were 
found to be more vulnerable to extinction 
than their smaller counterparts. The patterns 
with body size were confirmed for all species 
groups by a comparison with IUCN data on 
the proportion of extant threatened species: 
the models correctly predicted a multimodal 
distribution with body size for carnivorous 
birds and a monotonic distribution for mam-
mals and non-carnivorous birds. Carnivorous 
mammals were found to have higher extinc-
tion risks than non-carnivores, while birds 
were more prone to extinction than mam-
mals. These results are explained by the al-
lometric relationships predicting the vulner-
able species groups to have lower intrinsic 
population growth rates, smaller population 
sizes, lower carrying capacities or larger dis-
persal distances, which, in turn, increase the 
importance of losses due to environmental 
stochastic effects and dispersal activities. Our 
study is the first to integrate population via-
bility analysis and allometry into a novel, pro-
cess-based framework that is able to quantify 
extinction risk of a large number of species 
without requiring data-intensive, species-spe-
cific information. The framework facilitates 
the estimation of extinction vulnerabilities of 
data-deficient species. It may be applied to 
forecast extinction vulnerability in response 
to a changing environment, by incorporating 
quantitative relationships between wildlife 
demographic parameters and environmental 
drivers like habitat alteration, climate change, 
or hunting.
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2.1 Introduction
A key goal in conservation biology is the protection of species to ensure stable, viable 
and sustainable populations and ecosystems (Iwasa et al. 2000). To conserve biodiver-
sity more effectively, it is important to predict the vulnerability of species to extinc-
tion (Purvis et al. 2000; Fujiwara 2007). Population viability analysis (PVA) is used to 
identify and evaluate threats to species and assess species’ extinction risks and threat 
status (Akçakaya & Sjögren-Gulve 2000). Within PVAs, various indicators are used to 
express the sensitivity of species to environmental change (Pe’er et al. 2013), which can 
be subdivided into four main groups: 1) probability indicators, such as the probability 
of (quasi-)extinction, and probability of decline, 2) time indicators, such as the time to 
(quasi-)extinction, 3) area indicators, such as the minimum area required or critical 
patch size, and 4) population size indicators, such as the minimum viable population. 
The applicability of PVA is, however, typically limited by the availability of species-spe-
cific input data, such as the intrinsic population growth rate and maximum population 
density (Akçakaya & Sjögren-Gulve 2000). Due to data limitations, PVAs have mainly 
been restricted to local or regional settings and a limited number of species (Akçakaya 
& Sjögren-Gulve 2000). This constrains the opportunity to draw general conclusions 
regarding the relationships between extinction risks and species traits and hampers the 
general applicability of results in the global conservation of species (Gaston & Blackburn 
1996; Kitzes & Merenlender 2013).
Typical wildlife demographic parameters required to calculate extinction risk indica-
tors in PVAs, including the intrinsic population growth rate (rm), carrying capacity (K) 
and dispersal capacity (d), have been related to body size (Pereira, Daily & Roughgarden 
2004; Savage et al. 2004a; Hendriks 2007; Santini et al. 2013). These allometric relation-
ships are well-established and have a solid theoretical and ecological foundation (Brown 
et al. 2004). Yet, allometric relationships have hardly been incorporated into PVAs (but 
see e.g., Kitzes & Merenlender 2013). This is remarkable as allometric relationships are 
often based on data covering a large number of species from multiple taxonomic groups 
and spanning several orders of magnitude in body size (see e.g., West & Brown 2005; 
Hendriks 2007).
Several studies found that extinction risk significantly correlates with body size (Gas-
ton & Blackburn 1996; McKinney 1997; Cardillo et al. 2005). There are, however, large 
discrepancies between studies regarding the direction and strength of the correlation, 
which may relate to differences in taxonomic groups, habitats and spatial scale (McKin-
ney 1997). For instance, Anderson et al. (2011) found no significant correlation between 
the national threat status and body size of more than 600 terrestrial mammals occur-
ring in Canada, whereas Cardillo et al. (2005) found a significant positive association 
between global IUCN threat status and body size when investigating nearly 4000 species 
of non-marine mammals. Although increasing evidence from correlation studies under-
pins a positive association between body size and extinction risk, a sound analytical 
framework that explains the relationship between species vulnerability to extinction and 
body size is currently lacking (Gaston & Blackburn 2008; Smith & Lyons 2013).
The goal of this study was to develop an allometric framework that quantifies global 
extinction vulnerabilities using only limited data, facilitating the assessment of data-
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deficient species. Incorporating allometric relationships in extinction risk metrics ena-
bled us to systematically investigate  how extinction vulnerability changes in relation to 
body size. Three extinction indicators were included in the framework: (1) the probabil-
ity of extinction (PE) (Ginzburg et al. 1982), (2) the mean time to extinction (MTE) (Foley 
1994), and (3) the critical patch size (CPS) (Skellam 1951; Pereira, Daily & Roughgarden 
2004; Pereira & Daily 2006). These three indicators have been found to be suitable end-
points in conservation biology for identifying species that are most vulnerable to extinc-
tion (Pe’er et al. 2013). The framework was applied to carnivorous and non-carnivorous 
birds and mammals as these species groups enjoy arguably the greatest public interest.
2.2 Methods 
2.2.1 Models
2.2.1.1 Probability of extinction (PE)
The probability of extinction is a commonly-used indicator to predict the vulnerability 
of species to extinction (Pe’er et al. 2013). The probability of extinction is defined as the 
probability that a population falls below a critical level after which extinction is immi-
nent due to genetic and demographic stochastic effects (Ginzburg et al. 1982). In order to 
derive probabilities of extinction, we followed the model of Ginzburg et al. (1982): 
(2.1)
where PE is the probability of extinction (dimensionless between 0 and 1), Nc is the crit-
ical population size below which extinction is imminent (in number of individuals, ind), 
N0 is the initial population size (in number of individuals, ind), K is the carrying capacity 
(in number of individuals, ind), rm is the intrinsic population growth rate (per unit of 
time) and σr2 represents the variance in the intrinsic population growth rate rm, thus 
reflecting the influence of environmental stochasticity on rm. 
2.2.1.2 Mean time to extinction (MTE)
The mean time to extinction is a measure that is obtained by recording the time until 
a modeled population, starting at a certain initial population size, reaches a threshold 
level of 1 individual or less, and taking the average of these times over multiple model 
simulations. To calculate mean time to extinctions, we used the numerical solution esti-
mate of Foley (1994):
(2.2)
where MTE is the mean time to extinction (in number of years) and all other variables 
are the same as in the probability of extinction model of Ginzburg et al. (1982).
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2.2.1.3 Critical patch size (CPS)
The critical patch size concept presumes that extinction is in essence a deterministic 
event primarily driven by habitat area. Due to edge effects, the loss of individuals via 
dispersal into non-suitable habitat increases when habitat area decreases. Extinction 
occurs when the habitat area is so small that the intrinsic population growth rate is not 
able to compensate for dispersal losses (Skellam 1951). This means that there is a min-
imum area of native habitat, the critical patch size (CPS), below which a population will 
decline to extinction due to individuals dispersing into non-suitable habitat (Pereira, 
Daily & Roughgarden 2004). To determine critical patch sizes, we followed the model of 
Pereira, Daily and Roughgarden (2004) and Pereira and Daily (2006):
(2.3)
where α is the probability of a species moving outside of a native habitat patch at the hab-
itat border (dimensionless), r1 is the intrinsic population growth rate inside the native 
habitat patch which is equal to rm (per unit of time), r2 is the intrinsic population growth 
rate outside the native habitat patch (per unit of time), σd2 is the dispersal variance (km2 
per unit of time), L is the diameter of the circular patch of native habitat (km), In and Kn 
are Bessel functions of the first and second kind of order n respectively, and i represents 
the imaginary unit.
Numerically solving this equation to find the critical patch size results into:
(2.4)
where Jn is a Bessel function of the first kind of order n, and j0 represent the smallest pos-
itive root of the Bessel function J0(x). To arrive at an extinction vulnerability indicator we 
divided the CPS by the geographical range size (A) of species, i.e., the total area within 
the outermost geographical limits of a species’ occurrence range.
2.2.2 Model parameterization
The models were parameterized for four groups of terrestrial vertebrates: carnivorous 
birds, non-carnivorous (herbivorous and omnivorous) birds, carnivorous mammals, 
and non-carnivorous (herbivorous and omnivorous) mammals. Allometric relationships 
were used to estimate intrinsic population growth rate, current population density 
(needed to determine current population size), density-based carrying capacity (needed 
to determine carrying capacity), the variance in dispersal capacity and the variance in 
intrinsic population growth rate. Table 2.1 shows these allometric relationships includ-
ing parameter values. To parameterize the geographical range size, the critical popula-
tion size and the probability of moving outside a patch, we resorted to empirical data and 
scientific literature. 
QUANTIFYING EXTINCTION FROM ALLOMETRY  17
2.2.2.1 Intrinsic population growth rate (rm, r1 and r2)
The intrinsic population growth rate can be estimated from the potential lifetime fecun-
dity (R0, number of individuals) divided by the generation time (τg, unit of time) (Hen-
driks & Mulder 2012): 
(2.5)
In turn, the generation time can be calculated based on body size combined with a pro-
duction factor which represents the average amount of energy directed to new biomass, 
and a body temperature correction factor which is derived from biochemical reaction 
kinetics (Gillooly et al. 2001; Hendriks 2007):
(2.6)
where m represents the species body size (in kg), κ is the scaling exponent, qt is a body 
temperature correction factor in comparison with the standard of 20°C (dimensionless) 
and γp is the average production coefficient (kgκ/d). The intrinsic population growth 
rate can now be estimated via (Savage et al. 2004a; Savage et al. 2004b; Hendriks 2007; 
Hendriks & Mulder 2012):
(2.7)
Regarding the intrinsic growth rates inside (r1) and outside (r2) the native habitat patch 
in the CPS calculations, we distinguished two groups of species based on habitat affinity, 
according to Pereira, Daily and Roughgarden (2004) and Pereira and Daily (2006): group 
A, species that use only native habitat; and group B, species that use both native and 
non-native habitat. Species in group A are assumed to have an extremely high mortality 
rate in non-native habitat (r1A = rm, r2A = -10), whereas species in group B are assumed 
to be unable to reproduce yet have natural mortality rates (µ) in non-native habitat 
(r1B = rm, r2B = -µ). Natural mortality rates were calculated from allometric relationships 
derived in Hendriks (2007); see Table 2.1.
2.2.2.2 Current population density (ND)
The current population density of species (ND) can be estimated using body size as a sole 
predictor. Although, according to Damuth’s law (Damuth 1981; Damuth 1987), the cur-
rent population density follows a power-law relationship with body size with a scaling 
exponent of -0.75 independent of the taxonomic group or trophic level, steeper slopes 
have been found for carnivores (Carbone & Gittleman 2002; Jetz et al. 2004; Hendriks 
2007; Isaac, Storch & Carbone 2011). This may be explained by an increase in territory 
size with increasing organism size due to an increase in territory overlap of carnivores 
(Hendriks 2007). Here, we set the scaling exponent at -0.75 for non-carnivores (Damuth 
1981; Damuth 1987; Jetz et al. 2004; Hendriks 2007) and -0.88 for carnivores (Carbone 
& Gittleman 2002). Because we could not find allometric relationships for ND for all four 
species groups, we used empirical data on the global current population densities of 
birds (618 non-carnivorous and 115 carnivorous species; BirdLife International 2016) 
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Table 2.1 | The parameter values for the allometric relationships with abbreviations explained as in the 
main text.
Variable Symbol Unit
General 
equation
Taxonomic 
group
Estimate R2 Reference
Intrinsic 
pop. 
growth 
rate
rm yr-1
 ln R 0 ∙q t ∙  γ p ∙  
m -κ Endotherms
 ln 4.5 * ∙  
4.9 ** ∙ 0.27 ∙  m -0.25 /
(Savage et al. 
2004a; Savage 
et al. 2004b; 
Hendriks 2007; 
Hendriks & 
Mulder 2012)
Natural 
mort. rate µ yr
-1  q t ∙  γ p ∙  m -κ Endotherms  4.9 ∙ 0.27 ∙  m -0.25 / (Hendriks 2007)
Current 
pop. 
density
ND #/
km2
 γ D ∙  m β 
Carn. birds  1.8 ∙  10 -2 ∙  m -0.88 0.85
(This study; 
Damuth 1981; 
Damuth 1987; 
Hendriks 2007; 
Jones et al. 2009; 
BirdLife Inter-
national 2016)
Non-carn. 
birds  8.1 ∙  10 
-2 ∙  m -0.75 0.51
Carn. 
mammals  8.7 ∙  10 
0 ∙  m -0.88 0.86
Non-carn. 
mammals  5.5 ∙  10 
1 ∙  m -0.75 0.89
Densi-
ty-based 
carrying 
capacity
KD #/
km2
 γ K ∙  m β 
Carn. birds  3.4 ∙  10 -1 ∙  m -0.88 0.70
(This study; 
Brown et al. 
2004; Hendriks 
2007; Jones et al. 
2009; BirdLife 
International 
2016)
Non-carn. 
birds
 6.8 ∙  10 0 ∙  m -0.75 0.58
Carn. 
mammals
 1.6 ∙  10 2 ∙  m -0.88 0.85
Non-carn. 
mammals
 1.1 ∙  10 3 ∙  m -0.75 0.80
Median 
natal disp. 
distance
dm
km/
gen  γ H ∙  √ 
_
 HR 
Carn./Non-
carn. birds  12 ∙  HR 
0.5 0.78
(Bowman 2003; 
Santini et al. 
2013)
Carn./Non-
carn. mam-
mals
 5.6 ∙  HR 0.5 0.81
Home 
range size
HR km2   3 ∙ m κ  _  N D  
Carn. birds  2.1 ∙  10 2 ∙  m 1.13 /
(This study; 
Hendriks et al. 
2009)
Non-carn. 
birds  3.7 ∙  10 
1 ∙ m /
Carn. 
mammals  3.8 ∙  10 
-1 ∙  m 1.13 /
Non-carn. 
mammals  5.4 ∙  10 
-2 ∙ m /
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and mammals (584 non-carnivorous and 78 carnivorous species; Jones et al. 2009) to 
derive corresponding intercept values. Because BirdLife International (2016) reports 
global population sizes instead of densities, we divided the population sizes by the 
reported geographical range sizes to arrive at population densities for birds. For each 
of the four species groups, we divided the observations into variably spaced logarithmic 
mass bins including 15 data points each. Per bin, a median population density was calcu-
lated (similar to e.g., Savage et al. 2004b; Agosta & Bernardo 2013). The median densities 
were related to body size using Ordinary Least Squares (OLS) regression (see Table 2.1 
and Appendix A: Figure A1 and Table A1). To arrive at the current total number of indi-
viduals for a species (N0), we multiplied the current population densities (ND) with the 
geographical range size (A).
2.2.2.3 Carrying capacity (K) 
We defined the density-based carrying capacity (KD) as the maximum population den-
sity of a species of a particular body size. Following the same approach as for the current 
population density, we set the slope for the carrying capacity at -0.75 for non-carnivores 
and at -0.88 for carnivores, and derived corresponding intercept values for all four spe-
cies groups using OLS regression on the maximum densities reported for the mass bins, 
similar to the approach used for the current population density (Table 2.1, Appendix A: 
Disp. 
variance σd
2 km2/yr
  d m 2 _  ( 1.18 ) 2 ∙ 
 1 _ 
1 / ( q t ∙  γ p ∙  m -κ ) 
Carn. birds  2.9 ∙  10 4 ∙  m 0.88 /
(Pereira, Daily 
& Roughgarden 
2004; Pereira & 
Daily 2006; Hen-
driks 2007)
Non-carn. 
birds  1.1 ∙  10 
3 ∙  m 0.75 /
Carn. mam-
mals  5.2 ∙  10 
1 ∙  m 0.88 /
Non-carn. 
mammals  1.6 ∙  10 
0 ∙  m 0.75 /
Growth 
rate  
variance
σr2 yr -1  CV N 2 ∙ 2 ∙  r m Endotherms
 ( 0.1…0.9 ) 2 ∙ 2.98 ∙  
m -0.25 /
(Pimm, Jones & 
Diamond 1988; 
Hakoyama & 
Iwasa 2000; 
Lande, Engen & 
Saether 2003; 
Hakoyama & 
Iwasa 2005)
*The lifetime fecundity was set here at an average value of e1.5 similar to Hendriks (2007). They found that annual fecundity 
and  lifetime tend to scale to body size with the same slope but opposite sign indicating that the lifetime fecundity is body-size 
invariant.
**Similar to Hendriks and Mulder (2012), a body temperature of 37 °C was assumed for birds and mammals, corresponding to a 
temperature correction factor of 4.9 using an activation energy of 0.74 eV (Gillooly et al. 2001).
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Figure A2 and Table A2). To arrive at the maximum total number of individuals (K), we 
multiplied the density-based carrying capacity by the geographical range size (A).
2.2.2.4 Dispersal variance (σd2)
The annual dispersal variance (σd2)  can be obtained from the median natal dispersal 
distance as follows (Pereira & Daily 2006):
(2.8)
where dm represents the median natal dispersal distance (km/generation) and 1/µ 
reflects the mean life span (Hendriks 2007), which was needed to convert the dispersal 
variance from units of km2/generation to units of km2/yr. 
We used allometric relationships of Bowman (2003), Hendriks et al. (2009) and San-
tini et al. (2013) to estimate the dispersal distance dm (Table 2.1). It was shown that the 
median dispersal distance (km/generation) of both birds and mammals is proportion-
ally related to the square root of home range size (HR, in km2):
(2.9)
where γH is the home range scaling coefficient (generation-1), which is equal to 12 for 
birds (Bowman 2003) and 5.6 for mammals (Santini et al. 2013). In turn, home range size 
(HR) has been related to body size by (Hendriks et al. 2009):
(2.10)
in which the home range is calculated using the inverse of the current population density 
(ND) and a correction factor for the number of individuals within a home range, which 
has been found to be 3 x mκ (Jetz et al. 2004). The median dispersal distance, and in turn 
the dispersal variance, is now solely dependent on body size.
2.2.2.5 Variance in intrinsic population growth rate (σr2)
Both Ginzburg et al. (1982) and Foley (1994) assume that environmental stochasticity 
dwarfs demographic stochasticity, so that the variance in intrinsic population growth 
rate represents environmental stochasticity only. By assuming Stratanovich-calculus in 
the stochastic fluctuations of the logistic population growth model, Hakoyama and Iwasa 
(2000) and Hakoyama and Iwasa (2005) showed that squared coefficient of variation 
(CV, dimensionless) of the size of a population equals the variance in intrinsic population 
growth rate divided by the intrinsic population growth rate of a species. The variance in 
intrinsic growth rate per unit of time can now be derived as follows:
 
(2.11)
The coefficient of variation CVN was found to be body size-independent (Sinclair 2003; 
Hendriks & Mulder 2012). From annual time series data of a wide variety of animal spe-
cies CVN has been estimated to range between 10% and 100% (Pimm, Jones & Diamond 
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1988; Lande, Engen & Saether 2003). In this study, we set CV to 0.1, 0.5 and 1.0 to repre-
sent weak, average and strong fluctuations in population sizes. 
2.2.2.6 Geographical range size (A)
In the literature we did not find an unambiguous allometric relationship between the 
geographical range size and body size, as both triangular (Gaston & Blackburn 1996; 
Hendriks et al. 2009) and quadrangular (Agosta & Bernardo 2013) relationships have 
been reported. Therefore, we decided not to rely on an allometric relationship. Instead, 
we determined the 5th, 50th and 95th percentiles of the range sizes within variably spaced 
logarithmic mass bins that included 50 data points each (see Appendix A: Figure A3). 
To this end, we used empirical geographical range size data from IUCN (2014) of 6082 
non-carnivorous birds, 1390 non-carnivorous mammals, 373 carnivorous birds and 436 
carnivorous mammals.
2.2.2.7 Critical population size (NC)
We set the critical population size at 500 individuals, because 500 individuals are gen-
erally thought of being sufficient for a population to avoid extinction due to genetic and 
demographic stochasticity in the long-term. With this number of individuals the evolu-
tionary potential is said to be maintained and the accumulation of deleterious genetic 
mutations to be avoided (Franklin 1980). 
2.2.2.8 Probability of moving outside a patch (α)
To reflect variability in dispersal tendency, we used three values for the probability that 
an individual at the native habitat boundary will move outside its native habitat. Similar 
to Pereira, Daily and Roughgarden (2004) and Pereira and Daily (2006), we used α = 0.5 
for species that are equally prone to stay within the habitat patch as to move outside it, α 
= 0.1 to cover species that avoid dispersing into non-native habitat and α = 0.9 for species 
that prefer dispersing away from their native habitat . 
2.2.3 Model application 
We calculated PE, MTE and CPS for terrestrial carnivorous and non-carnivorous mam-
mal and bird species by varying the body size from the smallest to the largest species 
for which geographical range size data was available (carnivorous birds: 0.041-11.3 kg; 
non-carnivorous birds: 0.002-111 kg; carnivorous mammals: 0.002-162 kg; non-carnivo-
rous mammals: 0.004-3825 kg). Thereby, we have covered most of the body size ranges 
of all terrestrial bird and mammal species in the world.
 
2.2.4 Model validation
We compared the extinction vulnerabilities predicted by our framework with the pro-
portion of extant threatened carnivorous and non-carnivorous birds and mammals. To 
this end, we collected data from IUCN (2014) on the Red List category and data from 
Jones et al. (2009) and Dunning (2007) on the body size of in total 371 carnivorous 
birds, 6069 non-carnivorous birds, 418 carnivorous mammals and 1337 non-carnivo-
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rous mammals. For each of the four species groups, we divided the observations into 12 
variably spaced logarithmic mass bins including an equal number of data points each 
and calculated the proportion of threatened species (i.e., IUCN categories “Vulnerable” 
to “Critically Endangered”) per bin. Next, we performed Spearman’s rank-order corre-
lation analyses using the midpoints of the mass bins to compare the predictions of the 
three indicators with the relative frequency of currently threatened species as listed by 
IUCN. Finally, to test the robustness of the approach, we repeated this procedure using 6 
and 24 variably spaced logarithmic mass bins including an equal number of data points 
each and mass bins including 50 data points each. All analyses were performed using the 
statistical software environment R, version 3.0.1 (R Core Team 2014), in which a locally 
weighted scatterplot smoothing (LOESS) was fit to the data.
2.3 Results
We found a positive relationship between probability of extinction (PE) and body size 
(Figure 2.1). For only carnivorous birds with small and median geographical range sizes, 
there was no consistent positive relationship between PE and body size: carnivorous 
birds at intermediate body sizes had lower PE than their smaller and larger counter-
Figure 2.1 | Probability of extinction (PE; dimensionless) in relation to body size of carnivorous and 
non-carnivorous birds (a) and carnivorous and non-carnivorous mammals (b) for CV set at 0.5. Lines 
represent the PE for species with median geographical range sizes and shaded areas represent the PE 
range for species with geographical range sizes between the 5th (upper border) and 95th percentiles 
(lower border). The results for PE with CV set at 0.1 and 1.0 can be found in Appendix A: Figure A4.
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parts, i.e., the relationship between PE and body size was multimodal with smallest 
PE at intermediate body sizes (Figure 2.1a). For mammals, PE tended to increase with 
body size irrespective of trophic habit or geographical range size (Figure 2.1b). Further, 
birds had systematically higher PE than mammals and the PE of carnivorous mammals 
was in general higher than that of non-carnivorous mammals of the same size. Mean time 
to extinction (MTE) was negatively related to body size (Figure 2.2), i.e., the larger the 
body size, the lower the MTE. For only carnivorous bird species there was no consistent 
negative relationship between MTE and body size: carnivorous birds at intermediate 
body sizes had higher MTE than their smaller and larger counterparts. In addition, MTE 
was systematically lower for carnivores than non-carnivores, and birds had systemat-
ically lower MTE than mammals with similar geographical range sizes and body sizes. 
Figures 2.3a-d show that the critical patch size was positively related with body size for 
both mammals and birds. Slopes ranged from 1.00 to 1.15 for non-carnivorous mam-
mals/birds and 1.13 to 1.27 for carnivorous mammals/birds that use only native habitat 
(group A), and slopes were equal to 1.00 for non-carnivorous mammals/birds and to 1.13 
for carnivorous mammals/birds that use both native and nonnative habitat (group B). 
The ratio of CPS to geographical range size (A) was also positively related to body size, 
i.e., the larger the body size, the larger the ratio (Figure 2.4). For only carnivorous bird 
species with small and median geographical range sizes was there no consistent positive 
Figure 2.2 | Mean time to extinction (MTE; years) in relation to body size of carnivorous and non-carni- 
vorous birds (a) and carnivorous and non-carnivorous mammals (b) for CV set at 0.5. Lines represent 
the MTE for species with median geographical range sizes and shaded areas represent the MTE range 
for species with geographical range sizes between the 5th (lower border) and 95th percentiles (upper 
border). The results for MTE with CV set at 0.1 and 1.0 can be found in Appendix A: Figure A5.
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Figure 2.3 | Critical patch size (CPS; km2) in relation to body size for carnivorous and non-car-
nivorous birds (a) and carnivorous and non-carnivorous mammals (b) of habitat affinity group A, 
and carnivorous and non-carnivorous mammals (c) and carnivorous and non-carnivorous birds 
(d) of habitat affinity group B for α set at 0.5. The results for CPS with α set at 0.1 and 0.9 can be 
found in Appendix A: Figure A6.
relationship between CPS/A and body size: carnivorous birds at intermediate body sizes 
had lower CPS/A than their smaller and larger counterparts. Carnivores systematically 
showed a larger CPS and CPS/A than their non-carnivorous counterparts, and birds had 
a systematically larger CPS and CPS/A than mammals of the same trophic group and size. 
Comparing Figures 2.3a-b and 2.4a-b with 2.3c-d and 2.4c-d indicates that species that 
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Figure 2.4 | The ratio of critical patch size to geographical range size (CPS/A; dimensionless) in relation 
to body size for carnivorous and non-carnivorous birds (a) and carnivorous and non-carnivorous mam-
mals (b) of group A dispersers, and carnivorous and non-carnivorous mammals (c) and carnivorous and 
non-carnivorous birds (d) of group B dispersers for α set at 0.5. Lines represent CPS/A for species with 
median geographical range sizes and shaded areas represent the CPS/A range for species with geograph-
ical range sizes between the 5th (upper border) and 95th percentiles (lower border). The results for CPS/A 
with α set at 0.1 and 0.9 can be found in Appendix A: Figure A7.
use both native and nonnative habitat (group B) had smaller CPS and CPS/A compared to 
species that use only native habitat (group A). 
The proportion of threatened species as listed by IUCN was positively related with 
body size (Figure 2.5). For only carnivorous birds there was no consistent positive 
relationship between the proportion of threatened species and body size, as the pro-
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Figure 2.5 | The proportion of threatened species as listed by IUCN in relation to body size (N = 12 
bins) for carnivorous birds (a), non-carnivorous birds (b), carnivorous mammals (c) and non-carnivorous 
mammals (d).
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portion of threatened species was smallest at intermediate body sizes. These patterns 
were independent of the number of mass bins in which the observations were divided 
into (Appendix A: Figures A8-10) and were comparable with the patterns found in all 
three modeled extinction indicators (Figures 2.1-2.4). Correlation coefficients between 
our modeled extinction indicators and the proportion of threatened species as listed by 
IUCN ranged between 0.66 and 0.96 for species with median geographical range sizes 
(N = 12 bins, P < 0.001-0.05; see Appendix A: Table A3 for the full results of the correla-
tion analyses). In contrast to our model results, the IUCN data showed that mammals in 
general had a larger proportion of threatened species compared to birds, and carnivores 
and non-carnivores were similar in their proportion of threatened species. 
2.4 Discussion
2.4.1 Interpretation
We combined PVA and allometric relationships to develop a framework that is able to 
quantify extinction vulnerability based on body size, and applied the framework to car-
nivorous and non-carnivorous birds and mammals. We found consistent results among 
the three indicators that we calculated. Large species were found to be more vulnerable 
to extinction than their smaller counterparts: larger species had higher probabilities of 
extinction, lower mean times to extinction and larger ratios of the critical patch size to 
the geographical range size. This can be explained by the allometric relationships pre-
dicting that species with a large body size have lower intrinsic population growth rates, 
smaller population sizes, lower carrying capacities and larger dispersal variances which, 
in turn, increase the importance of losses due to environmental stochastic effects and 
dispersal activities. 
These results are confirmed by findings of Pimm, Jones and Diamond (1988), McKinney 
(1997), Purvis et al. (2000), Cardillo et al. (2005), Davidson et al. (2009), Dirzo et al. 
(2014), and Pe’er et al. (2014). One exception to this general pattern was carnivorous 
birds, which showed the lowest extinction vulnerability at intermediate body sizes (0.2 
and 6 kg). Carnivorous bird species between 0.2-6 kg had relatively large geographical 
range sizes (Appendix A: Figure A3) and, hence, large current population sizes and car-
rying capacities, which reduces the extinction proneness (Purvis et al. 2000). The mul-
timodal pattern for carnivorous birds and the patterns of a monotonic nature for mam-
mals and non-carnivorous birds in our extinction risk indicators were confirmed by the 
proportion of extant threatened species as listed by IUCN. In addition, studies on fossil 
records found a size selectivity in historical extinctions towards larger-bodied species 
(Liow et al. 2008; Dirzo et al. 2014; but see Tomiya (2013) on extinctions at genus level).
In general, we found that birds were more vulnerable to extinction than mammals of 
the same size. The same was found for carnivorous birds and mammals compared to 
non-carnivorous birds and mammals, although differences were small. According to 
the allometric relationships used in this study, birds and carnivores have lower current 
population densities and density-based carrying capacities, yet similar intrinsic popula-
tion growth rates and variances in growth rate (Table 2.1). Smaller population sizes and 
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lower carrying capacities reduce the ability of species to withstand a series of bad years 
(Lande, Engen & Saether 2003), so that environmental stochastic effects have a greater 
influence on birds and carnivores than on mammals and non-carnivores of the same 
size. Further, birds and carnivores tend to have larger median dispersal distances (Table 
2.1), which result in large dispersal losses hence larger critical patch sizes. In accordance 
with these results, several studies have found that birds and carnivores are more prone 
to extinction than similar sized mammals and non-carnivores, respectively (McKinney 
1997; Purvis et al. 2000; Pe’er et al. 2014). However, IUCN Red List data showed that 
mammals are currently more threatened with extinction than birds, and that carnivores 
and non-carnivores have similar proportions of threatened species. These differences 
between IUCN data and our findings can be explained by the fact that our framework 
mainly captures intrinsic extinction vulnerability. Anthropogenic drivers of extinction, 
like habitat alteration, pollution and climate change, which might disproportionally 
affect certain species groups or body size ranges, are not yet included in the framework. 
Buchmann et al. (2013), for example, showed that mammals and larger species are more 
affected by habitat alteration than birds and smaller species, respectively. 
Our results also show that the extinction vulnerabilities of bird and mammal species 
that have median or larger geographical range sizes are relatively low, as we found prob-
abilities of extinction close to zero, mean times to extinction larger than 1020 yr, critical 
patch sizes smaller than 2 x 106 km2, and ratios of the critical patch size to the geograph-
ical range size close to zero. Species with small geographical range size were found to be 
more at risk, which is supported by findings of Purvis et al. (2000), Cardillo et al. (2005) 
and Davidson et al. (2009), who showed that threatened mammal and bird species as 
listed by the IUCN have much lower current suitable habitat areas and population den-
sities. However, the high PE we found for birds with small geographical range sizes was 
accompanied by an MTE of at least 1010 yr. This discrepancy between the two indicators 
can be explained by a difference in extinction threshold (Fujiwara 2007): in the MTE 
model of Foley (1994) this threshold is set at a population of 1 individual, whereas the 
PE model of Ginzburg et al. (1982) is based on a quasi-extinction threshold, which we set 
at 500 individuals to account for the effects of demographic and genetic stochasticity. In 
general, dividing CPS by A yielded larger values than the PE predictions which may be 
due to the methodology used here to arrive at an extinction indicator from CPS. Our CPS 
values and relationships between CPS and body size were similar to those found in Pe’er 
et al. (2014), who reported relationships between minimum area requirements and body 
size divided according to taxa and feeding guild based on a literature search covering 
216 terrestrial animal species from 80 studies. Furthermore, CPS values differed a factor 
0.2-90 (α=0.1), 0.04-6 (α=0.5) and 0.03-3 (α=0.9) from critical patch sizes estimated by 
multiplying the inverse of the current population density (ND) with a minimum viable 
population size of 200, as in Hendriks et al. (2009). This indicates that the CPS values 
found in this study are within realistic ranges. 
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2.4.2 Application
Given the high and increasing pressure of anthropogenic activities on global biodiver-
sity, there is an urgent need to better predict the vulnerability of species and/or species 
groups to extinction (Cardillo et al. 2005). As it is impossible to protect all species from 
extinction, policy makers and conservationists often prioritize seriously endangered 
species or areas that enclose many different species or a large number of vulnerable 
species (Wilson et al. 2011). The decision to select particular species or areas for con-
servation must be made carefully in light of information on as many species present as 
possible. Currently, however, extinction vulnerability estimates are lacking for a large 
number of species (Morais et al. 2013). Extinction vulnerability is typically quantified 
based on either detailed, complex matrix models or simpler, unstructured PVA models 
that include a minimum number of variables necessary to adequately assess a popu-
lation’s viability (Foley 2000; Iwasa et al. 2000). However, the major drawback of spe-
cies-specific population models, even the relatively simple ones, is that they are highly 
data-intensive. For example, reliable vital rate estimates are available for a few species 
only, illustrated by the Global Population Dynamics Database containing vital rate time 
series data for approximately 1800 species (Inchausti & Halley 2001), whereas there are 
over 1.2 million species listed in the Catalogue of Life and The World’s Register of Marine 
Species (Mora et al. 2011). This study provides a coherent analytical framework that 
quantifies extinction vulnerabilities using limited data. The comparison with the IUCN 
data indicates that the framework may be applied to obtain first estimates of the rela-
tive extinction risk of data-deficient species, so that conservation targets can be better 
set (Fagan et al. 2001; Trindade-Filho et al. 2012). Further, our framework can be used 
to assess changes in the extinction vulnerability due to extrinsic anthropogenic factors 
like habitat alternation, hunting, and climate change, by quantifying the effects of these 
anthropogenic drivers on current population sizes, carrying capacity and population 
growth rates.
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Abstract
 
Conservation planning and biodiversity 
assessments need quantitative targets to 
optimize planning options and assess the 
adequacy of current species protection. 
However, targets aiming at persistence re-
quire population-specific data, which limit 
their use in favor of fixed and nonspecific 
targets, likely leading to unequal distribution 
of conservation efforts among species. We 
devised a method to derive equitable popu-
lation targets; that is, quantitative targets of 
population size that ensure equal probabili-
ties of persistence across a set of species and 
that can be easily inferred from species-spe-
cific traits. In our method, we used models 
of population dynamics across a range of 
life-history traits related to species’ body 
mass to estimate minimum viable population 
targets. We applied our method to a range of 
body masses of mammals, from 2 g to 3,825 
kg. The minimum viable population targets 
decreased asymptotically with increasing 
body mass and were on the same order of 
magnitude as minimum viable population 
estimates from species- and context-specific 
studies. Our approach provides a compro-
mise between pragmatic, nonspecific popu-
lation targets and detailed context-specific 
estimates of population viability for which 
only limited data are available. It enables a 
first estimation of species-specific popula-
tion targets based on a readily available trait 
and thus allows setting equitable targets for 
population persistence in large-scale and 
multispecies conservation assessments and 
planning. 
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3.1 Introduction
A key goal in conservation biology is the protection of species to ensure stable and viable 
populations over time (Shaffer 1981). Quantitative conservation targets provide essen-
tial benchmarks to design effective conservation actions and evaluate the adequacy of 
current species protection (Tear et al. 2005; Sanderson 2006; Carwardine et al. 2009). 
Conservation targets that aim at population persistence can be expressed in terms of 
the minimum population size to be conserved because population size is a major deter-
minant of wildlife population persistence (Reed et al. 2003; Sanderson 2006). The min-
imum viable population (MVP) is a long-standing concept in conservation that can be 
defined as the population size below which extinction risks are deemed unacceptably 
high (Boyce 1992; Beissinger & McCullough 2002). The MVP is typically quantified on 
the basis of population viability analyses (PVAs), which are applied to estimate extinc-
tion probabilities based on long-term population data on wildlife demographic rates 
(Akçakaya & Sjögren-Gulve 2000). The MVP estimated through PVA has a certain prob-
ability to persist given its current growth rate, which ultimately depends on species’ 
life-history characteristics and environmental conditions (e.g., habitat, resources, and 
external pressures). Hence, these MVPs have a short temporal validity, are highly con-
text dependent, and are thus typically inapplicable to other conspecific populations. The 
applicability of an MVP derived via PVA for setting conservation targets has been ques-
tioned because of the limited availability of high-quality, population-specific input data. 
In fact, MVPs have been calculated for only a limited number of species, often those most 
studied (Flather et al. 2011).
The need to make rapid decisions about conservation targets for groups of species in 
large geographic areas has prompted interest in identifying robust, general rules of 
thumb (Clements et al. 2011). Some authors have recommended the use of a universal 
target of approximately 5000 individuals to ensure long-term persistence, irrespec-
tive of taxonomy, life-history traits, or environmental conditions (e.g., Traill et al. 2010; 
Brook et al. 2011; Clements et al. 2011). In contrast to the original MVP concept (Shaffer 
1981; Shoemaker et al. 2014), this target has been applied at the species level (Clements 
et al. 2011), regardless of populations’ spatial structure and connectivity (Akçakaya et 
al. 2011; Beissinger et al. 2011; McCarthy et al. 2011). Species persistence over time is, 
however, influenced by a number of factors, such as number and size of the populations, 
connections among them, probability of extinction and colonization events, and distri-
bution of threatening processes. Therefore, persistence targets should be applied at the 
population level (Di Marco et al. 2016). Estimates of MVP may vary greatly depending 
on species traits and environmental context; therefore, nonspecific population targets 
are likely to underestimate adequate protection levels for species that are extinction 
prone due to their life-history traits and to overestimate adequate protection levels for 
more stable populations and longer-lived species (e.g., Akçakaya et al. 2011; Flather et al. 
2011; Garnett & Zander 2011). Wilson et al. (2010) introduced the concept of equitable 
population targets for conservation, which are population sizes that have the same like-
lihood of persistence within a given time frame. However, their population targets were 
estimated using Lande’s (1993) equation of mean time to extinction, which was derived 
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theoretically and not supported empirically and yielded implausible MVP estimates for 
large species (e.g., approximately 1 Asian elephant [Elephas maximus] and 2 sambar deer 
[Rusa unicolor] for a 95% survival probability over 100 years [Wilson et al. 2010]). 
Body mass has been found to be an important predictor of species vulnerability in its 
capacity as a good proxy of International Union for Conservation of Nature threat status, 
probability of extinction, and critical patch size (Cardillo et al. 2005; Hilbers et al. 2016b), 
and has been used to explore conservation trade-offs in reserve-site selection (Kitzes & 
Merenlender 2013). This is because body mass is a good predictor of a number of life-his-
tory traits related to survival, reproduction, and spatial behavior (Savage et al. 2004b; 
Hendriks 2007; Santini et al. 2013). The influence of environmental stochastic effects 
on animal populations has been related to body mass as well, with larger species being 
less susceptible to fluctuations in environmental conditions (Sinclair 2003; Hilbers et 
al. 2016b). Given that animal demographic rates and their susceptibility to environmen-
tal stochasticity depend on body size, it can be expected that MVP targets are, at least 
partly, dependent on body size too. However, no one has so far systematically investi-
gated how conservation targets could be tailored to species’ body mass.
We aimed to derive a method to obtain equitable, life-history-informed population tar-
gets by developing and implementing allometric relationships for intrinsic growth rate 
and stochastic effects in models of population dynamics. We applied our method to obtain 
MVP targets for mammals for which sufficient data were available to derive allometric 
relationships for demographic parameters. We thus sought to fill  the gap between con-
text-specific estimates of population viability and fixed, nonspecific population targets 
for conservation application. Our targets differed fundamentally from MVP estimates 
based on PVAs because they were context independent in that they were based solely on 
intrinsic characteristics of the species. As such, as in the original definition of the MVP 
concept (Shaffer 1981; Shoemaker et al. 2014), the targets were based on the assumption 
that threats are absent or abated by protection so that the target population has a mean 
growth rate ≥0 (which is the desired outcome of conservation) that is still fluctuating 
due to genetic, demographic, and environmental stochasticity. Furthermore, our targets 
differed from fixed nonspecific targets because they were tailored to species’ biology 
and were applied at the population level.
3.2 Methods
We derived allometric relationships to estimate the maximum intrinsic population 
growth rate (rm) and its standard deviation (σr) while accounting for their uncertainty. 
We then used these 2 parameters in density-dependent population dynamics models to 
obtain equitable population targets for terrestrial mammal species. Finally, we com-
pared these MVP targets with species- and context-specific MVP estimates reported in 
the literature.
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3.2.1 Population models
It is widely recognized that there is no single best population dynamic model to describe 
actual population abundance fluctuations in time for all taxa (Brook, Traill & Bradshaw 
2006). Therefore, we used two logistic population-dynamics models that are commonly 
used for describing phenomenological time-series abundance data (Brook, Traill & Brad-
shaw 2006): 
Ricker logistic:     
(3.1)
and Gompertz logistic:
(3.2)
where Nt is the population size at time t (in number of individuals), rm is the intrinsic 
population growth rate (per unit of time), K is the carrying capacity (in number of indi-
viduals), and σr is the standard deviation of the intrinsic population growth rate rm, 
thus reflecting the effect of stochasticity on the realized growth rate. The term εt was 
assumed to represent Gaussian white noise (mean=0, variance=1).
3.2.2 Model parameterization
We used Bayesian inference to estimate rm and σr for each body mass while accounting 
for the uncertainty in the relationships by considering the full posterior distributions 
of the model coefficients. We collected rm and σr estimates and corresponding species’ 
body masses from Duncan, Forsyth and Hone (2007) and Brook, Traill and Bradshaw 
(2006), respectively, and fitted linear regression models between log10-transformed rm 
and σr and log10-transformed body mass. The σr estimates mainly reflected the influ-
ence of environmental stochasticity on population growth rate because demographic 
and genetic stochasticity were not explicitly taken into account by Brook, Traill and 
Bradshaw (2006). In a Bayesian framework, prior distributions reflect our prior knowl-
edge of a parameter before the analysis. Under Bayes’ rule, prior distributions are mod-
ified by the likelihood function to obtain the posterior distribution. Although a negative 
relationship has been demonstrated for both rm and σr with body size (Brook, Traill & 
Bradshaw 2006; Duncan, Forsyth & Hone 2007), the work that shows this was conducted 
with the same data sets we used here; therefore, the model coefficients of these negative 
relationships  could not be used to set informative priors. Thus, we used uninformative 
priors so that the posterior distribution of the parameters was determined by the likeli-
hood function. Prior distributions for the regression coefficients were set according to a 
normal distribution centered on 0 and with a variance of 31.6 (i.e., τ = 0.001). Similarly, 
the response variable was assumed to be normally distributed around the mean with a 
variance following a uniform distribution U(0,1). 
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We ran 3 Markov chain Monte Carlo (MCMC) tests of 5000 steps each. We combined the 
3 chains and used a thinning parameter of 10 to obtain 2 correlated sets of 1500 poste-
rior estimates of the regression coefficients (intercepts and slope [Appendix B: Figure 
B1]). We did not remove the burn-in portion of the chains; rather, we ran 5000 initial 
iterations for adaptation. Models were checked for parameter identifiability with cor-
relation plots between MCMC chains. The regression coefficients were used to estimate 
a distribution of rm and σr for each simulated body mass in the population models (see 
“Model simulations”).
3.2.3 Model simulations
We applied the 2 population models to body masses ranging from 2 g (Suncus etruscus) 
to 3,825 kg (Loxodonta africana), which correspond to the smallest and the largest extant 
terrestrial mammals, with a numerical simulation optimization routine (300 iterations 
per body mass). At each iteration, rm and σr were estimated by sampling the regression 
coefficients from the MCMC chains (see “Model parameterization”). This allowed us to 
account for the uncertainty in the regression estimates and consider a range of possible 
rm and σr for each body mass. The initial population size was assumed to be equal to 
the carrying capacity and thus reflected a situation in which an area was protected to 
conserve a certain target population size. The initial population size was varied until the 
species had a 95% probability of surviving for 100 years with an extinction threshold 
of 2 individuals. We used a time scale of 100 years here because it represents a typical 
relevant time frame in conservation policy and management (Frankham & Brook 2004; 
Brook, Traill & Bradshaw 2006; Shoemaker et al. 2014). We adopted a ceiling in each of 
the models of population dynamics whereby the population could only increase up to 
10% above carrying capacity. 
We also ran the simulations with an extinction threshold of 500 individuals to account 
for stochastic effects other than environmental stochasticity, such as demographic sto-
chasticity, Allee effects, and genetic drift (Franklin 1980; Hilbers et al. 2016b). Although 
our targets were based on the assumption that threats are abated by protection, we also 
simulated the influence of alleged unfavorable conditions on the MVP targets, which 
represented habitats of relatively low quality or external factors (e.g., human pressures 
or predation) that affect the growth rate of species, by applying population growth 
rates quantified as fractions (80%, 60%, 40%, 20%, and 0%) of the intrinsic population 
growth rate rm. The extreme condition of 0% of the intrinsic population growth rate also 
helped in the interpretation of the relationship between the MVP targets and body mass, 
because in this condition the MVP targets only depended on the standard deviation of 
the intrinsic population growth rate. The results from the 2 population-dynamic mod-
els were averaged to obtain consensus estimates. We derived a consensus model and 
considered individual population-dynamic models because we wanted to capture the 
uncertainty in model-derived MVP targets and to obtain a central tendency in MVP-tar-
get estimates.
We regressed the log10-transformed MVP targets against log10-transformed body 
masses and included a quadratic term to account for possible nonlinearity. We used the 
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corrected Akaike’s information criterion (AICc) to identify the most parsimonious models 
(intercept only, linear, or quadratic). We also compared the resulting regression model 
estimates for both thresholds and all growth-rate conditions with 135 species- and con-
text-specific MVP estimates for terrestrial mammals (obtained from Brook, Traill and 
Bradshaw [2006]). We did this for the MVP targets derived from the individual models of 
population dynamic and for the consensus estimates. Finally, we derived MVP targets for 
5261 terrestrial mammal species from  the consensus regression model based on body 
mass data from Wilman et al. (2014). We derived precautionary MVP targets to account 
for the uncertainty in the estimates by adopting the upper bound at 2 SD of the estimates 
(Appendix B: Table B1). All analyses were performed in R version 3.1.3 (R Core Team 
2014); the rjags package was used for the Bayesian inference (Plummer 2013). 
3.3 Results
The quadratic regression models had the lowest AICc in all cases (Appendix B: Table B2) 
and showed that MVP targets were negatively correlated with body mass (Figure 3.1, 
Appendix B: Figure B2). Relationships were nonlinear; MVP targets of heavier species 
declined less rapidly. Consensus MVP targets based on the intrinsic population growth 
rate ranged from 9 (3,825 kg) to 991 individuals (2 g). Including the influences of unfa-
vorable conditions on the intrinsic growth rates changed the population targets at 
these body masses to 10-1,678 (80% of rm), 11-4,731 (60% of rm), 14-41,219 (40% of rm), 
19-6.26 x 106 (20% of rm), and 103-7.87 x 1015 (0% of rm). As intrinsic population growth 
Table 3.1 | Regression modelsa of log10-transformed minimum viable population (MVP) targets 
against log10-transformed body masses (n=31) for different intrinsic growth-rate conditions 
reflecting the influence of low habitat quality or external factors (e.g., human pressures or preda-
tion).  
Conditionb Formula
rm  log 10 MVP = 1.51 - 0.38 ∙  log 10 m + 0.06  ∙  log 10 m 2 
80% of  rm  log 10 MVP = 1.67 - 0.41 ∙  log 10 m + 0.06  ∙  log 10 m 2 
60% of  rm  log 10 MVP = 1.93 - 0.48 ∙  log 10 m + 0.06  ∙  log 10 m 2 
40% of  rm  log 10 MVP = 2.35 - 0.63 ∙  log 10 m + 0.08  ∙  log 10 m 2 
20% of  rm  log 10 MVP = 3.21 - 0.99 ∙  log 10 m + 0.13  ∙  log 10 m 2 
0% of  rm  log 10 MVP = 5.46 - 2.62 ∙  log 10 m + 0.46  ∙  log 10 m 2 
aRegression models based on the outcomes of the consensus model with an extinction threshold of 2 individuals.
bThe rm is the intrinsic population growth rate (per year).
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Figure 3.1 | Minimum viable population (MVP) targets in relation to body mass for 6 different intrinsic 
growth rates (rm) (rm and 80% , 60%, 40%, 20%,  and 0% of rm ) that reflect the influence of low habitat quality 
or external factors (e.g., human pressures or predation). Targets are based on the consensus model with 
an extinction threshold of 2 individuals (points, mean of the population target; lines, fit through the mean; 
whiskers, 2 SD above and below the mean).
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rates decreased, the slopes of the relationships with body mass increased (Table 3.1). 
Using an extinction threshold of 500 individuals instead of 2 to account for stochastic 
effects other than environmental stochasticity resulted in similar slopes but systemat-
ically higher intercepts of the relationships (Appendix B: Figure B3): 2,734-6.88 x 105 
(rm),  2,934-1.32 x 106 (80% of rm), 3,240-4.18 x 106 (60% of rm), 3,779-3.75 x 107 (40% of 
rm), 4,523-3.34 x 108 (20% of rm), and 26,149-8.27 x 1017 (0% of rm). The MVP estimates 
from Brook, Traill and Bradshaw (2006) were higher than our MVP targets; approxi-
mately 1% of their estimates were below our targets based on rm, 75% of their estimates 
were in between our targets based on rm and 0% of rm, and 24% of their estimates were 
above our targets based on 0% of rm (Figure 3.2). 
3.4 Discussion
3.4.1 Interpretation
We combined models of population dynamics and allometric relationships to develop 
quantitative, body mass-specific conservation targets aiming to ensure population 
persistence. In contrast to universal targets (e.g., Clements et al. 2011), this approach 
ensures an equitable distribution of conservation efforts among populations of different 
species based on the same currency: the estimated probability of persistence. 
The MVP targets decreased asymptotically with increasing body mass, in contrast to 
the results of Traill, Bradshaw and Brook (2007), who argued that there are no adequate 
predictors of MVP. Possibly, the signal of body mass in their MVP estimates was masked 
because they did not control for the effects of anthropogenic pressures and they set MVP 
at a species-specific temporal scale of 40 generations rather than 100 years (Frankham 
& Brook 2004). We used a time frame of 100 years because this is a common long-term 
Figure 3.2 | Comparison of the regressions 
on the population targets from the consen-
sus model (lines, fit through the means; shad-
ing, 2 SD above and below the mean) with 
135 species- and context-specific minimum 
viable population (MVP) estimates (related to 
specific populations inhabiting certain areas) 
of terrestrial mammals obtained from Brook, 
Traill and Bradshaw (2006) (dots).
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horizon in conservation policy and management (Frankham & Brook 2004; Brook, 
Traill & Bradshaw 2006; Shoemaker et al. 2014). However, we acknowledge that 100 
years may be too short to obtain meaningful estimates of population extinction prob-
abilities of longer-lived species; therefore, we urge caution in the interpretation of our 
results for species with long generation lengths (Reed & McCoy 2014). 
The relationship we found between population targets and body size reflects the allo-
metric relationship between body size and a population’s susceptibility to environmen-
tal stochasticity, which predicts lower susceptibility to environmental stochasticity 
for larger species. Although larger species also have lower intrinsic population growth 
rates, which reduces a population’s ability to recover after a decline, the influence of 
environmental stochasticity becomes so small as body size increases that the probabil-
ity of severe losses within the time frame of 100 years is greatly reduced. Our results 
showed this occurred above a body mass of approximately 1 kg; MVP targets of larger 
species declined much less rapidly than smaller species; this is similar to allometric 
patterns found by Cardillo et al. (2005). 
The comparison with species- and context-specific MVP estimates from Brook, Traill 
and Bradshaw (2006) showed that the MVP targets we derived, obtained from rela-
tively simple allometric relationships, are on the same order of magnitude as MVP esti-
mates from species- and context-specific studies. However, our MVP targets were in 
general lower than the MVP estimates from Brook, Traill and Bradshaw (2006), espe-
cially for mammals larger than 1 kg. This can be explained by the fact that the mean 
population growth rates of the species in Brook, Traill and Bradshaw (2006) were in 
general smaller than or close to zero (approximately 45% ≤0 and approximately 90% 
<0.1), whereas we assumed mean growth rates ≥0 (which is the desired outcome of 
conservation). In addition, the maximum intrinsic population growth rate and its 
standard deviation of species populations may deviate from the values obtained with 
the allometric relationships because of trait variability (such as in longevity, generation 
length, and fecundity) at a given body mass.
A universal target of 5000 individuals to ensure species persistence for at least 100 
years, irrespective of taxonomy or life-history traits, has been previously proposed 
based on meta-analyses of MVP estimates (e.g., Traill et al. 2010; Brook et al. 2011; 
Clements et al. 2011). We have found no support for a universal MVP target, but, accord-
ing to our findings, 5000 individuals would be sufficient to guarantee the persistence of 
any population of terrestrial mammal species in habitat of sufficient quality in absence 
of human impacts or other factors causing deterministic declines. However, 5000 
individuals would be largely insufficient for populations of species of <1 kg (major-
ity of mammals) in poor-quality habitat (20% of rm and 0% rm). Moreover, when we 
accounted for stochastic effects other than environmental stochasticity, our approach 
predicted population targets that were consistently higher than a universal target of 
5000 individuals for species up to 50 kg. At the other extreme, large species in favorable 
environments were predicted to require only a small number of individuals to persist 
for 100 years, which is plausible given the long generation length that characterizes 
large mammals (Pacifici et al. 2013). These results highlight that in the absence of con-
text-specific MVP estimates there is added value in differentiating MVP according to 
body mass.
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3.4.2 Application
Our approach provides a coherent way to quantify population targets based on limited 
data. Our model does not provide an alternative to MVP estimates when sufficient popu-
lation-specific data are available; rather, it allows one to obtain a first approximation of 
equitable persistence targets that can be applied to individual populations in multispe-
cies conservation analyses. Our approach thus fills the gap between context-specific 
estimates of population viability and fixed, nonspecific population targets for conserva-
tion application. Given the scarcity of long-term population monitoring data required to 
obtain population-specific population parameters, we suggest our approach be used to 
establish tentative population targets for species conservation and recovery programs. 
In contrast to previously proposed targets for conservation (e.g., Traill et al. 2010; Brook 
et al. 2011; Clements et al. 2011), our targets should be applied to populations. In large-
scale conservation assessments or planning this can be achieved by focusing on clusters 
of habitat patches likely interconnected within a species range (Santini et al. 2014; Di 
Marco et al. 2016; Santini et al. 2016).
When data permit one to estimate a population- and context-specific MVP for a given 
species, our approach can be used to derive tentative estimates of MVP targets for co-oc-
curring species in order to achieve equitable protection assuming similar conditions. 
This would allow generating consistent and equitable population targets across popu-
lations of different species based on what is known of the environmental conditions in a 
region, the consequential population dynamics observed for some species, and the body-
mass distribution of the species. 
For example, the MVP of European bison (Bison bonasus) inhabiting Poland and Belarus 
is estimated at approximately 250 individuals based on a 95% probability of their sur-
viving for 100 years (Brook et al. 2002). According to our model, a local population of the 
gray wolves (Canis lupus) inhabiting the same area would then require 352 individuals 
in absence of human pressures to guarantee its persistence for 100 years. However, our 
model estimates come with an uncertainty interval that reflects the statistical uncer-
tainty in the allometric relationships and the stochasticity in population dynamics. This 
does not mean our targets are intrinsically more uncertain than others for which uncer-
tainty has not been quantified. Given the uncertainty in our population targets and the 
vulnerability of the species, we would opt for applying the precautionary principle and 
instead adopt the upper bound at 2 SD of the estimates to obtain a population target of 
540 gray wolves. 
Although species may differ in their response to external pressures, assuming similar 
conditions and growth potential might be an acceptable simplification in large-scale and 
multispecies conservation context. Nonetheless, our approach also allows one to assume 
lower maximum growth rates for a population of a particular species given unfavorable 
local conditions in order to obtain higher and more risk-adverse targets while assuring 
equitable protection across species. More generally, depending on local human pres-
sures and the risk-aversion level of managers, the estimates from our models for scaling 
MVP targets to body mass could be increased to buffer populations against unfavorable 
conditions, as shown by our simulations assuming low maximum growth rates. 
Our population targets can be translated into area targets by multiplying them by the 
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average local population density. Consequently, they can help inform conservation 
planning algorithms used to design networks of conservation areas that are adequate 
and efficient (Margules & Pressey 2000; Justus & Sarkar 2002) and address problems 
of conservation triage (Bottrill et al. 2008). A practical example is provided by species 
characterized by low density, such as the cheetah  (Acinonyx jubatus), which has a popu-
lation density of 0.01 individuals/km2 in well-managed areas and of high-quality habitat 
(Durant et al. 2015). We estimated an MVP target of 11-14 mature cheetahs, which would 
require 1400 km2 of high-quality and well-managed habitat to maintain a population for 
at least 100 years. For 5000 individuals (Traill et al. 2010; Clements et al. 2011), 500,000 
km2 (an area the size of Spain) would be needed. When average local population densities 
are unknown, allometric rules can be used instead. However, we urge caution in doing 
this because the relationship between population density and body mass may vary by up 
to 2 orders of magnitude for the same species in different environments (Silva & Down-
ing 1994).
Our relatively simple approach fills the gap between generic and fixed targets for pop-
ulation size on the one hand and data-hungry context-specific estimates on the other 
hand. It relies on allometric relationships between species life-history traits and body 
mass that determine species growth rates and its fluctuations and can thus be applied 
to a wide range of species. Our method accounts for stochastic effects and generation 
length and allows for adjustments given alleged unfavorable conditions and different 
precautionary levels. Our estimates can be used in conservation assessments and plan-
ning and allow one to optimize resources for conservation by avoiding overinvestment 
in species that require lower population targets and underinvestment in species that 
require larger targets.
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Abstract
 
Environmental pollution is an important driv-
er of biodiversity loss. Yet, to date, the effects 
of chemical exposure on wildlife populations 
have been quantified for only a few species, 
mainly due to a lack of appropriate laborato-
ry data to quantify chemical impacts on vital 
rates. In this study, we developed a method to 
quantify the effects of toxicant exposure on 
wildlife population persistence based on field 
monitoring data. We established field-based 
vital rate-response functions for toxicants, us-
ing quantile regression to correct for the influ-
ences of confounding factors on the vital rates 
observed, and combined the response curves 
with population viability modelling. We then 
applied the method to quantify the impact of 
DDE on three bird species: the white-tailed ea-
gle, bald eagle, and osprey. Population viability 
was expressed via five population extinction 
vulnerability metrics: population growth rate 
(r1), critical patch size (CPS), minimum viable 
population size (MVP), probability of popula-
tion extirpation (PE), and median time to pop-
ulation extirpation (MTE). We found that past 
DDE exposure concentrations increased pop-
ulation extirpation vulnerabilities of all three 
bird species. For example, at DDE concentra-
tions of 25 mg/kg ww egg (the maximum histor-
ic exposure concentration reported in literature 
for the osprey), r1 became small (white-tailed 
eagle and osprey) or close to zero (bald eagle), 
the CPS increased up to almost the size of Con-
necticut (white-tailed eagle and osprey) or West 
Virginia (bald eagle), the MVP increased up to 
approximately 90 (white-tailed eagle and os-
prey) or 180 breeding pairs (bald eagle), the PE 
increased up to almost certain extirpation (bald 
eagle) or only slightly elevated levels (white-
tailed eagle and osprey) and the MTE became 
within decades (bald eagle) or remained longer 
than a millennium (white-tailed eagle and os-
prey). Our study provides a method to derive 
species-specific field-based response curves of 
toxicant exposure, which can be used to assess 
population extinction vulnerabilities and obtain 
critical levels of toxicant exposure based on 
maximum permissible effect levels. This may 
help conservation managers to better design 
appropriate habitat restoration and population 
recovery measures, such as reducing toxicant 
levels, increasing the area of suitable habitat or 
reintroducing individuals. 
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4.1 Introduction
A key goal in conservation biology is the protection of species to ensure stable and viable 
populations (Shaffer 1981). This is challenging given the increasing human impact on 
the environment (Purvis & Hector 2000; Johnson et al. 2017). Environmental pollution 
has been identified as an important driver of current biodiversity loss, and its impact is 
stated to further increase in the future (Maxwell et al. 2016; Young et al. 2016). For exam-
ple, synthetic pesticides in agricultural practices are predicted to be increasingly used in 
the next decades because of climate change (Kattwinkel et al. 2011), potentially leading 
to large biodiversity losses (Beketov et al. 2013; Hallmann et al. 2014; Dudley et al. 2017). 
To conserve biodiversity more effectively, it is important to quantify the extinction vul-
nerability of species and populations due to chemical exposure (De Laender et al. 2014; 
Forbes et al. 2016).
Population viability analysis (PVA) is commonly used to identify and evaluate threats to 
populations or species and assess their extinction risk (Akçakaya 2000; Stephens 2016). 
Using PVA to assess the effects of chemicals on extinction risks is challenging because 
this requires species-specific data on the reduction of the intrinsic population growth 
rate due to chemical exposure. Chemical effect data are generally obtained via labora-
tory experiments. However, test results are often expressed as threshold values or point 
estimates (such as the no-observed-effect concentration), which do not provide adequate 
information for assessing population-level viability impacts (Forbes et al. 2016). Appro-
priate population-level laboratory data are available for a limited number of species only, 
mainly small invertebrates such as Daphnia brachyurum (Tanaka 2003), and only very 
few mammals and birds (Sibly et al. 2005; Dalkvist, Topping & Forbes 2009; but see, e.g., 
Roelofs et al. 2005). In addition, the artificial conditions in laboratory experiments and 
uncertain correction factors to extrapolate lab to field responses (Hill et al. 1994; Traas, 
Luttik & Jongbloed 1996; Chapman, Fairbrother & Brown 1998) have raised criticism of 
the use of laboratory data to investigate effects of chemical exposure on wildlife pop-
ulations (Chapman 1995; Power & McCarty 1997). As an alternative, field monitoring 
data may be used (Blus & Henny 1997). However, this requires an appropriate way to 
correct for the confounding influences of other environmental factors on the organisms’ 
response (Cade & Noon 2003; Schipper et al. 2014; Van Goethem et al. 2015).
The main objective of this study was to develop and apply a method to quantify the 
effects of toxicant exposure on wildlife population extinction vulnerability. The method 
integrates population viability modelling with field-based exposure-response curves 
that relate vital rates (reproduction and survival success) to toxicant exposure levels. 
To illustrate the method, we quantified the influence of p,p’-dichlorodiphenyldichloro-
ethylene (DDE), a metabolite of the organochlorine insecticide DDT, on the reproduction 
success and extirpation vulnerability of the white-tailed eagle (Haliaeetus albicilla), the 
bald eagle (Haliaeetus leucocephalus) and the osprey (Pandion haliaetus). DDE has been 
a major cause of declines of several populations of bird species (Carson 1962; Fry 1995; 
Schipper et al. 2013). With legislated restrictions on usage of DDT in the 1970s, envi-
ronmental concentrations decreased substantially, leading to partial recovery of popu-
lations (Grier 1982; Best et al. 2010; Dykstra et al. 2010). However, some populations in 
a few regions did not increase as rapidly, primarily due to the high persistency of DDE 
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(Grier 1982; Dykstra et al. 2010). Over the past 40 yr, several field studies have been con-
ducted to investigate the effects of DDE on populations of the white-tailed eagle, bald 
eagle, and osprey, resulting in a large availability of field monitoring data suited to derive 
exposure-response curves representing toxicant impacts on reproduction. We used these 
response curves to quantify five population extinction vulnerability metrics in relation to 
increasing DDE concentrations: the population growth rate, the critical patch size (CPS), 
the minimum viable population (MVP), the probability of population extirpation (PE), 
and the median time to population extirpation (MTE). The population growth rate, CPS 
and MVP are context-independent measures of population viability in the sense that they 
can be quantified based on species’ intrinsic life-history characteristics and responses 
to toxicants (such as DDE) without the need to account for population-specific circum-
stances (e.g., habitat, resources, and other external pressures). Hence, they can be used as 
first-tier species-specific vulnerability indicators in absence of population-specific data 
on for example carrying capacity and current population size. PE and MTE are popula-
tion-specific viability measures that enable us to explore population viability in relation 
to toxicant exposure conditional on a given population size and carrying capacity. Apart 
from quantifying these five metrics in relation to increasing concentrations of DDE for 
each of the three species, we also collected DDE exposure measurements as reported for 
specific populations and assessed corresponding extirpation vulnerability.
4.2 Methods
4.2.1 Field-based exposure-response curves
Toxicant effects on vital rates (reproduction and survival) are usually reported sepa-
rately (Hendriks & Enserink 1996; Hendriks et al. 2005) and can be quantified using the 
Hill equation (Hill 1910):
(4.1)
in which y is defined as the response (i.e., reproductive or survival success between 0 
and 1), C50 is defined as half the maximal effective concentration or inflection point of the 
curve (e.g., EC50 for reproductive success and LC50 for survival success), C is the chemical 
exposure concentration, and β is the Hill slope coefficient which reflects the steepness of 
the curve. To derive exposure-response curves from field data we use quantile regres-
sion, which can be applied to filter out the influences of confounding environmental fac-
tors on field observations (Cade & Noon 2003; Iwasaki & Ormerod 2012; Van Goethem et 
al. 2015). Most regression techniques relate changes in the mean of a response variable to 
one or more explanatory variables. With quantile regression, any part of the distribution 
of a variable can be used as response (Cade & Noon 2003). Quantile regression based on 
one of the upper boundaries of the response variable distribution (e.g., the 95th quantile) 
is expected to show the constraints imposed by the explanatory environmental variable 
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of concern, such as chemical exposure (Cade & Noon 2003; Iwasaki & Ormerod 2012). 
Therefore, we retrieved the exposure-response curves by fitting sigmoid curves (Eq. 
4.1) through the 95th percentile of field data on vital rates (reproduction and survival) in 
relation to contaminant exposure.
4.2.2 Population extinction vulnerability indicators
4.2.2.1 Population growth rate (r1)
By definition, the population growth rate of species in a closed system depends on the 
reproduction and survival success of the population. The growth rate for a population 
exposed solely to toxicants can then be obtained by combining the reproduction and sur-
vival success with the intrinsic population growth rate (rmax) and generation time (τg) of 
a species (Hendriks et al. 2005; Korsman et al. 2012):
(4.2)
Similarly, toxicants reduce the carrying capacity (K) of populations. The toxicant-induced 
reduction of the carrying capacity of a population can be obtained via (Hakoyama, Iwasa & 
Nakanishi 2000; Nakamaru, Iwasa & Nakanishi 2003; Hendriks et al. 2005):
(4.3)
In turn, chemical exposure will affect the CPS, MVP, PE, and MTE of species populations 
via the impact on the population growth rate r1 and K.
4.2.2.2 Critical patch size (CPS)
The CPS is the minimum habitat size required for population persistence. To determine 
the CPS, we used the demographic model of Pereira, Daily and Roughgarden (2004), of 
which predictions have been shown to significantly correlate with IUCN Red List threat 
status (Pereira, Daily & Roughgarden 2004; Pereira & Daily 2006; Hilbers et al. 2016b). 
The model presumes that population extinction is in essence a deterministic event pri-
marily driven by habitat area. Due to edge effects, the per capita loss of individuals via 
dispersal into non-suitable habitat increases when habitat area decreases. Local extir-
pation occurs when the habitat area is so small that the intrinsic population growth rate 
is not able to compensate for dispersal losses (Skellam 1951). This means that there is a 
minimum area of native habitat, the CPS, below which a population will decline to extir-
pation due to individuals dispersing into non-suitable habitat (Pereira, Daily & Rough-
garden 2004; Pereira & Daily 2006):
(4.4)
where α is the probability of a species moving outside of a native habitat patch at the 
habitat border (dimensionless), r1 is the population growth rate inside the native habitat 
patch (per unit of time, Eq. 4.2), r2 is the population growth rate outside the native hab-
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itat patch (per unit of time), σd2 is the dispersal variance (km2 per unit of time), L is the 
diameter of the circular patch of native habitat (km), Jn and Kn are Bessel functions of the 
first and second kind of order n respectively, and j0 represents the smallest positive root 
of the Bessel function J0(x).
4.2.2.3 Minimum viable population (MVP)
The MVP is the minimum number of individuals within a population required for a cer-
tain probability of persistence over a given time frame. To obtain the MVP, we followed 
the approach of Brook, Traill and Bradshaw (2006) and Hilbers et al. (2016a) by varying 
the initial population size until the species population had a 95% probability of surviving 
for 100 yr. Here, we set the population extinction threshold at 50 individuals to account 
for stochastic effects other than environmental and demographic stochasticity, such as 
Allee effects and short-term genetic inbreeding (Franklin 1980; Lande, Engen & Saether 
2003), and used the Ricker-logistic population-dynamic model that is commonly used to 
describe phenomenological time-series abundance data (Brook, Traill & Bradshaw 2006):
(4.5)
where Nt is the population size at time t (in number of individuals), r1(C) is the popu-
lation growth rate (per unit of time, Eq. 4.2), K(C) is the carrying capacity (in number 
of individuals, Eq. 4.3), and σr is the standard deviation of the population growth rate, 
thus reflecting the effect of stochasticity on the realized growth rate. The term εt was 
assumed to represent Gaussian white noise (mean = 0, variance = 1). Following Hilbers 
et al. (2016a), we assumed the initial population size to be equal to the carrying capacity, 
reflecting a situation in which a healthy population is exposed solely to toxicants, and 
adopted a ceiling in the Ricker-logistic model whereby the population could only increase 
up to 10% above carrying capacity. 
4.2.2.4 Probability of population extirpation (PE)
The PE is the probability that a population will go extinct within a given time frame. To 
calculate PE, we used Eq. 4.5 to simulate the population for 100 yr starting from a current 
population size, and recorded the proportion of 1,000 iterations during which the popu-
lation dropped below the population extinction threshold of 50 individuals. Similarly to 
MVP, we adopted a ceiling in the Ricker-logistic model whereby the population could only 
increase up to 10% above carrying capacity.
4.2.2.5 Median time to population extirpation (MTE)
The MTE is the median time (in years) it takes a population to go extinct. To calculate 
MTE, we used Eq. 4.5 to simulate the population starting from a current population size, 
and recorded the median time of 1,000 iterations at which the population dropped below 
the population extinction threshold of 50 individuals. We ran the simulations for a max-
imum time of 1,000 yr and for all simulations where the population still existed after 
1,000 yr, the time of population extirpation was set at an arbitrary high value of 100,000 
yr. Similarly to MVP and PE, we adopted a ceiling in the Ricker-logistic model whereby the 
population could only increase up to 10% above carrying capacity.
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4.2.3 Application 
4.2.3.1 Model parameterization
To illustrate the method, we applied it to calculate the impact of DDE on the local extir-
pation vulnerability of three bird species: the white-tailed eagle, the bald eagle, and the 
osprey. Following, e.g., Korsman et al. (2012), Nakamaru, Iwasa and Nakanishi (2003), 
and Schipper et al. (2013), we assumed that exposure to past and current prevailing 
environmental concentrations of DDE affects the fertility of these species (via abnormal 
breeding and eggshell thinning) rather than their survivorship. To parameterize Eq. 4.1, 
we first gathered field data reported in the literature to quantify the effects of DDE expo-
sure (in mg/kg wet weight egg) on the reproduction success of the bird species (Appen-
dix C: Data C1). As a proxy for reproduction success, we used the number of fledglings 
per nest divided by the reported species-specific maximum number of young (569 out of 
586 records), or the total number of successfully hatched eggs divided by the total clutch 
size (17 out of 586 records). In the quantile regression analyses, we weighted each obser-
vation (Appendix C: Data C1) based on the number of active nests investigated for repro-
duction success (Nnests) and the number of eggs measured for DDE concentrations (Neggs):
(4.6)  Weighting Factor =
Thus, we assigned larger weights to observations that were based on a larger number of 
active nests and/or a larger number of eggs with DDE measured. To quantify the intrinsic 
growth rate (rmax) of populations in optimal conditions without density limitation and 
the generation time (τg), needed to translate impacts on reproduction success to impacts 
on the population growth rate (Eq. 4.2), we used species-specific empirical data (Table 
4.1). 
The intrinsic growth rate of populations within an unsuitable area (r2), needed to esti-
mate the CPS, was set equal to the natural mortality rate of each species (μ), similar to 
Pereira, Daily and Roughgarden (2004). This assumption implies that a species is able to 
survive yet unable to reproduce in unsuitable areas outside the patch. The mortality rate 
was derived from literature data on lifespan (Table 4.1), as the natural mortality rate is 
the inverse of the average lifespan of a species. The probability of an individual moving 
outside the native patch α was set at 0.5, indicating that a species is equally prone to stay 
within the patch as to migrate to nonnative areas (following Pereira, Daily & Rough-
garden 2004; Pereira & Daily 2006; Hilbers et al. 2016b). Finally, by assuming Gaussian 
dispersal, the dispersal variance (in km2) was estimated following Pereira and Daily 
(2006):
(4.7)
where 1/μ reflects the average life span (in years) and dm (in km/generation) is the median 
natal dispersal distance. Both parameters were derived from literature (see Table 4.1). 
We also used species-specific empirical data on the standard deviation of the intrinsic 
population growth rate (σr) needed to estimate the MVP, PE and MTE (Table 4.1). To 
ensure that σr reflects environmental stochasticity, we derived empirical σr-values using 
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population growth rate dynamics of populations larger than 50 individuals (Franklin 
1980; Lande, Engen & Saether 2003). To account for demographic stochasticity, we sam-
pled the population size at time t+1 from a Poisson distribution (Bonsall & Hastings 2004; 
Melbourne & Hastings 2008). As the current population size and the carrying capacity 
of populations are context-dependent, we used two scenarios in the estimation of PE and 
MTE, with the carrying capacity without toxicant exposure K(0) set equal to 500 or 5000 
individuals (around the range of values reported in literature; Fraser et al. 1996; Watts, 
Therres & Byrd 2008; Krüger, Grünkorn & Struwe-Juhl 2010; Sulawa et al. 2010; Wahl & 
Barbraud 2014) and the current population size set equal to the carrying capacity K(C) 
at the start of the simulations. Similar to MVP, this reflects a situation in which a healthy 
population is exposed solely to toxicants and thus enables to explore the changes in the 
response of population viability due to toxicant exposure.
4.2.3.2 Model simulations
To account for the uncertainty in the exposure-response relationships and the spe-
cies-specific demographic parameters, we considered a range of possible reproduction 
success values per DDE exposure concentration and a range of possible rmax, σr, 1/μ, dm 
and τg values. To this end, we constructed confidence intervals around the exposure- 
response relationships. Furthermore, Student’s t-distributions were implemented to 
reflect the uncertainty in the average of the log-transformed demographic parameters, 
as derived from literature (Table 4.1). Then, we calculated r1(C), K(C), CPS, MVP, PE, and 
MTE of the three bird species in 1,000 iterations in which the reproduction success for 
specific DDE concentrations and the demographic parameters were randomly sampled 
from their intervals and distributions, respectively. We restricted the random sampling 
so that the average life span was always greater than the generation time of the species, 
and the median natal dispersal distance, the intrinsic growth rate of populations and its 
standard deviation were always greater than zero. 
To assess the contribution of the uncertainty in the exposure-response relationships and 
the species-specific demographic parameters to CPS, MVP, PE, and MTE, we calculated 
Spearman rank correlation coefficients between the population extinction vulnerability 
Table 4.1 | Parameters used in the estimation of the population extinction vulnerabilities of the three bird 
species.†
Species
rmax σr maxyng dm     1/µ        τg
per year per year - in km in years in years
White-tailed 
eagle
t(0.12,3,0.06)‡ t(0.05,6,0.02)‡ 1.76 t(78.1,6,27.9)‡ t(22.8,6,4.3)‡ t(14.4,3,2.3)‡
Bald eagle t(0.15,7,0.08)‡ t(0.14,7,0.19)‡ 2.22 t(73.4,8,17.5)‡ t(17.9,7,4.4)‡ t(10.3,5,3.6)‡
Osprey t(0.23,2,0.08)‡ t(0.06,6,0.01)‡ 2.00 t(152.1,6,183.0)‡ t(22.7,8,2.6)‡ t(9.4,3,2.1)‡
Notes: Parameters are rmax, the intrinsic population growth rate; σr, the standard deviation of the population growth rate; 
maxyng, the maximum number of young; dm, the median natal dispersal distance; 1/μ, the average life span; and τg, the genera-
tion time.
†  See Appendix C: Table C1 for the reference list 
‡ Student’s t-distribution: t(mean, degrees of freedom, standard deviation)
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indicators and each of the uncertain parameters based on the 1,000 iterations using a DDE 
range of 0 - 73 mg/kg ww egg (i.e., the maximum measured DDE concentration in white-
tailed eagle eggs). 
Finally, we used the models to quantify the population growth rate, CPS, MVP, PE and 
MTE for several populations of the three species, based on the median DDE exposure con-
centration per population as reported in the literature. We also compared our predicted 
population growth rate estimates for these populations with observed population growth 
rates in corresponding regions as derived from literature. To obtain observed population 
growth rates, we calculated ln(Nt+1/Nt) by using census data (Appendix C: Table C2) on 
the population sizes in the year(s) at which DDE exposure concentrations were measured 
(Nt) and the consecutive year(s) (Nt+1). We then averaged the observed population growth 
rates over the year(s) at which DDE exposure concentrations were measured to obtain 
one estimate per population. All analyses were performed using the statistical software 
environment R, version 3.1.3 (R Core Team 2017), in which the “quantreg” package was 
used for the quantile regression analyses (Koenker 2013).
4.3 Results
4.3.1 Exposure-response relationships
Considerable variation in reproductive success was observed in relation to DDE expo-
sure concentrations, especially for the bald eagle and the osprey, where reproductive 
success ranged between 0 and 1 up to concentrations of 10 mg/kg wet weight (ww) egg 
(Figure 4.1). Yet, the quantile regression analyses produced highly significant chemical 
exposure-response relationships for all three bird species. EC50 values of the exposure- 
response curves for DDE overlapped between the three species with 12.0 (95% confidence 
interval 6.9 – 29.2) mg/kg ww egg for the bald eagle, 14.4 (9.4 – 35.2) mg/kg ww egg for 
the osprey, and 17.3 (11.0 – 32.8) mg/kg ww egg for the white-tailed eagle (Table 4.2). The 
Hill coefficient, which reflects the steepness of the exposure-response relationships, was 
different between the three species with -0.65 (-0.53 to -0.77) for white-tailed eagle, -0.84 
for the bald eagle (-0.76 to -0.93), and -2.02 (-1.61 to -2.05) for the osprey. 
4.3.2 Population extinction vulnerability indicators
DDE exposure increased the population extinction vulnerability of all three bird species 
(Figure 4.2). For example, at DDE concentrations of 25 mg/kg ww egg (the maximum DDE 
concentration reported in the literature for the osprey), population growth rates became 
small (white-tailed eagle and osprey) or close to zero (bald eagle), the CPS increased up 
to almost the size of Connecticut  (white-tailed eagle and osprey) or West Virginia (bald 
eagle), the MVP increased up to approximately 90 breeding pairs (white-tailed eagle and 
osprey) or 180 breeding pairs (bald eagle), the PE increased up to almost certain extirpa-
tion (bald eagle) or only slightly elevated levels (white-tailed eagle and osprey), and the 
MTE became within decades (bald eagle) or remained longer than a millennium (white-
tailed eagle and osprey).
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The uncertainty in the CPS of the white-tailed eagle was mostly caused by the uncer-
tainty in the intrinsic population growth rate (rmax), the uncertainty in the CPS of the 
bald eagle was mainly caused by the uncertainty in the DDE exposure-response relation-
ship (E-R), whereas for the osprey the uncertainty in the median dispersal distance (dm) 
was the dominant source of uncertainty for the CPS (Figure 4.3). The uncertainty in the 
MVP of the three bird species was found to be mainly caused by the uncertainty in the 
standard deviation of the intrinsic growth rate (σr), whereas the uncertainties in the PE 
and MTE of the three bird species were found to be mostly caused by the uncertainty in 
the DDE exposure-response relationships (E-R).
Figure 4.1 | The exposure-response relationships between reproduction success (dimensionless) and 
DDE concentration (mg/kg ww egg) for the white-tailed eagle, bald eagle, and osprey. The relationships 
for the bald eagle and osprey were extrapolated (transparent lines) to a DDE concentration of 73 mg/kg 
ww egg (i.e., the maximum measured DDE concentration in white-tailed eagle eggs) to improve compari-
son among the species. Points represent the field data in which the size reflects the weighting factor (i.e., 
the larger the point, the higher the weighting factor), solid lines represent the quantile regression fit and 
dashed lines represent the confidence interval of the quantile regression fit. EC50 is defined in Methods: 
Field-based exposure-response curves.
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Figure 4.2 | Population growth rate, critical patch size (CPS), minimum viable population (MVP), probability of 
population extirpation (PE), and median time to population extirpation (MTE) for carrying capacity without tox-
icant exposure (K(0)) set equal to 500 individuals in relation to DDE exposure concentration (mg/kg ww egg) for 
the white-tailed eagle, bald eagle and osprey. The relationships for the bald eagle and osprey were extrapolated 
(transparent lines and areas) to a DDE concentration of 73 mg/kg ww egg (i.e., the maximum measured DDE 
concentration in white-tailed eagle eggs) to facilitate comparison among the species. Lines represent loess fits 
through the medians with dots reflecting the DDE concentrations at which growth rates become negative and 
MVP and CPS estimates go to infinity. Shaded areas represent the area between the 10th and 90th percentiles of 
the estimates. The results for PE and MTE with K(0) set equal to 5000 individuals can be found in Appendix C: 
Figure C1.
Table 4.2 |  Summary of the exposure-response relationships and the critical levels for DDE based on a 
number of maximum permissible effect levels: at which the population growth rate is lower than 25%  
of the intrinsic population growth rate, the CPS is >20,000 km2, the MVP is >250 individuals, the PE is >5% 
and the MTE is <100 years.
Species EC50 β
DDE concentrations (in mg/kg ww egg)
r1 = 25% of 
rmax
CPS = 
20,000 km2
MVP =  
250 ind.
PEK(0)=500  
= 0.05
PEK(0)=5000  
= 0.05
MTEK(0)=500 
= 100 yr
MTEK(0)=500 
= 100 yr
White-
tailed 
eagle
17.3 
(11.0 – 32.8)
-0.65 
(-0.53 – -0.77)
66 
(17 – †)
44 
(7 – †)
69 
(15 – †)
36 
(11 – †)
† 
(32 – †)
60 
(19 – †)
† 
(34 – †)
Bald 
eagle
12.0 
(6.9 – 29.2)
-0.84 
(-0.76 – -0.93)
23 
(11 – †)
16 
(6 – 50)
14 
(2 – 46)
12 
(5 – 32)
32 
(15 – †)
19 
(9 – 51)
34 
(16 – †)
Osprey
14.4 
(9.4 – 35.2)
-2.02 
(-1.61 – -2.05)
27 
(12 – †)
29 
(12 – †)
31 
(15 – †)
25 
(14 – 69)
35 
(18 – †)
28 
(15 – †)
37 
(18 – †)
Notes: Parameters are EC50, half the maximal effective concentration or inflection point of the curve for reproductive success; 
β, Hill slope coefficient; r1,population growth rate; CPS, critical patch size; MVP, minimum viable population; K(0), carrying 
capacity without toxicant exposure; PEK(0), probability of extirpation starting at carrying capacity; MTEK(0), time to population 
extirpation starting at carrying capacity. The 95% confidence interval for EC50 and β and the10th and 90th percentile for the 
population extinction vulnerability indicators are given in brackets.† Indicates that the population extinction vulnerability 
indicator did not reach the maximum permissible effect level.
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Figure 4.3 | Spearman rank correlation coefficients between CPS, MVP, PE, and MTE and the model 
parameters: the exposure-response relationship (E-R), the generation time (τg), the intrinsic population 
growth rate (rmax), the standard deviation of the intrinsic population growth rate (σr), the median disper-
sal distance (dm) and the lifetime (1/μ). For PE and MTE, the two scenarios for the current population size 
and carrying capacity without toxicant exposure were grouped together as we found little difference in 
correlation coefficients between the scenarios (Appendix C: Figure C2).
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Table 4.3 | The population extinction vulnerability indicators calculated for several populations of the three 
birds species based on the median DDE concentrations measured in eggs
R
egion
T
im
e period
D
D
T ban
N Conc. (m
g/kg 
w
w
)
r
1  (yr
-1)
CPS (km
2)
M
V
P (ind.)
PE
K
(0) = 5
0
0  (-)
PE
K
(0) = 5
0
0
0  (-)
M
T
E
K
(0) = 5
0
0  
(yr)
M
T
E
K
(0) = 5
0
0
0  
(yr)
R
eference
White-tailed eagle
Baltic Sea 
coast, 
Sweden
1965-
2005
1970 47 10.8
0.071 
(0.034–
0.128)
8,062 
(3,262–
24,219)
163 
(130– 
228)
0.00 
(0.00–
0.04)
0.00 
(0.00–
0.00)
>1,000 
(772–
>1,000)
>1,000 
(>1,000–
>1,000)
Helander, 
Bignert and 
Asplund 
(2008)
Baltic Sea 
coast, 
Sweden
1965-
1997
1970 78 18.7
0.061 
(0.023–
0.111)
10,546 
(3,733–
42,063)
176 
(135–
263)
0.01 
(0.00–
0.43)
0.00 
(0.00–
0.00)
>1,000 
(118–
>1,000)
>1,000 
(>1,000–
>1,000)
Helander  
et al. 
(2002)
Quarken 
area of 
the Gulf of 
Bothnia, 
Finland
1974-
1978
1970 1 38.1
0.041  
(-0.000– 
0.100)
17,907 
(4,800–
9,117, 
199)
203 
(144–
394)
0.07 
(0.00–
0.69)
0.00 
(0.00–
0.69)
736 (2–
>1,000)
>1,000 
(2–
>1,000)
Koivusaari 
et al. (1980)
Bald eagle
Michigan 
and Ohio, 
USA
1986-
2000
1972 157 1.5
0.115 
(0.084–
0.158)
6,040 
(3,586–
9,885)
166 
(136–
244) 
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Best et al. 
(2010)
Hood Ca-
nal, USA
1992-
1997
1972 13 1.8
0.113 
(0.083–
0.148)
6,204 
(3,768–
10,153)
168 
(137–
250)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Mahaffy et 
al. (2001)
Southern 
Coast of 
British 
Columbia, 
Canada
1992 1972 4 1.8
0.112 
(0.080–
0.146)
6,161 
(3,873–
10,288)
168 
(137–
251)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Elliott et al. 
(1996)
Upper 
Midwest, 
USA
2006-
2008
1972 4 2.0
0.111 
(0.079–
0.149)
6,407 
(3,835–
10,650)
168 
(138–
253)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Dykstra et 
al. (2010)
Wisconsin, 
USA
1980-
1983
1972 28 2.1
0.110 
(0.080–
0.146)
6,368 
(3,903–
11,238)
169 
(138– 
256)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Arizona, 
USA
1982-
1984
1972 4 2.4
0.108 
(0.078–
0.147)
6,517 
(3,786–
11,071)
171 
(139–
262)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Pacific 
Coast, 
Canada
1991-
1995
1972 8 3.0
0.100 
(0.069–
0.140)
7,188 
(4,171–
12,831)
174 
(140–
272)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Elliott, 
Moul and 
Cheng 
(1998); 
Elliott and 
Norstrom 
(1998)
Outside 
Hood 
Canal, USA
1992-
1997
1972 5 3.2
0.103 
(0.073–
0.143)
6,975 
(4,030–
12,066)
176 
(141–
276)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Mahaffy et 
al. (2001)
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D
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N Conc. (m
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kg w
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)
r
1  (yr
-1)
CPS (km
2)
M
V
P (ind.)
PE
K
(0) = 5
0
0  
(-)
PE
K
(0) = 5
0
0
0  
(-)
M
T
E
K
(0) = 
500  (yr)
M
T
E
K
(0) = 
5000  (yr)
R
eference
Ohio, 
USA
1981-
1984
1972 4 4.4
0.094 
(0.062–
0.136)
7,836 
(4,336–
15,056)
183 
(144–
289)
0.00 
(0.00–
0.03)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Chesa-
peake Bay, 
USA
1980-
1984
1972 15 4.4
0.094 
(0.062–
0.136)
7,836 
(4,336–
15,056)
183 
(144–
289)
0.00 
(0.00–
0.03)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Oregon, 
USA
1980-
1983
1972 7 6.6
0.082 
(0.048–
0.122)
9,365 
(5,320–
20,374)
197 
(150–
336)
0.00 
(0.00–
0.16)
0.00 
(0.00–
0.00)
>1,000 
(378–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Maine, 
USA
1980-
1984
1972 11 8.3
0.076 
(0.040–
0.115)
10,883 
(5,384–
26,818)
209 
(154–
373)
0.00 
(0.00–
0.37)
0.00 
(0.00–
0.00)
>1,000 
(169– 
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Stafford 
(1993)†
Osprey
Darwin 
Nature 
Reserve, 
Russia
1992 1970 10 0.3
0.222 
(0.157–
0.332)
1,757 
(336–
8,784)
110 
(97–
129)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Henny, 
Galush-
in and 
Kuznetsov 
(1998)
Seahorse 
Key, USA
1972 1972 1 0.3
0.220 
(0.142–
0.340)
1,763 
(319–
9,678)
110 
(97–
129)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Szaro 
(1978)
Chesa-
peake Bay, 
USA
2000-
2001
1972 5 0.5
0.223 
(0.152–
0.336)
1,807 
(353–
9,080)
110 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Rattner et 
al. (2004)
Delaware 
River and 
Bay, USA
2002 1972 4 0.8
0.218 
(0.142–
0.321)
1,793 
(359–
10,838)
110 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Toschik et 
al. (2005)
Florida 
Bay, USA
1969-
1972
1972 1 1.2
0.217 
(0.148–
0.326)
1,936 (314–
10,939)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Ogden 
(1977)
Sturgeon 
Lake, 
Canada
1991-
1992
1972 1 1.3
0.220 
(0.143–
0.340)
1,929 
(283–
10,305)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Martin, 
De Solla 
and Ewins 
(2003)
Atlantic 
coast, USA
1985-
1989
1972 1 1.4
0.222 
(0.143–
0.325)
1,634 
(279–
8,622)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Steidl, 
Griffin 
and Niles 
(1991)
Lower 
Columbia 
River, USA
2004 1972 4 1.5
0.218 
(0.146–
0.337)
1,743 
(332–
9,005)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Henny, 
Grove and 
Kaiser 
(2008)
Ogoki 
Reservoir, 
Canada
1992 1972 1 1.6
0.222 
(0.144–
0.334)
1,751 
(347–
8,804)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Martin, 
De Solla 
and Ewins 
(2003)
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St. Marys 
River, 
Canada
1991-
1992
1972 1 1.7
0.218 
(0.146–
0.308)
1,819 
(351–
9,520)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Martin, 
De Solla 
and Ewins 
(2003)
Kawartha 
Lakes, 
Canada
1991-
1992
1972 1 1.8
0.220 
(0.148–
0.324)
1,639 
(330–
7,939)
111 
(97–
128)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Martin, 
De Solla 
and Ewins 
(2003)
Maurice 
River, USA
1985-
1989
1972 1 1.9
0.218 
(0.141–
0.342)
1,759 (351–
9,289)
111 
(98–
129)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Steidl, 
Griffin 
and Niles 
(1991)
Georgian 
Bay, Can-
ada
1991-
1992
1972 1 2.9
0.219 
(0.148–
0.337)
1,831 
(325–
9,524)
111 
(98–
129)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Martin, 
De Solla 
and Ewins 
(2003)
Potomac 
River, USA
1972-
1973
1972 22 2.9
0.219 
(0.148–
0.337)
1,840 
(313–
8,652)
111 
(98–
129)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Delaware 
Bay, USA
1985-
1989
1972 1 3.1
0.219 
(0.145–
0.328)
1,765 
(326–
10,217)
111 
(98–
130)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Steidl, 
Griffin 
and Niles 
(1991)
Smith 
Island, USA
1972-
1973
1972 4 3.4
0.217 
(0.144–
0.329)
1,720 
(327–
9,207)
111 
(98–
130)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Martin 
Refuge, 
USA
1973 1972 1 3.4
0.217 
(0.144–
0.329)
1,720 
(327–
9,207)
111 
(98–
130)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Audet, 
Scott and 
Wiemeyer 
(1992)
Lake Mat-
tamuskeet, 
USA
1974 1972 4 4.0
0.213 
(0.138–
0.334)
1,853 
(324–
8,778)
112 
(99–
131)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Maine, USA
1972-
1975
1972 4 4.1
0.213 
(0.140–
0.329)
1,889 
(352–
9,443)
112 
(99–
131)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Massachu-
setts, USA
1972-
1973
1972 7 4.2
0.213 
(0.139–
0.314)
1,867 
(305–
9,514)
112 
(99–
131)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Lower 
Columbia 
River, USA
1997-
1998
1972 4 4.7
0.208 
(0.137–
0.319)
1,974 (358–
10,065)
112 
(99–
132)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Henny et al. 
(2004)
Michigan, 
USA
1972-
1973
1972 8 4.7
0.208 
(0.137–
0.319)
1,974 (358–
10,065)
112 
(99–
132)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
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Ogoki 
Reservoir, 
Canada
1971 1972 2 4.7
0.211 
(0.143–
0.325)
1,760 (361–
10,579)
112 
(99–
132)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Postupal-
sky (1977)
Lake of the 
Woods, 
USA
1967-
1971
1972 2 6.0
0.204 
(0.129–
0.308)
2,056 
(381–
12,350)
114 
(100–
135)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Grier, 
Sindelar 
and Evans 
(1977)
Crane 
Prairie 
Reservoir, 
USA
1993 1972 3 6.7
0.202 
(0.131–
0.314)
1,944 
(370–
11,367)
114 
(100–
137)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Henny et al. 
(2003)
Willamette 
River, USA
1993 1972 2 8.9
0.183 
(0.107–
0.278)
2,462 
(397–
15,305)
117 
(101–
145)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Henny et al. 
(2003)
Lake Coeur 
d’Alene, 
USA
1972-
1973
1972 11 9.0
0.184 
(0.108–
0.292)
2,250 
(360–
11,646)
118 
(101–
145)
0.00 
(0.00–
0.00)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Johnson, 
Melquist 
and 
Schroeder 
(1975)
Cape May 
County, 
USA
1972 1972 5 13.0
0.158 
(0.074–
0.270)
2,841 
(507–
19,109)
125 
(104–
183)
0.00 
(0.00–
0.01)
0.00 
(0.00–
0.00)
>1,000 
(>1,000–
>1,000)
>1,000 
(>1,000–
>1,000)
Wiemeyer, 
Bunck and 
Krynitsky 
(1988)†
Connect-
icut-Long 
Island, USA
1969-
1976
1972 6 16.0
0.131 
(0.031–
0.253)
3,612 
(538–
56,403)
133 
(106–
277)
0.00 
(0.00–
0.96)
0.00 
(0.00–
0.00)
>1,000 
(51– 
>1,000)
>1,000 
(>1,000–
>1,000)
Spitzer et 
al. (1978)
Note: The 10th and 90th percentiles are shown in brackets
† The data from Wiemeyer, Bunck and Krynitsky (1988) and Wiemeyer, Bunck and Stafford (1993) could not be directly linked to 
regions so median DDE concentration data per region was taken from Tables 9 and 4, respectively.
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Figure 4.4 | Observed (dots) and predicted (lines) population growth rates (r1) in relation to DDE exposure 
concentration (mg/kg ww egg) for several populations of the white-tailed eagle, bald eagle, and osprey. The 
predicted relationships for the bald eagle and osprey were extrapolated (transparent lines and areas) to 
a DDE concentration of 73 mg/kg ww egg (i.e., the maximum measured DDE concentration in white-tailed 
eagle eggs) to facilitate comparison among the species. Lines represent loess fits through the medians. 
Shaded areas represent the area between the 10th and 90th percentiles of the estimates.
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4.3.3 Population-specific application 
Based on historically measured exposure concentrations of DDE, the majority of the bird 
populations were found to have no elevated risk of local extirpation due to past DDE 
exposure (Table 4.3). On average, population growth rates remained above 0, CPS were 
within 10,000 km2, MVP lower than 100 breeders, PE equal to 0, and MTE longer than 
1,000 yr. Nevertheless, for the white-tailed eagle population in the Quarken area of the 
Gulf of Bothnia (Finland), the population growth rates (median values) were reduced 
up to a factor of 2.7 compared to values without DDE exposure, CPS (median values) 
increased up to a factor of 4.0, MVP (median values) increased up to a factor of 1.5, PE 
(median values) up to 7% and MTE (median values) decreased down to 736 yr due to 
DDE exposure. 
4.3.4 Comparison with observed population growth rates
For the populations for which census data was available, we found a wider range of his-
torically observed population growth rates for the three bird species than predicted by 
our models (Figure 4.4). Approximately 10% of the observed population growth rates 
were higher than our estimates, 26% were in between the 10th and 90th percentiles of our 
estimates and 65% were below our estimates. 
 4.4 Discussion
Given the potential impact of chemical pollution on biodiversity, there is an urgent need 
to better quantify the extinction vulnerability of species and populations due to chem-
ical exposure. We provide a simple, coherent method to quantify population extinction 
vulnerabilities using field monitoring data, which may be used in addition to assess-
ments based on laboratory data or when laboratory data are absent. For example, for 
the white-tailed eagle, bald eagle, and osprey, laboratory data on the reduction of the 
intrinsic population growth rate due to chemical concentrations are lacking, whereas 
we found 26 field studies investigating reproduction success  in relation to DDE. Thus, 
our method increases the number of species for which population extinction vulnera-
bilities due to toxicant exposure can be quantified, including threatened or endangered 
species for which laboratory data are generally not available (Forbes et al. 2016). Moreo-
ver, the use of field data obviates the need to correct lab-based effect measurements for 
differences in exposure conditions between lab and field, such as diet composition and 
species’ metabolic rates (Traas, Luttik & Jongbloed 1996; Bednarska, Jevtić & Laskowski 
2013; Forbes & Calow 2013).
Provided that field measurements are available, our method may be applied to any spe-
cies population or persistent bioaccumulative toxicant of interest to obtain first esti-
mates of the population extinction vulnerability due to past, current and future chemical 
exposure. For example, our case study revealed that the white-tailed eagle population 
in the Quarken area of the Gulf of Bothnia (Finland) has been under elevated threat of 
local extirpation due to past DDE exposure (Table 4.3). Further, our method allows for 
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deriving critical levels of toxicant exposure based on maximum permissible effect lev-
els. For example, using the toxicant concentrations at which the PE is >5% (as commonly 
used in ecological risk assessment) would result in critical levels for DDE of 12, 25 and 
36 mg/kg ww for the bald eagle, osprey and white-tailed eagle, respectively, for popula-
tions with carrying capacities without toxicant exposure of around 500 individuals (see 
Table 4.2 for critical levels for DDE based on other example maximum permissible effect 
levels). Additionally, for species under influence of toxicant exposure, our method can 
provide first estimates of the minimum habitat area and population size to be protected. 
For example, using measured field concentrations of DDE, we found that the bald eagle 
population in Michigan (USA) required at least 17,907 km2 of suitable habitat and 166 
individuals to be viable (Table 4.3). As long as exposure levels cannot be reduced, the 
CPS and MVP metrics can be used as guidelines for increasing habitat area or reintroduc-
ing individuals, as was done for example in North America in the 1980s for bald eagles 
exposed to DDE (Sharpe & Garcelon 2005; Sorenson, Burnett & Stake 2017). Using the 
field-based approach developed in this study to obtain this type of information may help 
conservation managers to better design appropriate habitat restoration and population 
recovery measures, such as reducing toxicant levels, increasing the area of suitable habi-
tat and reintroducing individuals.
Nevertheless, our field-based approach has some limitations. Confounding environmental 
factors that are correlated with the toxicant of interest may result in an overestimation 
of the impacts on population viability. To overcome this limitation, multiplicative or addi-
tive exposure-response relationships could be employed in the method instead (see, e.g., 
Korsman et al. 2012). Furthermore, for toxic compounds that are not yet released or that 
dissipate quickly in the environment, hence for which exposure concentrations are not 
easily obtained from the environment, assessments can be based on laboratory data only. 
4.4.1 Case study results
We combined population viability analysis and field-based exposure-response curves to 
quantify the effects of toxicant exposure on the population extinction vulnerability of 
three bird species. We found highly significant chemical exposure-response relationships 
for the three bird species, in which increasing DDE concentrations gradually decreased 
the reproductive success. The reproductive abilities of the white-tailed eagle and the bald 
eagle were affected at lower concentrations of DDE than the reproductive success of the 
osprey, whereas at high concentrations of DDE the reproductive success of the osprey was 
relatively low, reflected by similar EC50 values for all species but a steeper slope in the 
exposure-response curve of the osprey. The EC50 values of the three species were compa-
rable yet systematically higher than results from Wiemeyer, Bunck and Stafford (1993), 
Elliott et al. (2001), Helander et al. (2002), Henny et al. (2004), and Best et al. (2010). 
This can be explained by the fact that these field studies used regression techniques that 
relate changes in the mean of a reproduction success variable to DDE, instead of looking 
at one of the upper quantiles. Consequently, their EC50 values are likely influenced by 
confounding environmental factors masking the effect of DDE on reproduction success 
(Cade & Noon 2003). The quantile regression analysis applied here filters out reductions 
in reproductive success due to confounding environmental factors by assuming that they 
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are not correlated with DDE but provide random noise instead. Yet, DDE levels in the 
environment are likely correlated with other anthropogenic stressors (such as land use 
and other toxicants), which might cause a systematic bias in the field monitoring data. 
This implies that the EC50 values and critical levels for DDE specifically might be higher 
than found in this study. 
Our results showed that the range of DDE exposure concentrations encountered in the 
environment in the past increased the population extinction vulnerability of all three 
bird species. Although our models were relatively simple, excluding demographic and 
spatial population structure, our CPS and MVP values for the bald eagle were similar 
to the results of Reed et al. (2003) and Verboom et al. (2014), who reported minimum 
area requirements of 3222 km2 and MVPs of 193 and 514 individuals, but lower than the 
MVP estimate of 1,735 individuals of Brook, Traill and Bradshaw (2006) who used mean 
population growth rates likely affected by multiple stressors (Hilbers et al. 2016a). We 
could not find CPS and MVP estimates for the white-tailed eagle and osprey, except for 
a generic estimate of 120 reproductive units for the MVP of the white-tailed eagle and 
osprey from Jantke, Schleupner and Schneider (2011). For PE and MTE, we only found 
estimates of a PE of <5% (r1 = 0.06) and ~60% (r1 = 0.005) for white-tailed eagle popu-
lations in Germany (Sulawa et al. 2010) and Scotland (Green, Pienkowski & Love 1996), 
respectively, which are comparable to the PE values found in this study at these popu-
lation growth rates. Similar to Green, Pienkowski and Love (1996), Sæther et al. (2005), 
and Sulawa et al. (2010), our results for PE and MTE indicate that increasing the popula-
tion size and carrying capacity of a population could substantially reduce its vulnerabil-
ity to extirpation (Figure 4.2 and Appendix C: Figure C1). 
The comparison with the observed population growth rates in the field in the past, 
showed that the predicted population growth rates were in the same order of magni-
tude as the observed population growth rates in the regions. However, in general, our 
population growth rate estimates were higher than those observed, especially for the 
osprey. This can be explained by the fact that the populations in these regions were likely 
affected by other environmental factors next to DDE exposure. In addition, the observed 
population growth rates may deviate from the estimates obtained in this study because 
of stochastic effects and measurement or observation error in abundance estimates 
(Brook, Traill & Bradshaw 2006).  
In the field, the highest historically measured population-specific exposure concen-
trations were found for the white-tailed eagle, corresponding to relatively larger CPS, 
MVP and PE values and lower population growth rate and MTE values compared to the 
other two bird species. As indicated by Van Drooge et al. (2008) and Sivonen (2014), 
these relatively high exposure concentrations for the white-tailed eagle compared to the 
bald eagle and osprey might be explained by a difference in diet composition. Where the 
osprey feeds almost exclusively on fish, the white-tailed eagle, and to a lesser extent the 
bald eagle, also preys upon birds and mammals (Wilman et al. 2014) that may frequently 
feed in agricultural fields and have been found to have high levels of DDE residues in their 
systems (Van Drooge et al. 2008; Sivonen 2014). Alternatively, the higher field exposure 
concentrations of DDE for the white-tailed eagle may reflect that these were measured 
before or relatively shortly after the ban of DDT in the regions, whereas, in general, the 
exposure concentrations for the other two species were measured years after the ban of 
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DDT (Table 4.3) explaining the low median DDE exposure concentrations per population 
and, in turn, the low risk of local extirpation for the majority of the bird populations.
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5 How to predict wildlife  reintroduction costs to mitigate 
anthropogenic impacts?
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Abstract
 
In conservation decision-making, it is im-
portant to have information not only on the 
likely effectiveness of conservation actions, 
but also on the corresponding costs. Rein-
troduction of wildlife is a commonly applied 
‘last resort’ conservation measure. However, 
a systematic approach to predict the costs of 
reintroduction for mitigating the impacts of 
particular stressors is lacking. Here, we fill this 
gap by quantifying the costs of reintroducing 
captive-bred individuals as a function of the 
degree of impact of the environmental stress-
or and the size of the wildlife population to be 
maintained. Our approach combines quan-
titative stressor-response relationships for 
vital rates (reproduction and survival) with a 
wildlife demographic model to compute the 
impacts of the stressor on the size of the tar-
get population. Subsequently, cost estimates 
are obtained by quantifying the number of 
captive-reared individuals needed per year in 
order to maintain a user-defined population 
size at a given degree of impact of the stress-
or of concern. To illustrate our approach, we 
applied it to calculate the reintroduction costs 
required to mitigate the impacts of dichlorodi-
phenyldichloroethylene (DDE) on the popu-
lation of peregrine falcons (Falco peregrinus) 
in California over the period 1970-1994. To 
increase the breeding adult population as 
soon as possible to a minimum viable size 
of 116 individuals, 670 captive-reared young 
were required. The corresponding restora-
tion costs were in total ~$1,520,000, with the 
highest yearly costs of ~$1,343,000 in 1970. 
Gradually increasing reintroduction efforts 
reduced the number of young required and 
the reintroduction costs to 581 individuals 
and ~$1,029,000, respectively. However, the 
number of breeding adults then exceeded 
the minimum population size only after 1983 
(instead of 1972), thus reflecting a trade-off 
between costs and extinction risk. Our ap-
proach ensures an adequate prediction of 
the costs of maintaining wildlife populations 
at a minimum viable size through reintroduc-
tion. It can be applied to any wildlife popula-
tion of interest in order to obtain the number 
of individuals and corresponding costs re-
quired to sustain a population under current 
and future influence of an environmental 
stressor. This type of information provides 
important input for decision-making neces-
sary to conserve biodiversity.
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5.1 Introduction
A key goal in conservation biology is the protection of species to ensure stable and via-
ble populations  (Shaffer 1981). This is challenging given the increasing human impact 
on the environment (Purvis & Hector 2000). Examples of effective conservation meas-
ures include habitat preservation, restoration and expansion, hunting restrictions, con-
trolling pollution and invasive species, corridor establishment, and the translocation 
of individuals (Seddon, Armstrong & Maloney 2007; Hayward 2011). There are a large 
number of conservation successes in which one or more of these measures have been 
used to preserve species populations (Hayward 2011). Nevertheless, biodiversity is 
becoming increasingly threatened and there is an urgent need to conserve species pop-
ulations more effectively (Butchart et al. 2010).
Ameliorative conservation actions are often experimental because of limited knowl-
edge on the likely response and/or the critical factor(s) threatening the population 
(Auld & Keith 2009; Hayward 2011). Adaptive strategies promote such experimentation 
to spread and reduce the risk of failure across alternative actions (Auld & Keith 2009). 
However, conservation is set in a context of limited funds and resources necessitat-
ing a prioritization of actions (Wilson, Carwardine & Possingham 2009). Additionally, 
conservation practitioners often struggle with determining the appropriate amount of 
resources needed to effectively preserve populations (Salzer & Salafsky 2006). In deci-
sion-making processes, it is therefore important to have information not only on the 
likely effect of conservation actions, but also on the corresponding costs (Carwardine 
et al. 2008b; Wilson, Carwardine & Possingham 2009). Various studies have estimated 
the costs of area- or species-based conservation measures (Wilson et al. 2007; Bode et 
al. 2008; Carwardine et al. 2008a; Newbold & Siikamäki 2009; Bode & Brennan 2011; 
Sebastián-González et al. 2011; Rose et al. 2016; Kissel, Palen & Govindarajulu 2017; 
Morandini & Ferrer 2017). However, a systematic approach that enables conservation 
practitioners to predict the costs of population reintroduction (defined here as the inten-
tional movement and release of an organism into a historical or existing range of a pop-
ulation of conspecifics) as a ‘last resort’ measure to mitigate the impacts of particular 
environmental stressors is still lacking.
Here, we fill this gap by quantifying the costs of reintroduction via captive breeding and 
release (hereafter, ‘reintroduction’) as a function of the degree of impact of the environ-
mental stressor and the size of the wildlife population to be maintained. Our approach 
combines quantitative stressor-response relationships for vital rates with a wildlife 
demographic model to translate the impacts of the environmental stressors on survival 
or reproduction to changes in the size of the population. Subsequently, cost estimates 
are obtained by quantifying the number of captive-reared individuals to be released 
per year in order to maintain a user-defined target population size at a given degree of 
impact of the environmental stressor of concern. We tested our approach by estimating 
the costs associated with mitigating the impacts of dichlorodiphenyldichloroethylene 
(DDE) on the population of peregrine falcons (Falco peregrinus) in California. This popu-
lation is relatively well-studied, which gives the opportunity to rely on detailed informa-
tion regarding life stages, vital rates and density-dependent processes (Kauffman, Frick 
& Linthicum 2003; Kauffman, Pollock & Walton 2004). Moreover, based on past reintro-
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duction efforts of peregrine falcon populations, quantitative information was available 
on the restoration costs per individual (MPS 2018).
5.2 Materials and methods
5.2.1 Model approach
To infer the costs of reintroduction for mitigating the impacts of particular environ-
mental stressors on wildlife populations, we use a matrix modeling approach. Matrix 
population models simulate the dynamics of a population based on a transition matrix 
that describes all the year-to-year transitions between the age or developmental stage 
classes in which the individuals can be classified based on their fecundity and survival 
rates (Tuljapurkar & Caswell 1997). As most natural populations experience some form 
of density-dependence (Forbes, Sibly & Calow 2001), for example induced by competition 
for food or space, transitions between (some of) the age or stage classes are modelled as 
function of the population size (Tuljapurkar & Caswell 1997). Impacts of environmental 
stressors are incorporated in the transition matrix via effects on fecundity and/or sur-
vival rates. Hence, the transition matrix is a function of both the population size and the 
degree of impact of the stressor. At impacts high enough for the population to drop below 
the minimum viable population (MVP) size or any other user-defined threshold, costs 
are calculated based on the number of individuals needed to restore this user-defined 
target population size. 
5.2.2 Case study
5.2.2.1 Historical DDE exposure
To illustrate our approach, we model the costs of reintroduction via captive breeding and 
release as a measure to mitigate impacts of DDE on the peregrine falcon population of 
California. In 1970, the peregrine falcon was listed as endangered under the Endangered 
Species Conservation Act, as response to population declines due to the negative impacts 
of DDE (Jarman 1994). Around this time, only one or two breeding pairs of the per-
egrine falcon population of California remained. This prompted reintroduction efforts 
as described in the Pacific Coast Recovery Plan, developed by state and federal experts 
in 1982 (US Fish and Wildlife Service 1982; Jarman 1994). Although DDT was banned 
in the US in 1972, leading to a gradual decrease in DDE levels in the environment, DDE 
impacts on the population continued until the early 1990s (Jarman 1994). Peakall (1974), 
Hunt et al. (1986), Peakall et al. (1983) and Jarman et al. (1993) reported on measured 
DDE concentrations in peregrine falcons eggs in California from 1948-1950, 1969-1983, 
1978-1980 and 1983-1988, respectively. We fitted a quadratic regression through the 
geometric means of the measured DDE concentrations (Table 1), because a second-order 
polynomial yielded a more parsimonious model (AICc = 106.1) than a third-order polyno-
mial (AICc = 108.7) or a simple linear trend (AICc = 121.6). The curve revealed that DDE 
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concentrations in Californian peregrine falcon eggs peaked around 1970, whereas eggs 
contained DDE residues from approximately 1945 until 1994 (Figure 5.1).
5.2.2.2 Population model
To calculate the population-level impacts of historical DDE exposure on peregrine fal-
cons in California, we used a transition matrix based on three life stages commonly 
distinguished in peregrine falcons: juvenile birds that are <1 years old, non-breeding 
adults (i.e., adults without a breeding territory) of at least 1 year old (‘floaters’), and 
breeding adults of at least 2 years old (Wootton & Bell 1992; Kauffman, Pollock & Walton 
2004). We did not include density-dependence effects on survival and fecundity, as we 
did not find evidence for density regulation in the time period in which DDE influenced 
the population (see Appendix D: Text box D1). As lethal effects of environmentally repre-
sentative DDE concentrations on peregrine falcons or other raptors were not found, we 
assumed effects on survival to be negligible and included a fecundity effect only (Schip-
per et al. 2013), which was modelled according to a log-logistic exposure-response curve 
(Hendriks & Enserink 1996). This gives the following transition matrix:
(5.1)
(5.2)  with
Figure 5.1  | DDE concentrations 
in Californian peregrine falcon 
eggs over time, obtained by fit-
ting a quadratic regression (line) 
through the geometric means 
(points) of DDE concentrations 
measured in a given year. The 
shaded area represents the 95% 
confidence interval.
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where Sj, Snb and Sb denote the survival rates of juveniles, non-breeding birds and breed-
ing adults, respectively, Nb denotes the number of breeding adults, FDDE represents the 
fecundity of breeding adults as function of exposure to DDE, Fr represents the reference 
fecundity value, i.e., the fecundity under uncontaminated conditions, C represents the 
DDE exposure concentration, EC50 denotes the median effect concentration of DDE, i.e., 
the concentration resulting in a 50% reduction of the fecundity, and ß characterizes the 
slope of the corresponding exposure-response curve. Because species-specific labora-
tory data on the influence of DDE on peregrine falcon fecundity were not available, we 
used toxicity data of DDE impacts on the reproductive success of merlins (Falco colum-
Model parameter (unit) Symbol Value  (±standard errors) N
* Additional information**
fit of historical DDE 
trend in time  
(mg·kg-1 wet weight)
DDE
-1.9∙105 (±3.5∙104) + 
192 (±35.8) ∙ Year – 
0.05 (±0.009) ∙ Year2
17
Based on measured DDE concentra-
tions in peregrine falcons eggs in 
California from 1948-1950, 1969-1983, 
1978-1980 and 1983-1988 [1].
survival rate wild  
juveniles (year-1)***
Sjw 0.376 (±0.076)
22
Survival rates are based on 718 
encounter history files from California 
from 1977 through 1999 [2].
survival rate juveniles 
released from captive 
breeding (year-1)***
Sjc 0.241 (±0.078)
survival rate 
non-breeding birds 
(year-1)***
Snb 0.861 (±0.066)
survival rate breeding 
adults (year-1)***
Sb 0.859 (±0.025)
reference fecundity  
(n·n-1·year-1)
Fr
1.75 (uniform  
distribution between 
1.5 and 2)
10
Based on a commonly observed clutch 
size of 3-4 eggs [3], assuming  
maximum breeding success.
median effect concen-
tration of DDE (mg·kg-1 
wet weight)
EC50 8.36 (±1.69) 
7
Based on reproduction rates of mer-
lins (Falco columbarius) exposed to a 
DDE [4].slope of DDE expo-
sure-response curve
β 1.26 (±0.11)
costs of one  
captive-reared  
individual (US$)
US$ 2500 -
Based on the average costs per  
captive-reared juvenile reported for 
restoration efforts up to 1989 [5].
*    N is the number of data points on which the average values and standard errors are based.
**   [1] = Peakall (1974), Hunt et al. (1986) (assuming 80% water in eggs), Peakall et al. (1983) and Jarman et al. (1993),  
respectively; [2] = Kauffman, Frick and Linthicum (2003); [3] = Schipper et al. (2013); [4] = Fox (1979); [5] = MPS (2018).
*** Standard deviations were obtained by multiplying the standard errors with the squared root of N of the parameters.
Table 5.1 | Summary of the parameter values for the peregrine falcon case study
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barius) instead (Fox 1979). Maximum likelihood estimation was used to determine the 
EC50 and slope of the exposure-response curve (Schipper et al. 2013). Demographic 
parameters were based on 718 encounter history files on the peregrine falcon popula-
tion in California from 1977 through 1999 (Kauffman, Frick & Linthicum 2003; Schipper 
et al. 2013). To account for uncertainty in the parameters, we randomly sampled 10,000 
values from the distributions of the regression parameters of the historical DDE expo-
sure, the parameters of the exposure-response curve (EC50 and β) and the demographic 
parameters (Sj, Snb, Sb and Fr), using the averages of the model parameters and their stan-
dard errors (Table 5.1) and assuming Gaussian distributions. Co-variation among the 
slope(s) and intercept of respectively the exposure-time relationship (Figure 5.1) and 
the exposure-response curve was accounted for in the Monte Carlo simulation by cor-
related sampling of these parameters. The correlation coefficients between the variance 
of the regression parameters was directly taken from the regression analysis. Also, we 
restricted the random sampling so that the survival rates were always between zero and 
one. 
5.2.2.3 Target population size
We evaluated the reintroduction costs via captive breeding and release to maintain the 
population at the MVP using an extinction threshold of 50 individuals. We selected this 
threshold to account for stochastic effects other than environmental and demographic 
stochasticity, such as Allee effects and short-term genetic inbreeding (Franklin 1980; 
Hilbers et al. 2016b). To determine the minimum viable population, we simulated the 
dynamics of the population using the transition matrix and varying the initial number 
of adult breeders until the population had a 95% probability of surviving for 100 years, 
i.e., being greater than 50 breeding adults. The initial number of juveniles and floaters 
was set equal to 0 individuals. We accounted for demographic stochasticity by sampling 
the number of offspring per year from a Poisson distribution, and the yearly numbers 
of floaters and breeders from a binomial distribution with their survival rates as prob-
abilities and the simulated number of individuals of the previous year as the number of 
trials (Legendre et al. 1999; Akçakaya 2000). Also, we accounted for environmental sto-
chasticity by sampling the demographic parameters each year in 10,000 iterations from 
a normal distribution using the average of the demographic parameters and their stand-
ard deviations (Table 5.1; Akçakaya 2000). In addition to the MVP, we also evaluated the 
reintroduction costs for a target population size of 240 breeding adults. The size of 240 
breeding adults reflects the decision in 1982 to increase the peregrine falcon population 
in California to 120 pairs, which state and federal experts considered sufficient to main-
tain a self-sustaining population (US Fish and Wildlife Service 1982; Jarman 1994).
5.2.2.4 Reintroduction costs
The cost estimates were based on the number of captive-reared juveniles needed per 
year in order to sustain each of the two population targets (numbers of adult breed-
ing birds) over time. Reintroduction costs via captive breeding and release were based 
on juveniles because introduction of captive-reared fledglings constitutes a restoration 
technique that is commonly applied in conservation programmes (Wootton & Bell 1992; 
Kauffman, Pollock & Walton 2004; Lagios et al. 2015). The introduced juveniles were 
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added to the life stage of juvenile birds that are <1 years old in the transition matrix. The 
number of captive-reared individuals needed per year in order to maintain the popula-
tion at each of the user-defined sizes was then calculated as:
(5.3)
where Njc and Ntarget denote the number of captive-reared juveniles and the target pop-
ulation size, respectively, Nb,t+2  denotes the expected adult breeding population size in 
two years without reintroduction efforts (as it takes two years before the introduced 
juveniles become breeding adults), Sjc denotes the survival of first-year captive reared 
juveniles (which differs from the survival of wild juveniles; Table 5.1), and Snb the sur-
vival of the non-breeding adults (floaters). Based on a mechanistic bioaccumulation 
model (Hendriks et al. 2001), it is likely that both wild and captive-reared juveniles reach 
equilibrium concentrations of DDE in their body when reaching the adult breeding stage 
after two years, hence similar fecundity rates can be assumed for these two groups (see 
Appendix D: Text box D2). 
We calculated the yearly and cumulative number of captive-reared juveniles from 1970 
through 1994. In 1970, the peregrine falcon was listed as endangered, the exposure con-
centrations in California peaked and its peregrine falcon population was reduced to one 
or two breeding pairs (Herman 1971; Kauffman, Frick & Linthicum 2003; the latter used 
here as the initial population size of the simulations). In 1994, DDE contamination in Cal-
ifornian peregrine falcon eggs had decreased to negligible levels (Figure 5.1). We applied 
two scenarios: one where the availability of captive-bred young was unlimited and one 
in which the number of available captive-reared juveniles increased with 150% per year 
starting from two individuals in 1970 (which is similar to the actual increase in released 
captive-reared young in the early years of the captive-breeding and release program in 
California [Schipper et al. 2013]). Corresponding costs for the two scenarios were then 
calculated by multiplying the number of captive-reared individuals per year with the 
costs of one captive-reared individual (Table 5.1 and Appendix D: Table D1). Each year, 
we corrected for the opportunity costs of capital by discounting future reintroduction 
costs to the base year of 1970 using a discount rate of 3%. Thus, in other words, we gen-
erated prospective cost estimates for peregrine falcon reintroduction as if one lived in 
1970. 
Next, we assessed the contributions of uncertainty in the different model parameters 
to the uncertainty of the cost estimates. To that end, we calculated Spearman rank cor-
relation coefficients between the cost estimates and each of the uncertain parameters 
based on the 10,000 iterations. The correlation coefficients per year were averaged over 
the full time period.
Finally, we explored trade-offs of waiting with reintroduction efforts in order to find a 
potential optimum where cost effectiveness is maximized. To this end, we modelled the 
average number of breeding adults (as a measure of population viability) as a function 
of the cumulative costs of reintroduction. For both reintroduction scenarios, we gradu-
ally decreased the number of years in which captive-reared juveniles could be released, 
starting from 23 years (1970-1992), 22 years (1971-1992), …, until 0 years (no reintro-
duction efforts), and averaged per run the resulting number of breeding adults over the 
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full 23 year time period. We performed 10,000 iterations for each run to quantify the 
uncertainty. All analyses were performed in R version 3.3.3 (R Core Team 2017).
5.3 Results
Our simulations revealed an MVP of 116 breeding adults. To maintain a breeding 
adult population of this size, the number of young birds required per year (and hence 
the cost estimates) decreased nonlinearly over time with a maximum of 538 individu-
als (~$1,340,000) per year in 1970 (Figure 5.2). For maintaining the population at the 
state-defined size of 240 breeding adults, the highest number of young required per 
year was 1,133 individuals (~$2,830,000), also in 1970. The peak of the number of young 
birds required per year thus occurred at high DDE concentrations (Appendix D: Figure 
D2). When the number of available captive-reared juveniles gradually increased over 
time, the maximum number of young birds required per year occurred later (1981 and 
1983 for the targets of 116 and 240 breeding adults, respectively) and thus at lower DDE 
concentrations (Appendix D: Figure D2). This reduced the maximum number of young 
required in a given year to 173 (~$312,000) and 390 (~$660,000) (Figure 5.2).
In case of an unlimited availability of captive-reared young, the cumulative costs to 
mitigate the impacts of DDE from 1970 to 1994 were approximately $1,650,000 to sus-
tain the population at the MVP, and $3,480,000 for the state-defined population target 
(Figure 5.2). The number of breeding adults exceeded both population targets from 
1972 and onwards (Appendix D: Figure D3). For the scenario with limited availability of 
captive-reared juveniles, the total costs to mitigate the impacts of DDE were lower, i.e., 
approximately $1,100,000 and $2,166,000 to maintain the population at 116 and 240 
breeding adults, respectively (Figure 5.2). The number of breeding adults then exceeded 
both population targets only from 1984 and onwards (Appendix D: Figure D3). Wait-
ing with reintroduction efforts thus decreased the total costs required to mitigate the 
impacts of DDE, but also led to a lower average number of breeding adults hence a less 
viable population (Figure 5.3). 
The uncertainty in the yearly cost estimates was mostly caused by the uncertainty in 
the parameters of the exposure-response curve (EC50 and β) (Figure 5.4). For reducing 
uncertainty in the cost estimates, it is thus most effective to obtain more accurate tox-
icity data. 
5.4 Discussion
5.4.1 Case study results
We developed an approach to quantify wildlife reintroduction costs via captive breeding 
and release by combining quantitative stressor-response relationships with a wildlife 
demographic model, and applied the approach to peregrine falcon restoration in Califor-
nia after declines due to DDE exposure. To our knowledge, this is the first study to quan-
tify the number of individuals and corresponding costs required to sustain a population 
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Figure 5.2  | Yearly (left) and cumulative (right) cost estimates required (MM$ = millions of dollars) over 
the years to mitigate the impacts of DDE by increasing the population to the MVP (116 breeding adults, 
upper) or state-defined population target (240 breeding adults, lower). The solid and dashed lines rep-
resent cubic spline fits through the medians corresponding with unlimited reintroduction efforts and 
gradually increasing reintroduction efforts, respectively, and the shaded areas represent the range 
between the 5th and 95th percentiles of the estimates.
Figure 5.3  | The average number of breeding adults as a function of the amount of money (MM$ = 
millions of dollars) invested to mitigate the impacts of DDE by increasing the population to the MVP 
(116 breeding adults, left) or state-defined population target (240 breeding adults, right). The solid lines 
represent the cubic spline fits through the medians, the shaded areas represent the range between 
the 5th and 95th percentiles of the estimates, the vertical lines represent the estimated total costs cor-
responding with unlimited reintroduction efforts (solid) or gradually increasing reintroduction efforts 
(dashed) starting in 1970.
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at a user-defined size under the influence of an environmental stressor, such as DDE. 
The population size of the peregrine falcon in California was reduced to only one or two 
breeding pairs in 1970, most likely due to the increasing impacts of DDE in the 1950s 
and 60s (Herman 1971; Kauffman, Frick & Linthicum 2003). Our results showed that 
with unlimited reintroduction efforts starting at the peak of the exposure levels, the 
adult breeding population would become viable over the course of two years. Yet, the 
estimated total number of young to be introduced and the corresponding total costs 
required to increase the population to the MVP from 1970 through 1994 were substan-
tial (670 individuals and ~$1,520,000, respectively). Gradually increasing reintroduc-
tion efforts over time, simultaneous to decreasing DDE concentrations, reduced the 
total number of young to be introduced and the corresponding costs (581 individuals 
and ~$1,023,000, respectively). This emphasizes that reintroduction as a conservation 
measure is more feasible if employed together with threat abatement or neutralization 
measures (Griffiths & Pavajeau 2008; Harding, Griffiths & Pavajeau 2016), such as the 
ban of DDT. Nevertheless, not all threats can be easily mitigated, such as infectious dis-
eases and climate change (Harding, Griffiths & Pavajeau 2016), and it should be noted 
that delaying reintroduction efforts can greatly increase the risk of population extir-
pation (Converse et al. 2013; Hoffmann et al. 2015). Indeed, our results show that with-
out reintroduction efforts, the breeding adult population was predicted to remain well 
below the MVP (and even well below the threshold of 50 individuals) across the study 
period (Appendix D: Figure D3). Even when reintroduction efforts started in 1970, but 
were initially limited by the availability of young, the number of breeding adults was 
Figure 5.4  | Spearman rank correlation coef-
ficients between the yearly cost estimates and 
each of the model parameters: the historical 
DDE exposure (DDE), the survival rate of wild 
juveniles (Sjw), the survival rate of captive-reared 
juveniles (Sjc), the survival rate of non-breeding 
adults (Snb), the survival rate of breeding adults 
(Sb), the reference fecundity (Fr) and the parame-
ters of the exposure-response curve (EC50 and ß). 
The two scenarios for the reintroduction capa-
bilities were grouped together as we found little 
difference in correlation coefficients between 
the scenarios (Appendix D: Figure D4).
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substantially lower than the MVP over multiple years and, subsequently, so was the aver-
age number of breeding adults over time (Appendix D: Figure D3 and Figure 5.3). Thus, 
there clearly exists a trade-off between the costs on the one hand and the risk associated 
with waiting to reintroduce on the other.
5.4.2 Comparison with actual reintroduction efforts
The peregrine falcon restoration program in California was initiated in 1975, with actual 
hatching and releasing of captive-hatched young starting in 1977 (Schipper et al. 2013). 
In total, between 635 and 777 young were released between 1977 and 1992, after which 
the population recovered to 226 breeding adults in 1992 (Kauffman, Pollock & Walton 
2004; Heinrich 2009; Schipper et al. 2013). Assuming unlimited reintroduction capa-
bilities, our calculations revealed that in total 634 young were required between 1977 
and 1992 to increase the breeding adult population to and above the MVP. This indi-
cates that the total actual reintroduction efforts via captive breeding and release taken 
were slightly higher than considered necessary. With limited though increasing rein-
troduction capabilities similar to those observed, we predict that only 582 individuals 
would have been required between 1977 and 1992. However, this would have been at the 
expense of an increased local extinction risk, as the population would then have been 
smaller than the MVP until 1984 (instead of 1979).
5.4.3 Comparison with willingness-to-pay estimates
Willingness-to-pay (WTP) values represent the amount of money individuals are will-
ing to pay for/to … (Hanemann 1994). WTP values to preserve peregrine falcon pop-
ulations, expressed as one-time payments, have been estimated at $8.91 (Kahneman 
& Ritov 1994), $25 (median; Kahneman & Knetsch 1992), $25.79 ($21.83-36.06, 90% 
confidence interval; Kotchen & Reiling 2000) and $29.15 ($17.00-92.85, 90% confidence 
interval; Kotchen & Reiling 1998) per person. After correcting for inflation to the 1970 
price level based on the Consumer Price Index, WTP estimates for the peregrine falcon 
then range between $2.3 and $6.9 per person. If we would multiply these estimates with 
the Californian human population of 18 years and older (13,301,365 individuals in 1970 
[U.S. Bureau of Census 1973]), the total WTP as a one-time payment to preserve the 
Californian peregrine falcon population would have been approximately $31,000,000 
– 92,000,000, assuming that every Californian citizen older than 18 years would con-
tribute equally on average. This exceeds our projections of the cumulative costs of DDE 
mitigation for all four scenarios. Nevertheless, other anthropogenic stressors affecting 
the peregrine falcon population, such as habitat loss and climate change, may further 
increase mitigation costs. Additionally, the costs of releasing one captive-reared indi-
vidual used here were estimated based on the captive-breeding and release program in 
the Midwest (USA), which partly differed from the reintroduction program in California. 
For example, a combination of hacking and (cross-)fostering was used when releasing 
juveniles in California (Kauffman, Pollock & Walton 2004; Schipper et al. 2013), whereas 
reintroduction cost estimates retrieved from the Midwest program were based on 
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hacked birds only, which are more expensive (MPS 2018; see also Appendix D: Table 
D1). On the other hand, more birds were released in the Midwest (1,286 in total), which 
could have lowered the costs per bird. Due to such differences, the unit costs may have 
been (slightly) higher or lower in California than in the Midwest. 
5.4.4 Applicability
Given that conservation is challenged by limited funds and resources while biodiver-
sity is becoming increasingly threatened (Wilson, Carwardine & Possingham 2009; 
Butchart et al. 2010), there is an urgent need to better assess the likely outcome as well 
as the costs associated with conservation actions (Carwardine et al. 2008b; Wilson, 
Carwardine & Possingham 2009). This study provides a straightforward approach to 
predict the costs of mitigating particular environmental impacts on wildlife popula-
tions based on a limited number of common ecological variables, like fecundity and 
survival rates, stressor-response relationships that describe the response of these vital 
rates to a given environmental stressor, and the unit costs of captive-reared individ-
uals. With these data available, the approach can be applied to any wildlife popula-
tion of interest to obtain estimates of the number of individuals and corresponding 
costs required to sustain a population under past, current and future influence of an 
environmental stressor. These may include not only captive-bred individuals, but also 
individuals safeguarded or assisted to recover from the pressure of concern. Exam-
ples of possible applications include wildlife populations exposed to hunting or har-
vesting pressures (such as trophy hunting of the cougar [Puma concolor; Wielgus et al. 
2013]), to climate change (such as the global warming effects on the polar bear [Ursus 
martimus; Molnár et al. 2010]) or to road traffic (such as the road mortality of turtle 
populations [Gibbs and Shriver 2002]). Nevertheless, as reintroduction is more feasible 
if employed together with or awaiting threat abatement or neutralization measures, 
our approach is most useful for predicting the mitigation costs of temporary threats in 
which the influence of other anthropogenic stressors affecting the wildlife population 
is negligible or known. Finally, our method generates data that can be used in cost-ben-
efit analyses of products and processes. For example, our case study provides data on 
the potential external costs associated with the use of DDT as a pesticide, which may 
contribute to the ongoing discussion on the cost-effectiveness of malaria control meth-
ods (Van den Berg 2009). Using the approach developed in this study to obtain this type 
of information may help to provide important input for decision-making necessary to 
protect wildlife.
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indirectly negatively affect the distributions 
of meso-mixed feeders, meso-browsers and 
some meso-grazers under wet conditions. 
The closure of artificial WPs hardly had any 
effect during these natural wet conditions. 
Under dry conditions the spatial distribution 
of both elephant bulls and cows changed 
when the availability of artificial water was 
severely reduced in the model. These chang-
es in spatial distribution triggered changes in 
the spatial availability of woody biomass over 
the simulation period of 80 years, and this led 
to changes in the rest of the herbivore com-
munity, resulting in increased densities of all 
herbivores, except for giraffe and steenbok, 
in areas close to rivers. The spatial distribu-
tions of elephant bulls and cows showed to 
be less affected by the closure of WPs than 
most of the other herbivore species. Our 
study contributes to ecologically informed 
decisions in wildlife management. The re-
sults from this modeling exercise imply that 
long-term effects of this intervention strategy 
should always be investigated at an ecosys-
tem scale.
Abstract
 
Wildlife management to reduce the impact of 
wildlife on their habitat can be done in sever-
al ways, among which removing animals (by 
either culling or translocation) is most often 
used. There are, however, alternative ways 
to control wildlife densities, such as opening 
or closing water points. The effects of these 
alternatives are poorly studied. In this paper, 
we focus on manipulating large herbivores 
through the closure of water points (WPs). 
Removal of artificial WPs has been suggest-
ed in order to change the distribution of Afri-
can elephants, which occur in high densities 
in national parks in Southern Africa and are 
thought to have a destructive effect on the 
vegetation. Here, we modeled the long-term 
effects of different scenarios of WP closure on 
the spatial distribution of elephants, and con-
sequential effects on the vegetation and oth-
er herbivores in Kruger National Park, South 
Africa. Using a dynamic ecosystem model, 
SAVANNA, scenarios were evaluated that var-
ied in availability of artificial WPs; levels of 
natural water; and elephant densities. Our 
modeling results showed that elephants can 
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6.1 Introduction
Several intervention strategies exist for wildlife management to reduce the impact of 
wildlife species on their habitat (Wright 1999). Direct management actions, such as cull-
ing, contraception and translocation generally aim at reducing animal numbers, which 
should lower the intensity of resource use and, ultimately, also the impact on other spe-
cies (Balfour et al. 2007; Van Aarde et al. 2008). Although the removal of animals via 
translocation or culling is most commonly used, these strategies are often controversial 
(Van Aarde & Jackson 2007; Smith et al. 2010). There are, however, alternative ways to 
control wildlife impacts, through fencing or the manipulation of surface water. These 
management actions aim to indirectly influence the spatial distribution of animals, so 
that intensity of resource use and the impact on other species locally decreases. The 
effects of these alternatives are, however, poorly studied (Balfour et al. 2007; Van Aarde 
et al. 2008). An ideal study subject to investigate the impact of surface water manipula-
tion is the African elephant (Loxodonta africana; Biggs et al. 2008). African elephants are 
considered to be ecosystem engineers, as they largely change the physical environment 
in which they live and have a potential cascading effect on other species (Valeix et al. 
2011; Lagendijk, Page & Slotow 2012). Their increasing densities in national parks in 
Southern Africa have become a concern for park management (Harris et al. 2008; Smit & 
Ferreira 2010), as elephants debark, push over, and uproot trees and break tree branches 
and stems, thereby changing the structure of the vegetation (Kerley et al. 2008; Kohi et 
al. 2011). By influencing vegetation structure, biomass and composition, elephants may 
affect meso-browsers (Fritz et al. 2002; Lagendijk, Page & Slotow 2012), such as steen-
bok (Raphicerus campestris) and kudu (Tragelaphus strepsiceros), meso-mixed feeders 
(Fritz et al. 2002; Lagendijk, Page & Slotow 2012), like impala (Aepyceros melampus), and 
meso-grazers (De Boer & Prins 1990; Van De Koppel & Prins 1998), including buffalo 
(Syncerus caffer).
To manipulate the impact of elephants on their habitat, the construction or closure 
of artificial water points (WPs) is considered to be a suitable strategy (Smit, Grant & 
Devereux 2007; Van Aarde et al. 2008), as surface water is a key driver in elephant dis-
tribution and population dynamics (Chamaillé-Jammes, Valeix & Fritz 2007a; De Knegt 
et al. 2011). Due to the construction of WPs, elephants may range into areas that were 
previously inaccessible to them or spend longer periods in areas where they would only 
have ranged when natural water was available (Loarie, Aarde & Pimm 2009; Smit & 
Grant 2009); elephant home range sizes may decrease in both the dry and the wet sea-
son (De Beer & Van Aarde 2008; Van Aarde et al. 2008); and elephant densities may 
increase locally, since young animals are, predominately, susceptible to droughts (Cha-
maillé-Jammes, Valeix & Fritz 2007b; Van Aarde & Jackson 2007). 
The closure of WPs is, therefore, expected to influence the densities and distribu-
tion of elephants, and thus, their effects on the vegetation, and, as such, is one of the 
tools that can be used to manage elephant impact (Van Aarde et al. 2008; Smit & Grant 
2009). In the Kruger National Park (KNP), South Africa, WPs have been constructed, 
relocated and closed for numerous reasons over the past 100 years. In the late 1980s, 
the number of WPs peaked, but more than half of the WPs were closed in the follow-
ing decades. This, however, did not result in the expected effects, as, for example, the 
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numbers of rare antelopes continued to decline (Smit, Grant & Devereux 2007) and 
elephant numbers continued to increase (Smit 2013). At present, KNP management is 
planning to permanently or temporarily close more of the currently remaining WPs to 
mimic a more natural surface-water distribution, allowing vegetation and animal dis-
tribution patterns to recover and to increase heterogeneity (Smit 2013). However, the 
anticipated system-wide effects of the closure of these WPs on elephants are debated 
(Chamaillé-Jammes, Valeix & Fritz 2007a; Smit, Grant & Whyte 2007a). Successful man-
agement requires an understanding of the large-scale effects of closing WPs (Loarie, 
Aarde & Pimm 2009), not only the effects on elephants, but also on other large herbi-
vore species and vegetation (Smit, Grant & Whyte 2007a; Mwakiwa et al. 2013). Here, 
we report on the possible long-term effects of different scenarios of WP-closure on the 
spatial distribution of elephants, and the cascading effects on the vegetation and other 
browser and grazer species. Using a dynamic ecosystem model, SAVANNA (Coughenour 
1993), several scenarios were evaluated that varied in availability and spatial arrange-
ment of artificial WPs; levels of natural water availability to investigate the effects of 
wet and dry years, i.e., the effect of drought; and population sizes of elephants to exam-
ine potential cascading effects.
6.2 Methods
6.2.1 Study area
This modeling exercise simulated the effects of surface water manipulation and ele-
phant densities in the Kruger National Park (KNP), South Africa (Figure 6.1). The park 
covers an area of around 20,000 km2 with annual rainfall varying between 300 mm and 
700 mm. Five perennial rivers cross the park from west to east, and 14 ephemeral rivers 
contain surface water only during the wet season (Du Toit, Rogers & Biggs 2003). 
6.2.2 Model
SAVANNA is a series of interconnected Fortran computer programs that simulates the 
various processes at work in arid and semi-arid ecosystems, including, for example, 
nutrient cycling, hydrology, plant biomass production and ungulate spatial dynamics 
(Coughenour 1993; Boone & Hobbs 2004). The initial development of SAVANNA began in 
1985, and was applied to the Turkana District of Kenya (Coughenour 1985). The model 
has been updated and commonly used in savanna ecosystems since (Ludwig et al. 2001; 
Boone et al. 2002; Thornton et al. 2004; Boone et al. 2005; Boone 2007), including in 
KNP (Kiker 1998). The model is spatially explicit in which landscapes are covered by 
a grid of cells and ecological processes are modeled per cell. SAVANNA reads spatial 
data that include soil type, distance-to-water, vegetation type, vegetation cover, eleva-
tion and slope (Figure 6.1; Boone & Hobbs 2004). Initial vegetation biomass density per 
cell was calculated by combining these imagery- and field-based maps on tree, shrub, 
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and herbaceous cover (Figure 6.1; Kiker 1998; De Knegt et al. 2011), vegetation type, 
mean tree, shrub, and herbaceous root biomass, height data, and on an initial size class 
distribution for trees. Precipitation and more detailed information about radiation, 
CO2 concentration, wind speed, minimum and maximum temperature, and humidity 
(Coughenour 1993; Boone 2007) were obtained from a series of weather stations. Using 
weather input and soil properties, the model determines water and nutrient availabil-
ity to plants for each cell. These, together with light availability, define the products of 
photosynthesis that are calculated for the plant functional groups using process-based 
methods, and are allocated to leaves, stems and roots using plant allometries, pro-
viding plant primary production estimates. Plant primary production, together with 
herbivory, determines plant group population dynamics, in which plant establishment, 
(re)growth, and mortality is modeled. Animal functional groups are distributed over 
the landscape per individual, based upon a habitat suitability index that is calculated 
for each cell in the landscape and each animal functional group. The habitat suitabil-
ity index is determined by forage quality and quantity, slope, elevation, cover, water 
availability, and the density of herbivores. Animals graze and/or browse upon the 
available vegetation, depending on the distribution and abundance of available veg-
etation, dietary preferences, and consumption rates. The effect of forage abundance 
on food intake rate by the herbivores is represented as a Type II functional response, 
where food intake rates for each herbivore species are calculated using the maximum 
intake rate of each plant type, the current condition of an animal, and forage quality, 
i.e., digestibility. Additional impacts of herbivores on plants via wasting, trampling and 
uprooting are included as well. Summaries of the status of vegetation, herbivores, and 
climate are produced at monthly intervals (Coughenour 1993; Boone et al. 2002; Boone 
& Hobbs 2004; Boone 2007). For more detail about SAVANNA, see Coughenour (1993); 
Ellis and Coughenour (1998), and Appendix E: Figure E1 for a general relational dia-
gram describing the model. The SAVANNA parameter values used in this study, based 
on previous SAVANNA applications, scientific literature, expert knowledge, and analy-
ses of the GPS data of collared elephants, are also given in Appendix E: Table E1.
Previous versions of SAVANNA (Kiker 1998) did not distinguish male from female ele-
phants, although important differences exist between males and females. Bulls have 
lower feeding requirements in terms of forage quality, have a wider habitat tolerance, 
and increased mobility (Smit, Grant & Whyte 2007b). Hence, elephant cow groups 
are found closer to rivers in savanna ecosystems in Southern Africa compared to bull 
groups, where they find higher quality forage (Stokke & Du Toit 2002; Smit, Grant & 
Figure 6.1 | Maps of Kruger National Park (KNP) environmental variables. Maps depict (a) location of 
KNP, (b) elevation, (c) slope, (d) herbaceous biomass, (e) woody cover, (f) vegetation heterogeneity, (g) 
mean annual temperature, (h) mean annual rainfall, (i) water occurrence, ( j) water permanency, (k) 
location of the four regions used in this model study, and (l) areas that were analyzed from particular 
distance to the perennial rivers. The variables are mapped at a resolution of 1 km2 (modified from De 
Knegt et al. 2011).
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Whyte 2007b). This leads to differences in impact on vegetation near rivers and conse-
quently, one can expect that bulls and cows have different potential cascading effects on 
other large herbivore species (Stokke & Du Toit 2002; Smit, Grant & Whyte 2007b; Har-
ris et al. 2008). We, therefore, included elephant cows and bulls separately in SAVANNA.
Moreover, the model ignored that browsing occurs, in reality, at different heights and 
elephant browsing probably influences browser species differently, e.g., by pushing 
over trees or by browsing at certain heights (Greyling 2004). Therefore, we included 
different height classes of trees in the model. The size class distribution of the woody 
species was changed for fine-leaved trees and marula (Sclerocarya birrea) to 0–1, 1–2, 
2–3, 3–6, 6–11.56, and 11.56–17 m; for broad leaved trees to 0–1, 1–2, 2–3, 3–4, 4–5, and 
5–6 m; and for mopane (Colophospermum mopane) to 0–1, 1–2, 2–3, 3–4, 4–6, and 6–7 m. 
All shrubs were assigned to the class 0–1 m.  
Next to grazer (buffalo, wildebeest, roan and zebra) and mixed-feeder species (impala 
and elephant cows and bulls), four browser species were incorporated in the model to 
investigate the cascading effects of WP management on other browser species. Brows-
ing heights were divided into four classes (0–100, 101–200, 201–300, and >300 cm) 
from which a single browser species was selected to represent browsing in a particular 
height class (Appendix E: Table A1). We included steenbok, bushbuck (Tragelaphus syl-
vaticus), kudu and giraffe (Giraffa camelopardalis) in the model. Feeding height prefer-
ences of browsers and mixed-feeders were obtained from other studies (Du Toit 1990; 
Haschick & Kerley 1996; Makhabu 2005; Cameron & Du Toit 2007). The KNP population 
sizes of the herbivore species were kept constant at numbers obtained from the 2010 
census data, in which elephant individuals observed in cow groups were assumed to be 
female (Smit, Grant & Whyte 2007b; Appendix E: Table A2). 
6.2.3 Water point management scenarios
We modeled four hypothetical WP management scenarios based on past, current and 
future WP locations and water management policies in KNP (Figure 6.2). We included 
705 individual WPs in the model and assumed that these were all accessible to wildlife. 
Furthermore, we assumed that all WPs contain water during the wet season, and that 
only boreholes, pipeline troughs, dams with a borehole, and large dams contain water 
during the dry season (thus excluding small and moderate size dams). The scenarios 
were as follows:
1)  Wide-scale water provision scenario where all 705 WPs were open, of which 616 
WPs contained water during the dry season (Open).
Figure 6.2 | Graphical representation of the water scenarios. From left to right: opening all water 
points (WPs), intermediate WP scenario, reduced WP scenario and closing all WPs. From top to bottom, 
there is a decrease in natural water availability: very wet at the top, intermediately wet, intermediately 
dry and very dry at the bottom.
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2)  Intermediate water provision scenario where 349 WPs out of 705 were open. During 
the dry season 289 WPs were assumed to contain water. Under the very dry natural 
water scenario, WPs that are standby were assumed to be (temporary) reopened so 
that, in total, 351 WPs were open, of which 291 were assumed to contain water dur-
ing the dry season (Intermediate).
3)  Reduced water provision scenario where 224 WPs were open. During the dry season, 
200 WPs were assumed to contain water. In the very dry natural water scenario, 247 
WPs were open, of which 223 were assumed to contain water during the dry season 
(Reduced). 
4)  No water provision, where all 705 WPs were closed so that only natural water 
occurred in the area (Closed).
6.2.4 Natural water availability
To define four natural water scenarios, we used data on the permanency of water in KNP 
during the dry season, calculated from observations of water availability during the 
megaherbivore aerial census from 1981–2001 (n = 17 years, excluding years 1985 and 
1994–1996 for which no census data was available) within a 1-km grid-square (Figure 
6.2).
We depicted scenarios wherein there was water present in very wet years where we 
included all grid cells where water has been observed during at least 3 out of the 17 
years (33% of 1 km grid cells contained water); in intermediately wet years with grid 
cells where water has been observed during at least 8 out of the 17 years (9% with 
water); in intermediately dry years with grid cells where water has been observed dur-
ing at least 12 out of the 17 years (5% with water); in very dry years with grid cells 
where water has been observed during at least 15 out of the 17 years (3% with water). 
The five perennial rivers were assumed to hold water for the entire year in all scenarios.
6.2.5 Elephant population sizes: simulating different elephant 
numbers
To investigate the impact of elephant population size on other system variables, we 
applied three elephant population sizes (Appendix E: Table A2): present (2010) elephant 
numbers, i.e., 13 749 elephants (Current); present (2010) elephant numbers −50%, i.e., 
6872 elephants (Low); and present (2010) elephant numbers +50%, i.e., 20 626 ele-
phants (High).
6.2.6 Simulations
The model was run over 80 years with weekly time steps, using weather input data from 
1992–2012. To that end, four random weather data sequences of 20 years were created 
by random permutation of the original data on a yearly basis so that seasonal variability 
in vegetation growth was maintained. To obtain distance-to-water maps with a grid 
cell resolution of 25 km2, which are needed as model input for each scenario (see also, 
Coughenour 1993), the Euclidean distance was calculated to each WP and 1-km grid-
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square that contained natural water; the resulting two maps of a 1-km2 resolution were 
spatially combined by taking the minimum distance-to-water cell value; and the local 
average was calculated for the cells within the 25-km2 grid-squares. Redistribution of 
herbivores over time was limited to regions within KNP (Figure 6.1k).
In total 60 scenarios were run, and 57 600 maps per animal species or plant group with 
a 25 km2 grid cell resolution were created. Results of the first 60 years were omitted 
since the model needed 40–60 years to equilibrate, given the initial conditions that 
these were based on different data sources collected in different years and might have 
led to artificial fluctuations in the starting phase. To summarize the results, the average 
plant biomass (g/m2) available for herbivores, i.e., leaves, current annual growth (CAG), 
and fine branches, were calculated, together with the mean animal densities (number 
per grid cell) at distances of 0–5, 5–10, 10–20, 20–40 and 40–60 km from the five major 
rivers in KNP (Figure 6.1l). Standardized regression coefficients were derived using 
linear regression on plant biomass and animal densities as an indication of the effect 
size of the one variable on the other (and vice versa). To estimate the effect sizes of the 
different scenarios, we compared each scenario with the intermediate water provision 
situation (Intermediate) in Water point management scenarios. Therefore, the natural 
logarithms of the ratio in percentages between the intermediate water provision sce-
nario and the other WP scenarios, and between the current elephant densities and other 
elephant densities, were calculated.
6.3 Results
6.3.1 Impact of different water scenarios
The effects on the average plant biomass (g/m2) and animal densities (number per grid 
cell) are summarized in Figures 6.3 and 6.4.
Both elephant bulls and cows showed overlapping spatial distributions, and their den-
sities were positively correlated (standardized regression coefficient = 0.95, P < 0.001, 
n = 240). The model generated high elephant densities near rivers, even when natural 
and artificial water was abundant. Food limitation and other habitat constraints, such 
as low woody cover in areas further away from rivers, explained why elephants were 
more abundant closer to rivers. However, elephant bulls were distributed more evenly 
across KNP, and were relatively more present further away from rivers than were ele-
phant cows. The closure of WPs in the intermediately dry and very dry scenarios led to 
lower elephant densities in areas further away from rivers and higher densities near 
rivers. This effect was larger for elephant cows than for bulls.
Woody biomass was positively correlated among all size classes (Appendix E: Table 
A3). The majority of the modeled woody biomass of all size classes was found within 
40 km of rivers. The biomass of all size classes increased at distances larger than 5 km 
from rivers up to 40 km, when natural water became sparser. Modeling a decreasing 
availability of artificial water under naturally dry conditions decreased the biomass 
of all size classes, apart from the 0–1 m size class, at distances close to rivers, whereas 
biomass increased at distances farthest away from rivers. Woody biomass in the 0–1 m 
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Figure 6.3 | The change in spatial distributions at distances of 0–5, 5–10, 10–20, 20–40 and 
40–60 km to perennial rivers in clockwise direction of (a-d) animal species and (e-h) plant groups 
(grass biomass, woody biomass in five size classes) under current elephant densities for the 
(a, e) very wet, (b, f ) intermediately wet, (c, g) intermediately dry and, (d,h) very dry scenarios. 
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Differences were standardized by taking the natural logarithm of the percentage of change of the 
open, reduced and closed WP scenario, relative to the intermediate WP scenario. See Methods: Water 
points management scenarios for definitions of these scenarios.
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Figure 6.4 | The change in spatial distributions at distances of 0–5, 5–10, 10–20, 20–40 and 40–60 
km to perennial rivers in clockwise direction of (a-d) animal species and (e-h) plant groups (grass 
biomass, woody biomass in five size classes) under very dry conditions when (a, e) all WPs are open, 
(b, f ) intermediate WP scenario, (c, g) reduced WP scenario, and (d, h) when all WPs are closed. 
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Differences were standardized by taking the natural logarithm of the percentage of change of high 
and low elephant densities relative to current elephant densities. See Methods: Water points manage-
ment scenarios for definitions of these scenarios.
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size class increased when WPs were closed, especially at distances further away from 
rivers (>10 km), caused by an increase in shrub biomass. 
The average grass biomass clearly increased with increasing distance from perennial 
rivers, probably due to the higher tree cover near rivers, and the competition between 
these plant groups (Appendix E: Table A3). The grass biomass did not change much 
among the natural water availability scenarios. Grass biomass also showed limited 
effects due to the closure of WPs. It slightly decreased near rivers and slightly increased 
further away from rivers when WPs were closed, under dry conditions. The fraction of 
the primary production of grass biomass consumed by herbivores ranged from 9.3 to 
13.3% (Table 6.1), indicating that the influence of consumption on grass biomass is 
only moderate, which could explain why no effects of changing natural and artificial 
water availability were observed. 
Meso-grazers were spread out across KNP, but zebra and, especially, wildebeest reached 
higher densities far from perennial rivers, buffalo closer to rivers, and roan at interme-
diate distances from rivers. Under intermediately dry scenarios wildebeest and zebra 
densities did not change when WPs were closed, and forage limitation determined their 
spatial distribution. Areas near rivers were avoided by zebra due to competition with 
buffalo. Densities of buffalo and roan were positively correlated, while both correlated 
negatively with wildebeest, and buffalo correlated negatively with zebra. Zebra and 
Table 6.1 | The influence of elephant density on grass and woody dry mass annual primary produc-
tion (APP), biomass, and dry mass yearly consumption for the two most extreme natural and artificial 
water availability scenarios.
Scenario 
and density
Grass Woody
Dry mass 
APP
Average 
bio-
mass
Dry mass yearly  
consumption
Dry 
mass 
APP
Average 
biomass
Dry mass yearly  
consumption
Total By elephants Total By elephants
Very dry (closed)
Low 318.53 339.40 31.44 (9.26%) 6.47 (1.91%) 18.93 19.64
1.74   
(8.86%) 0.51 (2.60%)
Current 318.31 334.21 37.66 (11.27%)
12.84 
(3.84%) 18.11 18.94
2.02 
(10.67%) 0.80 (4.22%)
High 318.23 329.70 43.30 (13.13%)
18.76 
(5.69%) 17.86 19.47
2.21 
(11.35%) 1.03 (5.29%)
Very wet (open)
Low 320.52 341.81 31.69 (9.27%) 6.72 (1.97%) 16.61 18.71
1.43   
(7.64%) 0.15 (0.80%)
Current 322.05 338.32 38.42 (11.36%)
13.31 
(3.93%) 15.96 17.73
1.55   
(8.74%) 0.25 (1.41%)
High 327.71 339.78 45.01 (13.25%)
19.86 
(5.84%) 15.54 17.28
1.64   
(9.49%) 0.38 (2.20%)
Notes: Values are given in g/m2. Values in parentheses represent the average grass and woody biomass in the ecosystem that is 
consumed in total and by elephants.
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wildebeest densities were positively correlated (Appendix E: Table A3). Furthermore, 
by performing simulations with and without buffalo and with only wildebeest as ani-
mal species within the model, it was found that wildebeest were facilitated by both 
buffalo and zebra, since these species foraged on tall grasses, increasing the accessibil-
ity and availability of edible shorter grasses for wildebeest (Appendix E: Figures E2-3).
Roan and buffalo densities differed in the intermediately dry scenario, showing a 
movement toward rivers when artificial water became sparser, suggesting a stronger 
water-limitation of these species. However, for roan, this movement toward rivers was 
not consistent. Roan numbers were low, which means that this species’ spatial distri-
bution was heavily influenced by individual redistributions, explaining the changes 
in spatial distribution. All meso-grazers, but mainly buffalo, roan and zebra, moved 
toward rivers in the very dry scenario (Figure 6.3), and their densities in areas farthest 
away from rivers consequently decreased due to water limitation.
The distribution of impala varied among both natural and artificial water availability. 
Under very wet conditions, impala were not influenced by closing WPs and were mainly 
present in areas farthest away from rivers. Hence, the closure of WPs did not affect the 
distribution of impala when natural surface water was not limiting. This was also true 
for the intermediately wet scenario, whereas, in the intermediately dry scenario, an 
effect of limited artificial water availability was observed. The closure of WPs moved 
impala to areas within 5 km from rivers and densities in areas further away, conse-
quently, decreased, under very dry conditions. The closure of WPs will only have major 
effects on these mixed feeders when natural water availability is sparse, and, under 
these conditions, impala become water-limited, increasing their densities near rivers.
Meso-browsers, including giraffe, were spread across KNP, like meso-grazers. Steen-
bok and giraffe were never water-limited, as their densities increased with increas-
ing distances from rivers (standardized regression coefficient = 0.98, P < 0.001, n = 
240), independent of the availability of natural or artificial water sources. Bushbuck 
and kudu also mostly occurred further away from rivers, under wet conditions (stand-
ardized regression coefficient = 0.93, P < 0.001, n = 240). The change in availability 
of artificial water did not affect any meso-browser species under very wet and inter-
mediately wet conditions, but in the intermediately dry and very dry scenarios, bush-
buck and kudu tended to move closer to rivers when WPs were closed. On the other 
hand, steenbok densities decreased in areas near rivers under these conditions, and 
increased at distances 10–40 km from rivers. Giraffe were not influenced by a change 
in natural or artificial water availability. It appears, therefore, that forage is the major 
driver influencing the distributions of steenbok and giraffe.
6.3.2 Influence of elephant density
The spatial distribution as well as the total available grass biomass was hardly influ-
enced by reducing or increasing elephant density (Figure 6.4, Appendix E: Figure E4). 
However, the spatial distribution and the total available woody biomass of all size 
classes changed. The 2–3 and 3–6 m size classes were particularly negatively influ-
enced by elephant densities.
Although only moderate effects of elephants on grass and woody biomass were found, 
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the spatial distributions of the mixed feeders, meso-browsers, and meso-grazers dif-
fered in reaction to the different elephant densities. The spatial distribution trends of 
all meso-browsers, except for giraffe, closely followed the spatial distribution and bio-
mass changes of trees in height classes on which they prefer to browse, illustrating the 
potential cascading effects of elephants on meso-browsers (Figure 6.4). Furthermore, 
when elephant densities increased, all animal species groups had lower densities close 
to rivers and higher densities at intermediate distances to rivers, independent of nat-
ural water availability (Figure 6.4, Appendix E: Figure E4), indicating that elephants 
compete with meso-browsers, mixed feeders, and meso-grazers as they move toward 
the river in response to sparser water sources. Only buffalo densities increased at dis-
tances very close to rivers and, under very dry conditions, also at 5–10 km from rivers, 
suggesting either that buffalo were positively indirectly affected by elephants or that 
the water dependency of this animal was overriding the negative effects in terms of 
reduced forage availability.
6.4 Discussion
By manipulating elephant densities and the availability of natural and artificial water 
via model simulations, we explored the extent to which different WP closure scenarios 
affect the spatial distribution of elephants and investigated the concomitant cascad-
ing effects of elephants on meso-browsers, mixed feeders and meso-grazers. Our study 
provides new and improved insights into the large-scale and cascading effects of water 
management in savanna ecosystems and contributes to ecologically informed decisions 
in wildlife management. We found that elephants compete with all other herbivore 
species investigated in this study under conditions where water is not limiting, except 
for buffalo, on which they have a facilitative effect. This implies that elephants reduce 
the availability and distribution of forage for most other wildlife species. During these 
natural wet conditions we found hardly any effect of the closure of artificial WPs. The 
spatial distribution of both elephant bulls and cows did change when the availability 
of artificial water was reduced, but only under intermediately dry and very dry condi-
tions. These changes in spatial distribution triggered changes in the spatial availability 
of woody biomass over the simulation period and this led to changes in the rest of the 
herbivore community. Changes in the densities of a keystone species such as elephant 
can result in cascading effects that affect other trophic levels, and, indeed, an entire 
ecosystem (e.g., Bond 1993). This has been extensively studied for predators, e.g., with 
the reintroduction of the wolf in Yellowstone National Park (Ripple & Beschta 2012), as 
well as changes in ecosystem engineers, in particular elephants, which have resulted 
in large cascading effects (Kerley et al. 2008). For example, the increase of browsers 
in the Hluhluwe Game Reserve in South Africa was ascribed to the disappearance of 
elephants from the region leading to bush thickening, whereas the entry of elephants in 
the Addo Park in South Africa has led to increasing densities of small browsers (Owen-
Smith 1989). Comparing our findings with those of Ripple and Beschta (2012), we argue 
that the effects of water intervention measures within an ecosystem might be similar to 
those of predator control strategies.
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The spatial distribution and availability of woody biomass at all height classes was 
altered when elephant densities were increased or decreased. All meso-browsers, 
excluding giraffe, closely tracked these changes in woody vegetation, illustrating the 
potential cascading effects of elephant on meso-browsers (similar to findings of Owen-
Smith 1989; Lagendijk, Page & Slotow 2012). Furthermore, forage limitation, rather than 
water limitation, was shown to be driving the spatial distributions of meso-browsers 
and meso-mixed feeders under the very wet and intermediately wet scenarios, indicating 
that elephants indirectly negatively affected their spatial distributions (comparable to 
findings of Redfern 2002; Redfern et al. 2003). This is partly in contrast with the results 
of Kohi et al. (2011), who suggested positive effects of elephants on small herbivores, 
but in line with the conclusions of Fritz et al. (2002), who claimed that meso-browers 
and meso-mixed feeders are expected to be negatively affected by elephants. Regarding 
meso-grazers, our results indicate that zebra compete with elephants and buffalo for 
available forage, while wildebeest are facilitated by zebra and, to a lesser extent, by buf-
falo, explaining the high densities of zebra and wildebeest in areas further away from 
rivers with low buffalo and elephant densities (see also De Boer & Prins 1990; Van De 
Koppel & Prins 1998). However, zebra and wildebeest might just avoid areas near rivers 
because of their preference for open areas, which are located further away from rivers 
(Smit 2011). Regarding the interaction between buffalo and elephant, De Boer and Prins 
(1990) and Van De Koppel and Prins (1998) claimed that buffalo and elephant compete 
for the same resources, resulting in a negative correlation between the population sizes 
of these species. Our results showed positive regression coefficients in local densities, 
suggesting that either buffalo is positively indirectly affected by elephants, similar to 
findings of Skarpe et al. (2004), or that the water dependence of these species override 
the competitive effects (Smit & Grant 2009; Smit 2011).
The changes in grass and woody biomass and distribution caused by changing ele-
phant densities were smaller than expected, whereas yearly consumption by elephants 
and annual primary production of both trees and grasses were comparable to rates 
observed in other studies (Table 6.1; Jacobs & Naiman 2008; Knapp et al. 2012). This 
lack of response can possibly be explained by two reasons. First, it was found that the 
percentage of total grass and wood consumption to total grass and woody biomass only 
moderately increased in response to an increase in elephant density (Table 6.1), indicat-
ing that either the KNP elephant carrying capacity might be still relatively far above the 
numbers used in this study or that the primary production of plants might have been 
simulated as too high. By running SAVANNA with gaps in woody and grass biomass, it 
was found that it took approximately one year before grass biomass was restored, and 
10–15 years before woody biomass at the lowest heights was restored, indicating that 
the parameters used to simulate the primary production of plants were realistic. Ani-
mal numbers, however, were based on census data, i.e., total counts, in which possible 
imperfect detection might have led to an underestimation of actual numbers (Martin et 
al. 2010). Secondly, the exclusion of fires in this model might have led to an underesti-
mation of the effects of changing elephant densities, since, especially, the co-occurrence 
of fires and herbivory has been shown to significantly influence savanna ecosystems 
(Dublin, Sinclair & McGlade 1990; Van Langevelde et al. 2003; Shannon et al. 2011).
The closure of WPs only changed the distribution and local densities of elephants and 
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other species, and, thus, also their impact on the structural heterogeneity and biomass 
of the vegetation during drought episodes. Under very wet and intermediately wet 
conditions, hardly any alterations in elephant, meso-grazer, meso-mixed feeders and 
meso-browser spatial distributions were found when the availability of artificial water 
was reduced. The closure of WPs did not, in turn, lead to changes in the spatial avail-
ability of woody and grass biomass during wet episodes. Under these conditions, there 
is enough natural surface water available to ensure that the animals are not water-lim-
ited. Under intermediately dry and very dry conditions, shifts in the spatial distribu-
tions were clearly visible. This is comparable with findings of Smit and Grant (2009) 
and Mwakiwa et al. (2013), who stated that the construction or closure of WPs would 
affect the landscape in the KNP during periods of drought. 
Both elephant bulls and cows moved closer toward natural water sources when WPs 
were closed, but cows moved more closer to rivers than bulls (similar to findings of e.g., 
Stokke & Du Toit 2002; Smit, Grant & Whyte 2007b). Elephant bulls and cows showed to 
be less affected by the closure of WPs than most of the other herbivore species, which 
is supported by other studies (Redfern et al. 2005; Smit, Grant & Devereux 2007; Smit, 
Grant & Whyte 2007a; Smit, Grant & Whyte 2007b). Meso-grazer and impala densi-
ties increased in the proximity of rivers during drought conditions when WPs were 
closed, forcing them to move toward rivers. However, densities near rivers increased 
when water availability reduced, indicating that the negative effects of elephants on 
available forage became less important in determining the spatial distribution of the 
meso-mixed feeders and meso-grazers when water became limiting. The meso-brows-
ers, bushbuck and kudu, also showed a redistribution toward rivers when WPs were 
closed under drought conditions, but giraffe and steenbok appeared unaffected by any 
changes in water availability, indicating that forage drives their spatial distributions 
(Redfern 2002; Redfern et al. 2003; Smit, Grant & Devereux 2007). 
At present, KNP management is planning to close more of the remaining WPs in the 
park in order to facilitate a return to previous animal distribution patterns, and to 
allow vegetation to recover and to promote heterogeneity. The results from this mod-
eling exercise suggest, however, that even more extreme measures might be necessary 
to allow vegetation and animal distribution patterns to return to conditions before 
the construction of WPs. Note, though, that we did not consider the effects of the clo-
sure of WPs on animal densities in this study, whereas it can be expected that closing 
WPs might affect not only animal distribution patterns but also their densities (Cha-
maillé-Jammes, Valeix & Fritz 2007b). However, to our knowledge, empirical evidence 
for effects of WP closure on animal densities is absent. 
The indirect management actions that aim to influence the spatial distribution of wild-
life are poorly studied compared to the effect of direct actions such as culling (Balfour 
et al. 2007; Van Aarde et al. 2008). To our knowledge, the results from this study pro-
vide new and improved insights into wildlife management by the large-scale and cas-
cading effects of water management in savanna ecosystems. However, SAVANNA and 
other ecological models are always limited in predicting ecosystem changes, and vali-
dation of ecological models is, therefore, of great importance. In addition, to account for 
uncertainty in the model, a sensitivity analysis, to identify the most important param-
eters of the model and to test the robustness of the results, should be a future research 
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priority. Our results imply that the impacts of the closure of water points may go largely 
unnoticed until droughts occur, and that long-term effects of intervention strategies, 
such as closure of water points, should always be investigated at an ecosystem scale.
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7.1 Introduction
The central aim of this thesis was to quantify population viability 1) for a large number of 
species and 2) as an explicit function of anthropogenic pressures. In chapter 2 to 6, popu-
lation viability of birds and mammals was calculated in relation to body size and feeding 
guild (chapters 2 and 3), to chemical exposure (chapters 4 and 5) and water availability 
(chapter 6). Here, the findings of the previous chapters are synthesized by evaluating 
the applicability of the approaches proposed to obtain population viability information 
for more species (section 7.2) and as an explicit function of specific anthropogenic pres-
sures (section 7.3). Additionally, the applicability of the different metrics of population 
viability used in this thesis is discussed (section 7.4). Finally, section 7.5 summarizes the 
previous sections and concludes this synthesis.
7.2 Estimating population viability for a large 
number of species
Identifying species in need of particular conservation attention is important to effec-
tively protect biodiversity (Purvis et al. 2000). To this end, conservation managers and 
policy makers require population viability information on as many species as possible, 
including information on the determinants of vulnerability to extinction. In this study, 
extinction vulnerabilities were quantified using two intrinsic traits of species: body size 
and feeding guild. Allometric relationships between body size and demographic param-
eters were developed and applied to assess the influence of body size on various extinc-
tion vulnerability metrics (minimum viable population, critical patch size, probability of 
extinction and mean time to extinction) of both carnivorous and non-carnivorous bird 
and mammal species. It was found that larger species tend to have large extinction vul-
nerabilities and that body size and feeding guild explained a large proportion (between 
44% and 92%) of the variance in the proportion of threatened species as listed by the 
International Union for Conservation of Nature (IUCN 2017). Additionally, extinction 
vulnerability varied more with body size than with feeding guild (carnivores versus 
non-carnivores). This is similar to the findings of Boyer (2008) and Davidson et al. (2009), 
and might be explained by the fact that body size is an important covariate of various 
traits that have been found to significantly correlate with extinction, such as geograph-
ical range size, population density, dispersal ability and reproductive rate (McKinney 
1997; Cardillo et al. 2005; Liow et al. 2008; Davidson et al. 2009). The approaches devel-
oped in chapters 2 and 3 explicitly account for these correlations by using allometric 
relationships between these wildlife demographic parameters and body size. 
Nevertheless, body size per se may not always be good a predictor of the actual extinc-
tion risk of species (Purvis et al. 2000; Liow et al. 2008), which is determined by a combi-
nation of traits and anthropogenic pressures (Davidson et al. 2009). Although the models 
developed in chapters 2 and 3 currently capture intrinsic determinants of extinction 
vulnerability only, they do allow to investigate changes in extinction vulnerability due 
to anthropogenic factors affecting population sizes, carrying capacities and population 
growth rates (see further section 7.3). 
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It should be noted that the intrinsic extinction vulnerability estimates come with large 
uncertainties (Figures 2.1-2.4 and 3.1). Hence, assessing the viability of specific pop-
ulations may require more complex models, which for example also include spatially 
explicit meta-population analyses. Nevertheless, the results and patterns obtained by 
the allometric approaches were similar to those observed in the field by IUCN (2017) 
and Brook, Traill and Bradshaw (2006). This indicates that the extinction vulnerability 
estimates, which were solely based on two readily available traits (body size and feed-
ing guild), may serve as first-tier estimates of the relative extinction vulnerabilities of 
mammals and birds. This may help to improve current species protection and better 
set conservation targets, especially for the 809 mammal and 58 bird species on which 
there is insufficient information available to assess their threat status (IUCN 2017). Fur-
ther, extinction vulnerability predictions based on body size and feeding guild could be 
refined by replacing the (uncertain) allometric relationships for range size as developed 
in this thesis by the increasingly available species-specific data on the geographical 
range size (IUCN 2017) combined with habitat suitability models (Jetz, Wilcove & Dob-
son 2007; Rondinini et al. 2011). 
Similar approaches could be developed to estimate extinction vulnerabilities of other tax-
onomic groups. Recently, an increasing number of allometric relationships between body 
size and demographic parameters for plants, amphibians and reptiles have become avail-
able in literature (Shine 2005; Hendriks 2007; Hendriks et al. 2009; Trakimas, Whittaker 
& Borregaard 2016; Santini et al. 2017; De Jonge et al. 2018). These could help to obtain 
first estimates of the relative extinction vulnerability of the currently 1,956, 1,515 and 
1,006 listed data-deficient plant, amphibian and reptile species, respectively (IUCN 2017).
7.3 Population viability as an explicit function of 
anthropogenic pressures
Quantifying the effects of anthropogenic factors on populations in a changing environ-
ment is highly important to design more targeted and effective conservation actions 
(Purvis et al. 2000). In general, anthropogenic pressures affect populations by decreas-
ing the population growth rate, population size, population distribution and/or carrying 
capacity. In this thesis, the influence of two human pressures on population viability was 
investigated: chemical pollution (affecting the growth rate and carrying capacity) and 
water scarcity (affecting the distribution). 
The effect of chemical pollution was quantified based on pressure-response relationships 
between the toxicant exposure levels and the growth rate (survival and reproduction) 
and carrying capacity of a population (Hakoyama, Iwasa & Nakanishi 2000; Nakamaru, 
Iwasa & Nakanishi 2003; Hendriks et al. 2005; Korsman et al. 2012). This approach was 
applied in two case studies: to quantify the impact of DDE on the white-tailed eagle, bald 
eagle and osprey (chapter 4) and to calculate the reintroduction efforts required to mit-
igate the impact of DDE on the peregrine falcon population in California (chapter 5). It 
was found that the exposure concentrations were high enough to increase population 
extinction vulnerabilities of all studied bird species in the second half of the 20th century. 
The results further indicated that the reintroduction efforts required to mitigate these 
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toxicant impacts were substantial (chapter 5), which highlights the need to timely quan-
tify and counteract the effects of chemical exposure on populations. Pressure-response 
relationships were retrieved with regression analyses from either laboratory (chapter 
4) or field monitoring data (chapter 5). Although the use of field data obviates the need 
to extrapolate lab-based effect measures to field responses (Hill et al. 1994; Traas, Lut-
tik & Jongbloed 1996; Bednarska, Jevtić & Laskowski 2013; Forbes & Calow 2013), it 
requires approaches to correct for the confounding influences of other environmental 
factors on the responses observed. In this thesis quantile regression was applied for this 
purpose, similar to e.g., Van Goethem et al. (2015), Hoondert et al. (2018) and Muller, 
Cade and Schwarzkopf (2018). However, it was found that quantile regression requires 
a large amount of field monitoring data evenly spread over the pressure-response plane 
to obtain significant relationships for the upper boundaries of the response variable dis-
tribution (such as the 95th percentile). Therefore, population viability assessments based 
on laboratory data might be preferred. Nevertheless, laboratory experimentation is lim-
ited to due to practical, financial and ethical constraints (Hendriks 2013; Hoondert et al. 
2018), and, as shown in chapter 4, population-level laboratory data of toxicant impacts 
are therefore lacking for many mammals and birds, including threatened or endangered 
species (Forbes et al. 2016). Thus, in absence of laboratory data, the quantile regression 
method based on field data may be applied to obtain an increasing number of (first) esti-
mates of population extinction vulnerabilities due to chemical exposure. 
The effect of water scarcity on the spatial distribution of populations was quantified 
using pressure-response relationships between water availability and habitat suita-
bility. Habitat suitability was determined by forage biomass, slope, elevation, vegeta-
tion cover and distance to water in combination with species-specific information on 
environmental requirements. It was found that water scarcity becomes a problem in 
savanna landscapes when drought periods occur, leading in general to decreased pop-
ulation distributions. Additionally, the results indicated that the proposed management 
strategy of decreasing the water availability in the landscape to facilitate a return to 
previous animal distribution patterns would not result into the expected effects and 
that additional measures might be necessary, highlighting the value of using modelling 
approaches to predict system-wide impacts of conservation actions (Nichols & Williams 
2006; McGowan et al. 2017). However, as in the model the effects of water scarcity on 
population densities were not included, additional data on these impacts may help to 
better assess the anticipated effects of the proposed management actions in the future. 
Furthermore, as complex models, such as the one used in chapter 6, are invariably 
employed for the on-site prediction of dynamics and thus primarily suitable to answer 
specific conservation questions for specific areas and species populations, the impacts 
of other anthropogenic factors that influence the spatial distributions of herbivore pop-
ulations in savanna landscapes may be investigated, such as climate change, fencing and 
fire management (Christensen et al. 2004; Bunting et al. 2016; Fullman et al. 2017). This 
would require site-specific parameters to produce meaningful results (Van Langevelde 
et al. 2011).
Future research may also focus on quantifying the influence of particular pressures 
on population extinction vulnerabilities for a large number of species by using similar 
allometric approaches based on body size as developed in chapters 1 and 2, including 
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pressures that influence the population size, the population growth rate or the carry-
ing capacity, such as climate change, diseases, habitat alteration, hunting, culling and 
the introduction of predators (e.g., Nacci et al. 2005; Munns Jr 2006; Carrete et al. 2009; 
Benítez-López et al. 2017; Greenville, Wardle & Dickman 2017; Martay et al. 2017). To 
this end, the effects of these pressures on the demographic parameters should be related 
to body size. Thus, pressure-response relationships should be quantified for many spe-
cies so that relationships between body size and effect measures (such as half of the 
maximal effective concentration [e.g. EC50 or LC50] and the Hill slope coefficient) could 
be derived. These relationships can then be combined with equations that relate the pop-
ulation growth rate, population size, population distribution and/or carrying capacity 
with body size, as used for the population growth rate and carrying capacity in chap-
ter 4. Data requirements to quantify pressure-response relationships for many species, 
including interactive (and cumulative) effects, might, however, limit this type of study at 
the moment (Munns Jr 2006; Crain, Kroeker & Halpern 2008). Methods that help to use 
the available data more effectively, such as interspecies extrapolation (e.g., Raimondo, 
Mineau & Barron 2007) and the quantile regression approach presented in chapter 4, 
may provide a means to increase the number of species for which pressure-response rela-
tionships and hence population extinction vulnerabilities due to anthropogenic stress-
ors can be quantified. Ultimately, by including both the relevant intrinsic and external 
factors, we should be able to even more accurately predict extinction vulnerabilities. 
7.4 The applicability of different population  
viability metrics
In this thesis, multiple population viability metrics were applied: the probability of 
extinction/extirpation, the mean/median time to extinction/extirpation, the critical 
patch size, the minimum viable population size, the population growth rate and the local 
population size or density (Table 1.1). The level of detail of the models and corresponding 
metrics was matched with the modelling objectives and the available data (Figure 7.1). In 
the first chapters of this thesis, relatively simple models were employed to assess met-
rics indicative of the presence or absence of species (i.e., the probability of extinction/
extirpation, the mean/median time to extinction/extirpation, the critical patch size, the 
minimum viable population size and the population growth rate). Of these metrics, the 
probability of extinction/extirpation, mean/median time to extinction/extirpation and 
population growth rate are all measures that quantify population persistence. Never-
theless, the population growth contains less detailed information than the probability of 
extinction/extirpation and mean/median time to extinction/extirpation, which, in turn, 
were found to provide near-identical information, thus making one largely redundant. 
The minimum viable population size and critical patch size indicators can be used com-
plementary to obtain guidelines for increasing habitat area and reintroducing individu-
als. Furthermore, these ecological thresholds can be translated into measures of extinc-
tion risk by directly comparing them with monitoring data on the current population 
size and habitat area (see chapter 1). To parameterize these metrics of occurrence, infor-
mation on, for example, the intrinsic population growth rate, the geographical range size 
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and the current population size of species was used in chapters 2 and 3. Thus, implicitly, it 
was assumed that a species consists of one interconnected population. Such an assump-
tion may be valid to obtain first-tier estimates of the relative extinction vulnerability of 
a large number of species, which is relevant information for global conservation organi-
sations such as the IUCN. However, more specific, population-level viability information 
is often needed in conservation assessments or planning. Additional population-specific 
input data to quantify similar extinction vulnerability metrics on a population-level are 
required in these cases instead (see chapter 4). The availability of this type of data is typ-
ically limiting population viability assessments such as ours to more well-studied spe-
cies, populations and areas. In general, with further increasing complexity, models are 
more representative of the complex systems populations live in, by including the many 
processes and scales that affect organisms and management decisions, and correspond-
ing output metrics will contain more detailed information (Beissinger 2002). Thus, when 
viability information is needed to answer conservation questions for specific mammal 
and bird populations, such as in chapters 5 and 6, more complex models are required to 
assess metrics indicative of local population sizes or densities. These local metrics (local 
population size and density) can be used in combination with an ecological threshold 
such as the minimum viable population size to obtain measures of extinction risk as they 
provide detailed information on local population abundances (see chapter 5). However, 
increasing the complexity of models also greatly inflates the number of model parame-
ters that need to be estimated (Beissinger 2002). As stressed by Beissinger (2002), “it is 
an unusual endangered species for which we have enough data to estimate most param-
eters in these [complex] models”. Thus, there exists a trade-off between model realism 
and the number of parameters to be estimated (Boyce 1992; Akçakaya & Sjögren-Gulve 
Figure 7.1 | Schematic represen– 
tation of the relationship be- 
tween data availability and the 
level of detail of models and 
metrics. The chapters of this PhD 
thesis are situated along this con-
tinuum.
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2000). Therefore, methods and metrics are to be selected based on the question to be 
addressed, the ecology of the species or population, and the data available (Figure 7.1) 
(Morris et al. 1999; Akçakaya & Sjögren-Gulve 2000). 
7.5 Conclusions
A general key question underlying this thesis is whether we can make clever use of the 
available data so that quantitative models can be applied to assess the population via-
bility of multiple species in relation to either species traits or anthropogenic pressures. 
The findings show that:
1.  Body size and feeding guild can be profitably used to obtain first-tier estimates of 
the extinction vulnerability of a large number of species and populations. In general, 
both parameters are widely available for multiple taxonomic groups. Moreover, the 
process-based model approach can provide a mechanistic understanding of the vul-
nerability. 
2.  It is possible to explicitly account for anthropogenic pressures in population viability 
analyses in multiple, complementary ways. Pressure-response relationships can be 
obtained from either field or laboratory data and used to quantify the impacts of dif-
ferent pressures on different parameters in viability models. 
3.  The population viability metrics applied in this thesis provide complementary con-
servation information. Abundance indicators (such as local population size and den-
sity) provide detailed information on local population sizes, whereas area indicators 
(such as CPS) and population size indicators (such as MVP) give insights into the 
amount of habitat area and number of individuals to be conserved, and extinction 
probability indicators (such as PE), extinction time indicators (such as MTE) or pop-
ulation growth indicators (such a r) reflect the probability of persistence of a popula-
tion. 
Together these findings show that we can already accurately quantify relevant popula-
tion viability information both for a large number of species and as an explicit function 
of anthropogenic pressures with the data currently available. 
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Figure A1 | The derived allometric relationships for ND of carnivorous birds (a), non-carnivorous birds 
(b), carnivorous mammals (c), non-carnivorous mammals (d). Solid dots = bin medians, hollow dots = 
original data.
Table A1 | The details regarding the derived empirical allometric relationships for ND. The 95% confidence 
interval is reported between brackets.
Taxonomic group
Empirical 
slope
Set 
slope
Empirical 
intercept
Corresponding 
intercept
N Nbins R2
Carnivorous birds
-1.21 
(-1.63;-0.79)
-0.88
0.01 
(0.007;-0.03)
0.02 115 7 0.85
Non-carnivorous 
birds
-0.53 
(-0.66;-0.40)
-0.75
0.15 
(0.10;-0.23)
0.08 618 41 0.51
Carnivorous mam-
mals
-1.23 
(-1.82;-0.64)
-0.88
7.76 
(1.35;46.8)
8.72 78 5 0.86
Non-carnivorous 
mammals
-0.71 
(-0.80;-0.63)
-0.75
54.95 
(43.7;70.8)
54.95 584 38 0.89
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Figure A2 | The derived allometric relationships for KD of carnivorous birds (a), non-carnivorous birds (b), 
carnivorous mammals (c), non-carnivorous mammals (d). Solid dots = bin medians, hollow dots= original data.
Table A2 | The details regarding the derived empirical allometric relationships for KD. The 95% confidence 
interval is reported between brackets.
Taxonomic group Empirical slope
Set 
slope
Empirical  
intercept
Set 
intercept
N Nbins R2
Carnivorous birds -1.48 (-2.21;-0.75) -0.88 0.23 (0.08;1.35) 0.34 115 7 0.70
Non-carnivorous 
birds
-0.85 (-1.08;-0.62) -0.75 5.13 (2.45;11.0) 6.76 618 41 0.51
Carnivorous  
mammals
-1.15 (-1.86;-0.44) -0.88 144 (17.0;1230) 156 78 5 0.85
Non-carnivorous 
mammals
-0.71 (-0.83;-0.59) -0.75 1071 (759;1514) 1071 584 38 0.89
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Figure A3 | The 5th (solid diamonds), 50th (solid dots) and 95th (solid triangles) percentiles of A of 
carnivorous birds (a), non-carnivorous birds (b), carnivorous mammals (c), non-carnivorous mammals 
(d). Original data is depicted by the hollow dots.
110  APPENDICES
Figure A4 | PE in relation to body size for CV set at 0.1 (birds=a, mammals=b) and 1.0 (birds=c, 
mammals=d).
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Figure A5 | MTE in relation to body size for CV set at 0.1 (birds=a, mammals=b) and 1.0 (birds=c, 
mammals=d).
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Figure A6 | CPS in relation to body size of group A dispersers for α set at 0.1 (birds=a, mammals=b) 
and 0.9 (birds=c, mammals=d), and group B dispersers for α set at 0.1 (birds=e, mammals=f) and 0.9 
(birds=g, mammals=h).
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Figure A7 | CPS/A in relation to body size of group A dispersers for α set at 0.1 (birds=a, mammals=b) 
and 0.9 (birds=c, mammals=d), and group B dispersers for α set at 0.1 (birds=e, mammals=f) and 0.9 
(birds=g, mammals=h).
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Figure A8 | The proportion of threatened species as listed by IUCN in relation to body size using 6 mass 
bins for carnivorous birds (a), non-carnivorous birds (b), carnivorous mammals (c), non-carnivorous mam-
mals (d).
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Figure A9 | The proportion of threatened species as listed by IUCN in relation to body size using 24 
mass bins for carnivorous birds (a), non-carnivorous birds (b), carnivorous mammals (c), non-carnivorous 
mammals (d).
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Figure A10 | The proportion of threatened species as listed by IUCN in relation to body size using mass bins 
including 50 observations each for carnivorous birds (a), non-carnivorous birds (b), carnivorous mammals 
(c), non-carnivorous mammals (d). Note that this resulted into 7 bins for carnivorous birds, 121 bins for 
non-carnivorous birds, 8 bins for carnivorous mammals and 26 bins for non-carnivorous mammals.
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Table A3 | Spearman’s Rank-Order correlation coefficients between the extinction risk indicators and pro-
portion of threatened species as listed by IUCN using different numbers of mass bins for CV=0.5 or α=0.5, 
and median geographical range sizes.
Indicator Species group
Correlation coefficients
12 bins 6 bins 24 bins 50 points per bina
PE
Carnivorous birds  0.75**  0.44  0.55**  0.76*
Non-carnivorous birds  0.85***  0.60  0.67***  0.74***
Carnivorous mammals  0.80**  0.83  0.59**  0.93***
Non-carnivorous mammals  0.94***  0.94*  0.89***  0.85***
1/MTE
Carnivorous birds  0.75**  0.44  0.54**  0.74
Non-carnivorous birds  0.85***  0.60  0.67***  0.73***
Carnivorous mammals  0.80**  0.77  0.59**  0.92**
Non-carnivorous mammals  0.93***  0.94*  0.89***  0.84***
CPS/Ab
Carnivorous birds  0.66*  0.62  0.48*  0.76*
Non-carnivorous birds  0.90***  0.71  0.72***  0.75***
Carnivorous mammals  0.81**  0.83  0.62**  0.94***
Non-carnivorous mammals  0.96***  0.94*  0.93***  0.86***
a 7 bins for carnivorous birds, 121 bins for non-carnivorous birds, 8 bins for carnivorous mammals and 26 bins for  
non-carnivorous mammals
b Coefficients for CPS/A were independent of the habitat affinity group
* Coefficient is significant at the 0.05 level (2-tailed)
** Coefficient is significant at the 0.01 level (2-tailed)
*** Coefficient is significant at the 0.001 level (2-tailed)
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Appendix B
Figure B1 | Distribution of the linear regression coefficients sampled through the MCMC chains. (a, b) 
Linear regression between body mass and rm; (c, d) Linear regression between body mass and σr. The 
coefficient distributions are used to predict a distribution of rm and σr as a function of body mass.
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Table B1 | The species-specific MVP targets for 3457 terrestrial mammal species can be found at https://
onlinelibrary.wiley.com/action/downloadSupplement?doi=10.1111%2Fcobi.12846&attachmentId=213664629
Table B2 | Corrected Akaike’s Information Criterion values for the regression models (intercept-only, linear and 
quadratic) of the log10-transformed population targets against log10-transformed body masses (N=31) of the 
population models using an extinction threshold of 2 individuals and different intrinsic growth rate conditions.
Condition Regression model
Population model
Consensus Ricker-logistic Gompertz-logistic
rm
Intercept-only 64.57 57.45 71.10
Linear -6.60 -4.28 -8.69
Quadratic -78.76 -64.64 -96.84
80% of rm
Intercept-only 69.36 58.07 78.97
Linear -8.96 -12.49 -5.28
Quadratic -87.66 -76.23 -100.97
60% of rm
Intercept-only 78.67 63.80 90.67
Linear -6.58 -16.57 2.19
Quadratic -96.10 -91.13 -101.18
40% of rm
Intercept-only 95.48 78.89 108.56
Linear 6.87 -9.12 19.60
Quadratic -93.11 -102.30 -84.81
20% of rm
Intercept-only 123.88 109.77 135.38
Linear 35.28 20.67 47.39
Quadratic -86.15 -79.36 -77.90
0% of rm
Intercept-only 183.27 183.28 183.27
Linear 116.96 116.95 116.97
Quadratic 24.78 24.65 24.95
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Figure B2-1 | MVP targets (in individuals) in relation to body mass (in kg) for the Ricker-logistic and Gom-
pertz-logistic models with six different intrinsic growth rate conditions (rm, 80% of rm, 60% of rm, 40% of rm, 
20% of rm and 0% of rm) and the extinction threshold set at 2 individuals. Dots represent the means of the 
MVP targets, lines represent the fit through the means, and whiskers represent two standard deviations 
above and below the mean. 
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Figure B2-2 | The comparison of the regressions on the MVP targets from the Ricker-logistic and Gompertz- 
logistic models (lines represent the model fits through the means and shades represent two standard 
deviations above and below the mean) with 135 species- and context-specific MVP estimates of terrestrial 
mammals obtained from Brook, Traill and Bradshaw (2006) (dots).
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Figure B3 | MVP targets (in individuals) in relation to body mass (in kg) for the consensus, Ricker-logistic 
and Gompertz-logistic models with six different intrinsic growth rate conditions (rm, 80% of rm, 60% of 
rm, 40% of rm, 20% of rm and 0% of rm) and the extinction threshold set at 500 individuals. Dots represent 
the means of the MVP targets, lines represent the fit through the means, and whiskers represent two 
standard deviations above and below the mean.
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Appendix C
Table C1 | Reference list of the empirical values for the parameters in the method application.
Parameter Species Value Source
rmax
White-tailed eagle
0.06 (Sulawa et al. 2010)
0.09 (Evans et al. 2009)
0.19 (Kollmann, Neumann & Struwe-Juhl 2002)
0.14 (Korsman et al. 2012)
Bald eagle
0.09 (Watson et al. 2002)
0.15 (Watson et al. 2002)
0.3 (Mougeot et al. 2013)
0.18 (Gross & Brauning 2011)
0.10 (United States Army Corps of Engineers 1997)
0.08 (Watts, Therres & Byrd 2008)
0.07 (Buehler et al. 1991)
0.19 (Buehler et al. 1991)
Osprey
0.15 (Wahl & Barbraud 2014)
0.31 (Bretagnolle, Mougeot & Thibault 2008)
0.24 (Saurola 2005)
σr
White-tailed eagle
0.03* (Hauff 2009)
0.05* (Sansom, Evans & Roos 2016)
0.03* (Sulawa et al. 2010)
0.04* (Herrmann et al. 2011)
0.07* (Herrmann et al. 2011)
0.06* (Herrmann et al. 2011)
0.05* (Krüger, Grünkorn & Struwe-Juhl 2010)
Bald eagle
0.05 (Watts, Therres & Byrd 2008)
0.06* (Watson et al. 2002)
0.17* (Pettus, Pettus & Lim 1992)
0.08* (Hammond 2010)
0.05* (Isaacs & Anthony 2011)
0.05* (Buehler et al. 1991)
0.08* (Mougeot et al. 2013)
0.60 (Brook, Traill & Bradshaw 2006)
Osprey
0.05* (Henny et al. 2010)
0.07* (Wahl & Barbraud 2014)
0.05* (Gedeon, Mitschke & Sudfeldt 2004)
0.04* (Saurola 2008)
0.07* (Schmidt-Rothmund, Dennis & Saurola 2014)
0.04* (Schmidt-Rothmund, Dennis & Saurola 2014)
0.07* (Lohmus 2001)
dm White-tailed eagle
28 (Whitfield et al. 2009a)
57 (Whitfield et al. 2009a)
89 (Struwe-Juhl & Grünkorn 2007)
90 (Whitfield et al. 2009a)
114 (Whitfield et al. 2009a)
90.6 (Whitfield et al. 2009b)
78.4 (Whitfield et al. 2009b)
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Parameter Species Value Source
dm
Bald eagle
55.85 (Millsap et al. 2014)
48.54 (Millsap et al. 2014)
61.17 (Millsap et al. 2014)
77.13 (Millsap et al. 2014)
71.14 (Millsap et al. 2014)
81.78 (Millsap et al. 2014)
91.76 (Millsap et al. 2014)
103.72 (Millsap et al. 2014)
69.20 (Millsap et al. 2014)
Osprey
27 (Saurola 2005)
133 (Saurola 2005)
27 (Martell, Englund & Tordoff 2002)
384 (Martell, Englund & Tordoff 2002)
441 (Johnson & Melquist 1991)
14.5 (Postupalsky 1989)
38 (Postupalsky 1989)
1/μ
White-tailed eagle
29.83 (Fransson 2010)
21 (Walters 2009)
17 (Hailer 2006)
22.5 (Forestry Commission England 2016b)
27 (Carey & Judge 2000)
21.1 (Carey & Judge 2000)
21 (The Royal Society for the Protection of Birds 2016)
Bald eagle
15.4 (Siciliano Martina 2013)
18 (United States Forest Service 2002)
17.5 (American Bald Eagle Information 2016)
25 (Environment Alaska 2016)
21.9 (Carey & Judge 2000)
16 (Nadeau 2012)
10.4 (Carey & Judge 2000)
19 (Siciliano Martina 2013)
Osprey
25 (The Animal Files 2016)
22.5 (Forestry Commission England 2016a)
25 (Henny, Kaiser & Grove 2002)
20 (Poole 1989)
17.5 (The Cornell Lab of Ornithology 2016)
21.9 (Carey & Judge 2000)
25 (Carey & Judge 2000)
23 (Carey & Judge 2000)
24.8 (Carey & Judge 2000)
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Parameter Species Value Source
τg
White-tailed eagle
17.5 (IUCN 2017)
14.5 (Hailer et al. 2007)
11.96 (Krüger, Grünkorn & Struwe-Juhl 2010)
31.67 (Krüger, Grünkorn & Struwe-Juhl 2010)
Bald eagle
10 (Sullivan et al. 2006)
17.2 (IUCN 2017)
9.3 (Sullivan et al. 2006)
10.25 (U.S. Fish and Wildlife Service 2016)
8 (Florida Fish and Wildlife Conservation Commission 2008)
7 (United States Materials Management Service 1992)
Osprey
11.6 (IUCN 2017)
9.6 (Wahl & Barbraud 2014)
6.5 (Florida Fish and Wildlife Conservation Commission 2011)
10 (NSW Scientific Committee 2009)
* Value obtained by deriving annual population growth rates from reported census data on population sizes (r=ln(Nt+1/Nt)) and 
calculating the standard deviation of these growth rates. To ensure that σr reflects environmental stochasticity, we only used 
population growth rate dynamics of populations larger than 50 individuals (Franklin 1980; Lande, Engen & Saether 2003).
Data C1 | Field data used in this study on DDE concentration and reproduction success for the white-
tailed eagle, bald eagle and osprey can be found at
White-tailed eagle: https://esajournals.onlinelibrary.wiley.com/action/downloadSupplement?doi=10.1002%-
2Feap.1685&file=eap1685-sup-0005-TableDataS1_WTE.csv
Bald eagle: https://esajournals.onlinelibrary.wiley.com/action/downloadSupplement?doi=10.1002%-
2Feap.1685&file=eap1685-sup-0003-TableDataS1_BE.csv
Osprey: https://esajournals.onlinelibrary.wiley.com/action/downloadSupplement?doi=10.1002%2Feap.1685&-
file=eap1685-sup-0004-TableDataS1_Osprey.csv
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Table C2 | Reference list of the census data used to obtain observed population growth rates.
Species Region
Time 
period
Reference Abundance measure
White-tailed 
eagle
Baltic Sea coast (Swe-
den)
1965-2005 (Herrmann et al. 2011) Number of terrestrial 
pairs
Baltic Sea coast (Swe-
den)
1965-1997 (Herrmann et al. 2011) Number of terrestrial 
pairs
Quarken area of the Gulf 
of Bothnia (Finland)
1974-1978 (Stjernberg et al. 2008) Number of occupied 
territories
Bald eagle
Michigan and Ohio 
(USA)
1986-2000 (Best et al. 2010) Number of occupied 
territories
Hood Canal (USA) 1992-1997 (Mahaffy et al. 2001) Number of occupied 
territories
Southern Coast of Brit-
ish Columbia (Canada)
1992 (Elliott et al. 2011) Number of bald eagle 
counts
Upper Midwest  (USA)
2006-
2008
(Dykstra et al. 2005)1 Number of occupied 
nests
Wisconsin (USA) 1980-1983 (Suckling & Hodges 2007)
Number of breeding 
bald eagles
Arizona (USA) 1982-1984 (Suckling & Hodges 2007)
Number of breeding 
bald eagles
Pacific Coast (Canada) 1991-1995 (Elliott & Harris 2002)
Number of wintering 
bald eagles
Outside Hood Canal 
(USA)
1992-1997 (Mahaffy et al. 2001) Number of occupied 
territories
Ohio (USA) 1981-1984 (Suckling & Hodges 2007)
Number of breeding 
bald eagles
Chesapeake Bay (USA) 1980-1984
(Watts, Therres & Byrd 
2008)
Number of occupied 
nests
Oregon (USA) 1980-1983 (Suckling & Hodges 2007)
Number of breeding 
bald eagles
Maine (USA) 1980-1984 (Suckling & Hodges 2007)
Number of breeding 
bald eagles
Osprey
Darwin Nature Reserve 
(Russia)
1992
(Kuznetsov, Miroslav & 
Vladimir 2017)
Number of breeding 
ospreys
Seahorse Key (USA) 1972 No census data found
Chesapeake Bay (USA) 2000-2001 No census data found
Delaware River and Bay 
(USA)
2002 (Clark & Wurst 2017)2 Number of nests
Florida Bay (USA) 1969-1972 (Ogden 1975)3 Number of active nests
Sturgeon Lake (Canada) 1991-1992
(Martin, De Solla & Ewins 
2003)
Number of occupied 
nests
Atlantic coast (USA) 1985-1989 (Clark & Wurst 2017)4 Number of nests
Lower Columbia River 
(USA)
2004
(Henny, Grove & Kaiser 
2008)5
Number of occupied 
nests
Ogoki Reservoir (Can-
ada)
1992 No census data found
St. Marys River (Can-
ada)
1991-1992
(Martin, De Solla & Ewins 
2003)
Number of occupied 
nests
Kawartha Lakes (Can-
ada)
1991-1992
(Martin, De Solla & Ewins 
2003)
Number of occupied 
nests
Maurice River (USA) 1985-1989 (Clark & Wurst 2017)4 Number of nests
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Osprey
Georgian Bay (Canada) 1991-1992
(Martin, De Solla & Ewins 
2003)
Number of occupied 
nests
Potomac River (USA) 1972-1973 No census data found
Delaware Bay (USA) 1985-1989 (Clark & Wurst 2017)4 Number of nests
Smith Island (USA) 1972-1973 No census data found
Martin Refuge (USA) 1973 No census data found
Lake Mattamuskeet 
(USA)
1974 No census data found
Maine (USA) 1972-1975 No census data found
Massachusetts (USA) 1972-1973 No census data found
Lower Columbia River 
(USA)
1997-1998
(Henny, Grove & Kaiser 
2008)6
Number of occupied 
nests
Michigan (USA) 1972-1973 No census data found
Ogoki Reservoir (Can-
ada)
1971 (Postupalsky 1977)7
Number of occupied 
nests
Lake of the Woods 
(USA)
1967-1971
(Grier, Sindelar & Evans 
1977)8
Number of nests
Crane Prairie Reservoir 
(USA)
1993 No census data found
Willamette River (USA) 1993 (Henny et al. 2010) Number of occupied 
nests
Lake Coeur d’Alene 
(USA)
1972-1973 No census data found
Cape May County (USA) 1972 No census data found
Connecticut-Long Island 
(USA)
1969-1976 (Spitzer & Poole 1980) Number of active nests
1 Based on DDE exposure concentrations and census data for the time period 1989-2001 for Lake Superior
2 Based on census data for the time period 2001-2003 for New Jersey
3 Based on census data for the time period 1969-1972
4 Based on census data for the time period 1985-1990 for New Jersey
5 Based on census data for the time period 1998-2004
6 Based on census data for the time period 1997-2004
7 Based on census data for the time period 1970-1971
8 Based on census data for the time period 1967-1971
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Figure C1 | PE (dimensionless) and MTE (in years) for K(0) set equal to 5000 individuals in relation to DDE 
exposure concentration (mg/kg ww egg) for the white-tailed eagle, bald eagle and osprey. The relationships 
for the bald eagle and osprey were extrapolated (transparent lines and areas) to a DDE concentration of 
73 mg/kg ww egg (i.e., the maximum measured DDE concentration in white-tailed eagle eggs) to facilitate 
comparison among the species. Lines represent loess fits through the medians. Shaded areas represent the 
area between the 10th and 90th percentiles of the estimates.
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Figure C2 | Correlation coefficients between PE and MTE and their model parameters for the two 
scenarios for the carrying capacity without toxicant exposure and current population size (left: K(0) = 
500, right: K(0) = 5000). Model parameters: the exposure-response relationship (E-R), the generation 
time (τg), the intrinsic population growth rate (rmax), the standard deviation of the intrinsic population 
growth rate (σr).
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Appendix D
Text box D1. The influence of density dependence.
Density dependence in peregrine falcons typically acts via competition for breed-
ing territories (Newton 1992; Wootton & Bell 1992; Hunt 1998; Kauffman, Pol-
lock & Walton 2004). This can be accounted for by modelling the probability of a 
non-breeding adult acquiring a territory as a function of the current number of 
breeding adults. Non-breeding adults that are not able to acquire a breeding ter-
ritory will remain non-breeding adults in the next year. This gives the following 
transition matrix (Kauffman, Pollock & Walton 2004; Schipper et al. 2013):
(D.1)
(D.2)  with       
where Sj, Snb and Sb denote the survival rates of juveniles, non-breeding birds and 
breeding adults, respectively, FDDE represents the fecundity of breeding adults 
as function of exposure to DDE, Nb denotes the number of breeding adults, Pb 
denotes the probability of a non-breeding bird acquiring a breeding territory, and 
x0 and x1 are shape-fitting parameters. 
We aimed to obtain the values of the shape-fitting parameters for the peregrine 
falcon population in California by minimizing the sum of the squared errors 
between the simulated number of breeders and the number of breeders observed 
from 1982 through 1992 using year-specific peregrine falcon fecundity rates 
observed in California from 1981 to 1991 and population-specific census data 
(Schipper et al. 2013). This revealed that density limitation on the population 
was actually negligible throughout the study period (i.e., the probability to breed 
equaled 1). In other words, as shown by Appendix D: Figure D1, the population 
has likely been too small for significant density dependence effects on the popu-
lation to occur from 1970 through 1994. Therefore, we excluded density-depen-
dent effects on survival and fecundity in this study. 
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Figure D1 | The number of breeding adults over the years as 
observed (dots) and simulated (lines) using different set prob-
abilities of a non-breeding bird acquiring a breeding territory.
Text box D1. The influence of density dependence.
Text box D2. The accumulation of DDE in peregrine falcons.
According to Hendriks et al. (2001), the elimination rate constant in peregrine fal-
cons (average weight of 0.84 kg) for DDE (log Kow = 6.51) equals 0.01 d-1. This means 
that after two years (when introduced young reach the adult breeding stage), DDE 
has accumulated to approximately
(D3)
     
of the equilibrium concentration.
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Table D1 | Information on the context of the captive bred and release program on which the costs of releas-
ing one captive-reared individual was based (MPS 2018; Patrick Redig, personal communication, August 9, 
2018).
Objective
To restore the peregrine falcon populations in the Midwest 
to numbers similar to or higher than before DDE started to 
impact the Midwestern populations.
Methodology 
Acquisition
Young peregrine falcon birds were obtained from 30 – 40 
private peregrine falcon breeders (all falconers) in which the 
price was negotiated individually. Typically, this price ranged 
between $1,500 and $2,000 in which never more than $2,000 
for a bird was paid. However, on occasion, some birds were 
considerably cheaper, even free. On average, the costs of the 
acquisition of one captive-bred individual equaled $1,500 
(over all 1,286 released birds). The young falcons were bought 
from the breeders, shipped to the Raptor Center, checked for 
health, banded and released in the Midwestern states.
Release
The first releases occurred in Minnesota at Weaver Dunes in 
1982 and continued for the next 3 years. After that, releases 
occurred in Michigan in 1986 (continuing for 3 years), Wis-
consin in 1987, followed by the rest of the Midwestern states 
in 1993. In Minnesota, releases ended in 1989 and other states 
released fewer each year, following the recovery of the pop-
ulations, down to 4 in Missouri in 2006. However, occasional 
releases are still occurring. 
From 1982 until 1984, falcons were released on formerly 
inhabited cliff sites along lowland rivers where great horned 
owls (Bubo virginianus) were now prevalent and killed a 
large number of falcons. Predation losses were reduced when 
release sites were moved to major cities (such as Minneapo-
lis and Rochester). Additionally, hack-site operational costs 
(which included personnel costs, falcon food [estimated at 
25 quail per falcon at $1.00 each] and hack-box construction) 
were substantially reduced because of the simplified logistics. 
Over the years, these additional costs equaled on average 
$1,000 per released bird.
Summary
Number of captive-bred 
young released
1,286
Average costs of the 
acquisition of one cap-
tive-bred individual  
$1,500 ($0 – 2,000; from 30-40 falconers/breeders)
Additional average 
costs (food provisioning 
[estimated at 25 quail 
per falcon at $1.00 each], 
hack-box construction 
and hack-site atten-
dants)  
$1,000
Average total costs of re-
leasing one captive-bred 
individual
$2,500
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Figure D2 | Cost estimates (k$) and the number of captive-reared birds required per year to 
maintain an adult population at 116 breeding birds (MVP, upper) and 240 breeding birds (state-de-
fined population target, lower) as a function of the DDE exposure concentration. The solid lines 
represent the scenario in which reintroduction capabilities were unlimited and the dashed lines 
represent the scenario in which reintroduction capabilities gradually were increased over time. 
Cubic spline fitting was used through the medians and the shaded areas represent the range 
between the 5th and 95th percentiles of the estimates.
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Figure D3 | The number of breeding adults over time without reintroduction efforts (dot dashed 
line), unlimited reintroduction efforts (solid line) and gradually increased reintroduction efforts 
(dashed line) to increase the population to 116 breeding birds (MVP, upper) and 240 breeding 
birds (state-defined population target, lower). Cubic spline fitting was used through the medians 
and the shaded areas represent the range between the 5th and 95th percentiles of the estimates.
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Figure D4 | Spearman rank correlation coefficients between the between the yearly cost esti-
mates with unlimited reintroduction efforts (upper) and gradually increasing reintroduction 
efforts (lower), and each of the model parameters: the historical DDE exposure (DDE), the 
survival rate of wild juveniles (Sjw), the survival rate of captive-reared juveniles (Sjc), the survival 
rate of non-breeding adults (Snb), the survival rate of breeding adults (Sb), the reference fecun-
dity (Fr) and the parameters of the exposure-response curve (EC50 and ß). 
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Appendix E
Text box E1. SAVANNA - Model structure
SAVANNA is comprised of several interacting sub-models (Coughenour 1993). 
These include hydrologic, plant biomass production, plant population dynamics, 
ungulate herbivory, ungulate spatial distribution, ungulate energy balance and 
ungulate population dynamics sub-models, which reflect the major processes 
involved in savanna ecosystem dynamics. Appendix E: Figure E1 shows the rela-
tional diagram of the sub-models involved in this study. Note that ungulate pop-
ulation sizes were kept at constant values here. For more detailed information on 
the relational diagrams of the sub-models, the sub-model functions and interac-
tions between sub-models, see Coughenour (1993); Ellis and Coughenour (1998). 
Figure E1 | A relational diagram of the structure of the SAVANNA model used in this study 
(modified from Coughenour 1993).
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Table E2 | Simulated numbers of animals per species within the four defined regions of Kruger National Park 
(see Figure 6.1k for the location of the regions).
Animal species Elephant scenario Region 1 Region 2 Region 3 Region 4
Elephant bull Low 224 164 267 307
Current 448 329 534 614
High 672 494 801 921
Elephant herd Low 1372 1334 1761 1443
Current 2745 2669 3523 2887
High 4118 4004 5285 4331
Buffalo - 6752 2745 16573 11062
Roan - 0 1 8 15
Wildebeest - 1972 6107 620 501
Zebra - 9386 10862 4386 4265
Impala - 52649 59869 16772 23411
Steenbok* - 108 253 86 103
Bushbuck* - 100 individuals throughout KNP
Kudu - 4095 2715 1353 2737
Giraffe - 2635 3454 1216 995
* Note that these species were not the primary focus of the censuses so that their numbers might be underestimated in this 
modeling study.
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Parameter description Buffalo Impala Roan Zebra Wildebeest Steenbok Bushbuck Kudu Giraffe
Elephant
Bulls Cows
Max intake rate (kg/kg/day) Max intake rate (kg/kg/day)
Increaser 1 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Increaser 2 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Decreaser 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Shrub 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Fine leaf palatable 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Fine leaf unpalatable 0 0 0 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Broad leaf palatable 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Broad leaf unpalatable 0 0 0 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Mopane 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Marula 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Wastage fraction (kg/kg/day) Wastage fraction (kg/kg/day)
Increaser 1 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Increaser 2 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Decreaser 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Shrub 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Fine leaf palatable 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Fine leaf unpalatable 0.1 0 0 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Broad leaf palatable 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Broad leaf unpalatable 0.1 0 0 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Mopane 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Marula 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Preferred weights (Note: higher values= relatively more preferred) Preferred weights (Note: higher values= relatively more preferred)
Increaser 1 0.5 0.5 0.5 1 1 0.5 0.1 0.5 0.1 1.5 1.5
Increaser 2 1 1.5 0.5 2 5 1 0.1 0.2 0.1 1.5 1.5
Shrub 0 2 2 0 0 2 2 2 0.1 2 3
Fine leaf palatable 0 2 2 0 0 2 2 2 4 4 4
Fine leaf unpalatable 0 0 0 0 0 0.1 0.1 0.1 0.1 0.1 0.1
Broad leaf palatable 0 2 2 0 0 2 3 3 2 4 4
Broad leaf unpalatable 0 0 0 0 0 0.1 0.1 0.1 0.1 1 0.5
Mopane 0 2 2 0 0 2 2 2 1 3 3
Marula 0 2 2 0 0 2 2 2 2 3 3
Table E1 | Parameter values used in this study – Note that in total 1000+ parameters and input 
maps are  needed to run SAVANNA so that only a subset is depicted here.
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Parameter description Buffalo Impala Roan Zebra Wildebeest Steenbok Bushbuck Kudu Giraffe
Elephant
Bulls Cows
Max intake rate (kg/kg/day) Max intake rate (kg/kg/day)
Increaser 1 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Increaser 2 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Decreaser 0.02 0.029 0.029 0.0268 0.0217 0.016 0.018 0.0225 0.021 0.012 0.015
Shrub 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Fine leaf palatable 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Fine leaf unpalatable 0 0 0 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Broad leaf palatable 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Broad leaf unpalatable 0 0 0 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Mopane 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Marula 0 0.029 0.029 0 0 0.016 0.018 0.0225 0.021 0.012 0.015
Wastage fraction (kg/kg/day) Wastage fraction (kg/kg/day)
Increaser 1 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Increaser 2 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Decreaser 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Shrub 0.1 0.05 0.05 0.1 0.1 0.02 0.02 0.1 0.02 0.15 0.15
Fine leaf palatable 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Fine leaf unpalatable 0.1 0 0 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Broad leaf palatable 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Broad leaf unpalatable 0.1 0 0 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Mopane 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Marula 0.1 0.05 0.05 0 0 0.02 0.02 0.1 0.02 0.15 0.15
Preferred weights (Note: higher values= relatively more preferred) Preferred weights (Note: higher values= relatively more preferred)
Increaser 1 0.5 0.5 0.5 1 1 0.5 0.1 0.5 0.1 1.5 1.5
Increaser 2 1 1.5 0.5 2 5 1 0.1 0.2 0.1 1.5 1.5
Shrub 0 2 2 0 0 2 2 2 0.1 2 3
Fine leaf palatable 0 2 2 0 0 2 2 2 4 4 4
Fine leaf unpalatable 0 0 0 0 0 0.1 0.1 0.1 0.1 0.1 0.1
Broad leaf palatable 0 2 2 0 0 2 3 3 2 4 4
Broad leaf unpalatable 0 0 0 0 0 0.1 0.1 0.1 0.1 1 0.5
Mopane 0 2 2 0 0 2 2 2 1 3 3
Marula 0 2 2 0 0 2 2 2 2 3 3
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Parameter description Buffalo Impala Roan Zebra Wildebeest Steenbok Bushbuck Kudu Giraffe
Elephant
Bulls Cows
Tissue Preferred Weigths (Note: higher values= relatively more preferred) Tissue Preferred Weigths (Note: higher values= relatively more preferred)
Pref herb leaf 2 2 2 2 2 2 0.5 1 0.1 4 4
Pref herb stem 1 0.4 1 1 0.3 0.5 0.1 0.1 0.1 1 0.7
Pref herb dead 0.5 0.8 0.8 0.5 0.2 0.5 0.1 0.1 0.1 0.2 0.2
Pref browse leaf 0 2 2 0 0 5 4 3 3 3 3
Pref browse dead 0 1 1 0 0 0.5 1 0.5 0.5 1 1
Pref browse CAG 0 2 2 0 0 2 2 3 2 1 1
Pref browse branch 0 0 0 0 0 0.5 1 1.5 0.5 1 1
Preferred browsing heights on the 6 size classes of woody species (Note: higher values= relatively more preferred) Preferred browsing heights on the 6 size classes of woody species
Shrub
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
Fine leaf palatable
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.
5,1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Fine leaf unpalatable
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.
5,1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Broad leaf palatable
2,2,1.75,
1.5,1.25,1
3,2.5,2,0.
5,0.5,0.5
2,2,1.75,
1.5,1.25,1
2,2,1.75,
1.5,1.25,1
1,1,1,
1,1,0
2,1.5,0.
5,0,0,0
2,1.5,1.25,
1,0.5,0
1.75,2,1.5,
1,0.75,0.75
1,2,4,4,
5,5
2,4,3.5,
3,3,3
2,4,4,5,
4,2.5
Broad leaf unpalatable
2,2,1.75,
1.5,1.25,1
3,2.5,2,0.
5,0.5,0.5
2,2,1.75,1.
5,1.25,1
2,2,1.75,
1.5,1.25,1
1,1,1,
1,1,0
2,1.5,0.
5,0,0,0
2,1.5,1.25,
1,0.5,0
1.75,2,1.5,1,
0.75,0.75
1,2,4,4,
5,5
2,4,3.5,
3,3,3
2,4,4,5,
4,2.5
Mopane
2,2,1,
1,0,0
3,2.5,2,
0.5,0,0
2,2,1,
1,0,0
2,2,1,
1,0,0
1,1,0,
0,0,0
2,0.5,
0,0,0,0
1.5,1,0.
5,0,0,0
1.75,2,1.
5,1,0,0
1,1.5,4,
5,5,5
2,4,3.5,3,
2.5,2.5
2,4,4,3.
5,2.5,2
Marula
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.5,
1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Maximum reach height (m) 2 1.75 2.2 2 1 0.8 1.3 2.2 5.3 6 5.2
Metabolizability of forage  
(fraction energy after loss by  
fermentation gas and urine)
0.767 0.809 0.809 0.821 0.809 0.809 0.809 0.830 0.809 0.797 0.797
Ungrazable biomass (g/m2) 3 1.5 1.5 2.5 3.5 0.2 0.2 0.5 0.5 8 8
Initial condition index (-) 0.70 0.75 0.75 0.70 0.65 0.7 0.7 0.7 0.7 0.65 0.65
Water requirement (kg/day) 21.33 10. 20. 14.4 8.33 0.1 7.5 10. 17. * *
Elevations at the min and  
max pref indices
1000.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
1200.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
* *
Mean steepness of terrain consumer fre-
quently travels (% slope)
6 5 5 3 3 5 5 5 5 * *
Maximum Herbivore Density  
(#/km2)
150. 300.  500. 500. 2000. 50. 70. 10000. 250. * *
Minimum Herbivore Density  
(#/km2)
1. .1 1. 1. 1. 0.04 0.04 1. .2 * *
*No parameter values needed as distribution is determined using GPS data and the Mahalanobis distance  
factor analysis (see De Knegt et al. 2011)
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Parameter description Buffalo Impala Roan Zebra Wildebeest Steenbok Bushbuck Kudu Giraffe
Elephant
Bulls Cows
Tissue Preferred Weigths (Note: higher values= relatively more preferred) Tissue Preferred Weigths (Note: higher values= relatively more preferred)
Pref herb leaf 2 2 2 2 2 2 0.5 1 0.1 4 4
Pref herb stem 1 0.4 1 1 0.3 0.5 0.1 0.1 0.1 1 0.7
Pref herb dead 0.5 0.8 0.8 0.5 0.2 0.5 0.1 0.1 0.1 0.2 0.2
Pref browse leaf 0 2 2 0 0 5 4 3 3 3 3
Pref browse dead 0 1 1 0 0 0.5 1 0.5 0.5 1 1
Pref browse CAG 0 2 2 0 0 2 2 3 2 1 1
Pref browse branch 0 0 0 0 0 0.5 1 1.5 0.5 1 1
Preferred browsing heights on the 6 size classes of woody species (Note: higher values= relatively more preferred) Preferred browsing heights on the 6 size classes of woody species
Shrub
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
1,1,1,
1,1,1
Fine leaf palatable
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.
5,1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Fine leaf unpalatable
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.
5,1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Broad leaf palatable
2,2,1.75,
1.5,1.25,1
3,2.5,2,0.
5,0.5,0.5
2,2,1.75,
1.5,1.25,1
2,2,1.75,
1.5,1.25,1
1,1,1,
1,1,0
2,1.5,0.
5,0,0,0
2,1.5,1.25,
1,0.5,0
1.75,2,1.5,
1,0.75,0.75
1,2,4,4,
5,5
2,4,3.5,
3,3,3
2,4,4,5,
4,2.5
Broad leaf unpalatable
2,2,1.75,
1.5,1.25,1
3,2.5,2,0.
5,0.5,0.5
2,2,1.75,1.
5,1.25,1
2,2,1.75,
1.5,1.25,1
1,1,1,
1,1,0
2,1.5,0.
5,0,0,0
2,1.5,1.25,
1,0.5,0
1.75,2,1.5,1,
0.75,0.75
1,2,4,4,
5,5
2,4,3.5,
3,3,3
2,4,4,5,
4,2.5
Mopane
2,2,1,
1,0,0
3,2.5,2,
0.5,0,0
2,2,1,
1,0,0
2,2,1,
1,0,0
1,1,0,
0,0,0
2,0.5,
0,0,0,0
1.5,1,0.
5,0,0,0
1.75,2,1.
5,1,0,0
1,1.5,4,
5,5,5
2,4,3.5,3,
2.5,2.5
2,4,4,3.
5,2.5,2
Marula
3,3,2.5,
1,0,0
3,2.5,2,
0.5,0,0
3,3,2.5,
1,0,0
3,3,2.
5,1,0,0
1,1,1,
0,0,0
2,1.5,0.
5,0,0,0
1.5,1.5,
1,0,0,0
2,2,1.5,
1,0,0
1,1.5,3,
5,4,3
2,3.5,4,
4,3.5,3
2,4,4,
4,2,2
Maximum reach height (m) 2 1.75 2.2 2 1 0.8 1.3 2.2 5.3 6 5.2
Metabolizability of forage  
(fraction energy after loss by  
fermentation gas and urine)
0.767 0.809 0.809 0.821 0.809 0.809 0.809 0.830 0.809 0.797 0.797
Ungrazable biomass (g/m2) 3 1.5 1.5 2.5 3.5 0.2 0.2 0.5 0.5 8 8
Initial condition index (-) 0.70 0.75 0.75 0.70 0.65 0.7 0.7 0.7 0.7 0.65 0.65
Water requirement (kg/day) 21.33 10. 20. 14.4 8.33 0.1 7.5 10. 17. * *
Elevations at the min and  
max pref indices
1000.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
1200.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
1000.,
2000.
* *
Mean steepness of terrain consumer fre-
quently travels (% slope)
6 5 5 3 3 5 5 5 5 * *
Maximum Herbivore Density  
(#/km2)
150. 300.  500. 500. 2000. 50. 70. 10000. 250. * *
Minimum Herbivore Density  
(#/km2)
1. .1 1. 1. 1. 0.04 0.04 1. .2 * *
*No parameter values needed as distribution is determined using GPS data and the Mahalanobis distance  
factor analysis (see De Knegt et al. 2011)
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Table E3 | The standardized beta coefficients (β) between plant groups and animal species 
(N=240 per combination). 95% confidence intervals are reported between brackets.
Elephant 
bulls
Elephant 
cows
Grass 
biomass
0-1 m 1-2 m 2-3 m 3-6 m >6 m Buffalo Roan
Wilde-
beest
Zebra Impala Steenbok Bushbuck Kudu Giraffe
Elephant 
bulls
1
.95*
(.91/.99)
-.36*
(-.48/-.24)
-.01
(-.14/.11)
.09
(-.04/.21)
-.02
(-.15/.11)
-.02
(.14/.11)
-.07
(-.20/.05
.28*
(.16/.41)
.18
(.05/.31)
-.34*
(-.46/-.22)
-.32*
(-.44/-.20)
-.32*
(-.44/-.20)
-.33*
(-.45/-.21)
-.10
(-.22/.03)
-.07
(-.20/.06)
-.33*
(-.45/-.21)
Elephant 
cows
.95*
(.91/.99)
1.00
-.24*
(-.37/-.12)
-.12
(-.25/.01)
-.10
(-.22/.03)
-.16
(-.29/-.04)
-.16
(-.28/-.03)
-.27*
(-.39/-.15)
.23*
(.11/.36)
-.05
(-.18/.08)
-.20
(-.33/-.07)
-.18
(-.30/-.05)
-.15
(-.27/-.02)
-.24*
(-.36/-.12)
.05
(-.08/.18)
.09
(-.04/.21)
-.21
(-.33/-.08)
Grass 
biomass
-.36*
(-.48/-.24)
-.24*
(-.37/-.12)
1.00
.01
(-.12/.14)
-.82*
(-.89/-.75)
-.79*
(-.87/-.72)
-.78*
(-.86/-.70)
-.12
(-.25/.00)
-.85*
(-.92/-.79)
-.48*
(-.59/-.37)
.99*
(.96/1.01)
.89*
(83/.95)
.81*
(.73/.88)
.99*
(.97/1.01)
.09
(-.03/.22)
.05
(-.08/.18)
.98*
(.96/1.01)
0-1 m
-.01
(-.14/.11)
-.12
(-.25/.01)
.01
(-.12/.14)
1.00
.25*
(.13/.38)
.21
(.08/.33)
.20
(.08/.33)
.48*
(.37/.59)
-.20
(-.32/-.07)
.17
(.05/.30)
-.06
(-.18/.07)
-.20
(-.33/-.08)
-.24*
(-.36/-.11)
.06
(-.07/.18)
-.33*
(-.45/-.21)
-.33*
(-.45/-.21)
-.03
(-.16/.10)
1-2 m
.09
(-.04/.21)
-.10
(-.22/.03)
-.82*
(-.89/-.75)
.25*
(.13/.38)
1.00
.98*
(.96/1.01)
.97*
(.94/1.00)
.62*
(.52/.72)
.60*
(.49/.70)
.53*
(.42/.64)
-.88*
(-.94/-.82)
-.89*
(-.95/-.83)
-.84*
(-.91/-.77)
-.79*
(-.87/-.72)
-.27*
(-.40/-.15)
-.27*
(-.39/-.14)
-.87*
(-.93/.81)
2-3 m
-.02
(-.15/.11)
-.16
(-.29/-.04)
-.79*
(-.87/-.72)
.21
(.08/.33)
.98*
(.96/1.01)
1.00
1.00*
(.99/1.01)
.58*
(.47/.68)
.60*
(.50/.70)
.41*
(.29/.53)
-.85*
(-.92/-.72)
-.86*
(-.93/-.80)
-.77*
(-.86/-.69)
-.79*
(-.87/.-.71)
-.19
(-.31/-.06)
-.17
(-.30/-.05)
-.86*
(-.92/-.79)
3-6 m
-.02
(.14/.11)
-.16
(-.28/-.03)
-.78*
(-.86/-.70)
.20
(.08/.33)
.97*
(.94/1.00)
1.00*
(.99/1.01)
1.00
.60*
(.49/.70)
.61*
(.50/.71)
.39*
(.27/.51)
-.85*
(-.91/-.78)
-.87*
(-.93/-.81)
-.76*
(-.84/-.67)
-.78*
(-.86/-.71)
-.15
(-.27/-.02)
-.13
(-.26/-.01)
-.86*
(-.92/-.79)
>6 m
-.07
(-.20/.05)
-.27*
(-.39/-.15)
-.12
(-.25/.00)
.48*
(.37/.59)
.62*
(.52/.72)
.58*
(.47/.68)
.60*
(.49/.70)
1.00
-.06
(-.19/.06)
.40*
(.28/.52)
-.24*
(-.37/-.12)
-.39*
(-.51/-.27)
-.38*
(-.50/-.26)
-.07
(-.19/.06)
-.35*
(-.47/-.23)
-.38*
(-.50/-.26)
-.24* 
(-.36/-.11)
Buffalo
.28*
(.16/.41)
.23*
(.11/.36)
-.85*
(-.92/-.79)
-.20
(-.32/-.07)
.60*
(.49/.70)
.60*
(.50/.70)
.61*
(.50/.71)
-.06
(-.19/.06)
1.00
.35*
(.23/.47)
-.81*
(-.88/-.73)
-.64*
(-.73/-.54)
-.44*
(-.55/-.32)
-.87*
(-.93/-.80)
.28*
(.15/.40)
.37*
(.25/.49)
-.82*
(-.90/-.75)
Roan
.18
(.05/.31)
-.05
(-.18/.08)
-.48*
(-.59/-.37)
.17
(.05/.30)
.53*
(.42/.64)
.41*
(.29/.53)
.39*
(.27/.51)
.40*
(.28/.52)
.35*
(.23/.47)
1.00
-.49*
(-.60/-.38)
-.37*
(-.49/-.25)
-.50*
(-.61/-.39)
-.38*
(-.50/-.26)
-.44*
(-.55/-.32)
-.40*
(-.51/-.28)
-.45*
(-.56/-.33)
Wilde-
beest
-.34*
(-.46/-.22)
-.20
(-.33/-.07)
.99*
(.96/1.01)
-.06
(-.18/.07)
-.88*
(-.94/-.82)
-.85*
(-.92/-.72)
-.85*
(-.91/-.78)
-.24*
(-.37/-.12)
-.81*
(-.88/-.73)
-.49*
(-.60/-.38)
1.00
.94*
(.89/.98)
.86*
(.79/.92)
.98*
(.95/1.00)
.15
(.02/.28)
.13
(-.00/.25)
.99*
(.98/1.01)
Zebra
-.32*
(-.44/-.20)
-.18
(-.30/-.05)
.89*
(83/.95)
-.20
(-.33/-.08)
-.89*
(-.95/-.83)
-.86*
(-.93/-.80)
-.87*
(-.93/-.81)
-.39*
(-.51/-.27)
-.64*
(-.73/-.54)
-.37*
(-.49/-.25)
.94*
(.89/.98)
1.00
.91*
(.86/.96)
.88*
(.82/.94)
.18
(.05/.30)
.21
(.08/.33)
.93*
(.89/.98)
Impala
-.32*
(-.44/-.20)
-.15
(-.27/-.02)
.81*
(.73/.88)
-.24*
(-.36/-.11)
-.84*
(-.91/-.77)
-.77*
(-.86/-.69)
-.76*
(-.84/-.67)
-.38*
(-.50/-.26)
-.44*
(-.55/-.32)
-.50*
(-.61/-.39)
.86*
(.79/.92)
.91*
(.86/.96)
1.00
.77*
(.69/.84)
.50*
(.39/.61)
.51*
(.40/.62)
.83*
(.75/.90)
Steenbok
-.33*
(-.45/-.21)
-.24*
(-.36/-.12)
.99*
(.97/1.01)
.06
(-.07/.18)
-.79*
(-.87/-.72)
-.79*
(-.87/.-.71)
-.78*
(-.86/-.71)
-.07
(-.19/.06)
-.87*
(-.93/-.80)
-.38*
(-.50/-.26)
.98*
(.95/1.00)
.88*
(.82/.94)
.77*
(.69/.84)
1.00
.01
(-.12/.14)
-.03
(-.16/.10)
.98*
(.96/1.01)
Bush-
buck
-.10
(-.22/.03)
.05
(-.08/.18)
.09
(-.03/.22)
-.33*
(-.45/-.21)
-.27*
(-.40/-.15)
-.19
(-.31/-.06)
-.15
(-.27/-.02)
-.35*
(-.47/-.23)
.28*
(.15/.40)
-.44*
(-.55/-.32)
.15
(.02/.28)
.18
(.05/.30)
.50*
(.39/.61)
.01
(-.12/.14)
1.00
.93*
(.88/.98)
.07
(-.06/.20)
Kudu
-.07
(-.20/.06)
.09
(-.04/.21)
.05
(-.08/.18)
-.33*
(-.45/-.21)
-.27*
(-.39/-.14)
-.17
(-.30/-.05)
-.13
(-.26/-.01)
-.38*
(-.50/-.26)
.37*
(.25/.49)
-.40*
(-.51/-.28)
.13
(-.00/.25)
.21
(.08/.33)
.51*
(.40/.62)
-.03
(-.16/.10)
.93*
(.88/.98)
1.00
.04
(-.09/.17)
Giraffe
-.33*
(-.45/-.21)
-.21
(-.33/-.08)
.98*
(.96/1.01)
-.03
(-.16/.10)
-.87*
(-.93/.81)
-.86*
(-.92/-.79)
-.86*
(-.92/-.79)
-.24* 
(-.36/-.11)
-.82*
(-.90/-.75)
-.45*
(-.56/-.33)
.99*
(.98/1.01)
.93*
(.89/.98)
.83*
(.75/.90)
.98*
(.96/1.01)
.07
(-.06/.20)
.04
(-.09/.17)
1.00
*. Coefficient is significant at the 0.001 level (2-tailed).
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Table E3 | The standardized beta coefficients (β) between plant groups and animal species 
(N=240 per combination). 95% confidence intervals are reported between brackets.
Elephant 
bulls
Elephant 
cows
Grass 
biomass
0-1 m 1-2 m 2-3 m 3-6 m >6 m Buffalo Roan
Wilde-
beest
Zebra Impala Steenbok Bushbuck Kudu Giraffe
Elephant 
bulls
1
.95*
(.91/.99)
-.36*
(-.48/-.24)
-.01
(-.14/.11)
.09
(-.04/.21)
-.02
(-.15/.11)
-.02
(.14/.11)
-.07
(-.20/.05
.28*
(.16/.41)
.18
(.05/.31)
-.34*
(-.46/-.22)
-.32*
(-.44/-.20)
-.32*
(-.44/-.20)
-.33*
(-.45/-.21)
-.10
(-.22/.03)
-.07
(-.20/.06)
-.33*
(-.45/-.21)
Elephant 
cows
.95*
(.91/.99)
1.00
-.24*
(-.37/-.12)
-.12
(-.25/.01)
-.10
(-.22/.03)
-.16
(-.29/-.04)
-.16
(-.28/-.03)
-.27*
(-.39/-.15)
.23*
(.11/.36)
-.05
(-.18/.08)
-.20
(-.33/-.07)
-.18
(-.30/-.05)
-.15
(-.27/-.02)
-.24*
(-.36/-.12)
.05
(-.08/.18)
.09
(-.04/.21)
-.21
(-.33/-.08)
Grass 
biomass
-.36*
(-.48/-.24)
-.24*
(-.37/-.12)
1.00
.01
(-.12/.14)
-.82*
(-.89/-.75)
-.79*
(-.87/-.72)
-.78*
(-.86/-.70)
-.12
(-.25/.00)
-.85*
(-.92/-.79)
-.48*
(-.59/-.37)
.99*
(.96/1.01)
.89*
(83/.95)
.81*
(.73/.88)
.99*
(.97/1.01)
.09
(-.03/.22)
.05
(-.08/.18)
.98*
(.96/1.01)
0-1 m
-.01
(-.14/.11)
-.12
(-.25/.01)
.01
(-.12/.14)
1.00
.25*
(.13/.38)
.21
(.08/.33)
.20
(.08/.33)
.48*
(.37/.59)
-.20
(-.32/-.07)
.17
(.05/.30)
-.06
(-.18/.07)
-.20
(-.33/-.08)
-.24*
(-.36/-.11)
.06
(-.07/.18)
-.33*
(-.45/-.21)
-.33*
(-.45/-.21)
-.03
(-.16/.10)
1-2 m
.09
(-.04/.21)
-.10
(-.22/.03)
-.82*
(-.89/-.75)
.25*
(.13/.38)
1.00
.98*
(.96/1.01)
.97*
(.94/1.00)
.62*
(.52/.72)
.60*
(.49/.70)
.53*
(.42/.64)
-.88*
(-.94/-.82)
-.89*
(-.95/-.83)
-.84*
(-.91/-.77)
-.79*
(-.87/-.72)
-.27*
(-.40/-.15)
-.27*
(-.39/-.14)
-.87*
(-.93/.81)
2-3 m
-.02
(-.15/.11)
-.16
(-.29/-.04)
-.79*
(-.87/-.72)
.21
(.08/.33)
.98*
(.96/1.01)
1.00
1.00*
(.99/1.01)
.58*
(.47/.68)
.60*
(.50/.70)
.41*
(.29/.53)
-.85*
(-.92/-.72)
-.86*
(-.93/-.80)
-.77*
(-.86/-.69)
-.79*
(-.87/.-.71)
-.19
(-.31/-.06)
-.17
(-.30/-.05)
-.86*
(-.92/-.79)
3-6 m
-.02
(.14/.11)
-.16
(-.28/-.03)
-.78*
(-.86/-.70)
.20
(.08/.33)
.97*
(.94/1.00)
1.00*
(.99/1.01)
1.00
.60*
(.49/.70)
.61*
(.50/.71)
.39*
(.27/.51)
-.85*
(-.91/-.78)
-.87*
(-.93/-.81)
-.76*
(-.84/-.67)
-.78*
(-.86/-.71)
-.15
(-.27/-.02)
-.13
(-.26/-.01)
-.86*
(-.92/-.79)
>6 m
-.07
(-.20/.05)
-.27*
(-.39/-.15)
-.12
(-.25/.00)
.48*
(.37/.59)
.62*
(.52/.72)
.58*
(.47/.68)
.60*
(.49/.70)
1.00
-.06
(-.19/.06)
.40*
(.28/.52)
-.24*
(-.37/-.12)
-.39*
(-.51/-.27)
-.38*
(-.50/-.26)
-.07
(-.19/.06)
-.35*
(-.47/-.23)
-.38*
(-.50/-.26)
-.24* 
(-.36/-.11)
Buffalo
.28*
(.16/.41)
.23*
(.11/.36)
-.85*
(-.92/-.79)
-.20
(-.32/-.07)
.60*
(.49/.70)
.60*
(.50/.70)
.61*
(.50/.71)
-.06
(-.19/.06)
1.00
.35*
(.23/.47)
-.81*
(-.88/-.73)
-.64*
(-.73/-.54)
-.44*
(-.55/-.32)
-.87*
(-.93/-.80)
.28*
(.15/.40)
.37*
(.25/.49)
-.82*
(-.90/-.75)
Roan
.18
(.05/.31)
-.05
(-.18/.08)
-.48*
(-.59/-.37)
.17
(.05/.30)
.53*
(.42/.64)
.41*
(.29/.53)
.39*
(.27/.51)
.40*
(.28/.52)
.35*
(.23/.47)
1.00
-.49*
(-.60/-.38)
-.37*
(-.49/-.25)
-.50*
(-.61/-.39)
-.38*
(-.50/-.26)
-.44*
(-.55/-.32)
-.40*
(-.51/-.28)
-.45*
(-.56/-.33)
Wilde-
beest
-.34*
(-.46/-.22)
-.20
(-.33/-.07)
.99*
(.96/1.01)
-.06
(-.18/.07)
-.88*
(-.94/-.82)
-.85*
(-.92/-.72)
-.85*
(-.91/-.78)
-.24*
(-.37/-.12)
-.81*
(-.88/-.73)
-.49*
(-.60/-.38)
1.00
.94*
(.89/.98)
.86*
(.79/.92)
.98*
(.95/1.00)
.15
(.02/.28)
.13
(-.00/.25)
.99*
(.98/1.01)
Zebra
-.32*
(-.44/-.20)
-.18
(-.30/-.05)
.89*
(83/.95)
-.20
(-.33/-.08)
-.89*
(-.95/-.83)
-.86*
(-.93/-.80)
-.87*
(-.93/-.81)
-.39*
(-.51/-.27)
-.64*
(-.73/-.54)
-.37*
(-.49/-.25)
.94*
(.89/.98)
1.00
.91*
(.86/.96)
.88*
(.82/.94)
.18
(.05/.30)
.21
(.08/.33)
.93*
(.89/.98)
Impala
-.32*
(-.44/-.20)
-.15
(-.27/-.02)
.81*
(.73/.88)
-.24*
(-.36/-.11)
-.84*
(-.91/-.77)
-.77*
(-.86/-.69)
-.76*
(-.84/-.67)
-.38*
(-.50/-.26)
-.44*
(-.55/-.32)
-.50*
(-.61/-.39)
.86*
(.79/.92)
.91*
(.86/.96)
1.00
.77*
(.69/.84)
.50*
(.39/.61)
.51*
(.40/.62)
.83*
(.75/.90)
Steenbok
-.33*
(-.45/-.21)
-.24*
(-.36/-.12)
.99*
(.97/1.01)
.06
(-.07/.18)
-.79*
(-.87/-.72)
-.79*
(-.87/.-.71)
-.78*
(-.86/-.71)
-.07
(-.19/.06)
-.87*
(-.93/-.80)
-.38*
(-.50/-.26)
.98*
(.95/1.00)
.88*
(.82/.94)
.77*
(.69/.84)
1.00
.01
(-.12/.14)
-.03
(-.16/.10)
.98*
(.96/1.01)
Bush-
buck
-.10
(-.22/.03)
.05
(-.08/.18)
.09
(-.03/.22)
-.33*
(-.45/-.21)
-.27*
(-.40/-.15)
-.19
(-.31/-.06)
-.15
(-.27/-.02)
-.35*
(-.47/-.23)
.28*
(.15/.40)
-.44*
(-.55/-.32)
.15
(.02/.28)
.18
(.05/.30)
.50*
(.39/.61)
.01
(-.12/.14)
1.00
.93*
(.88/.98)
.07
(-.06/.20)
Kudu
-.07
(-.20/.06)
.09
(-.04/.21)
.05
(-.08/.18)
-.33*
(-.45/-.21)
-.27*
(-.39/-.14)
-.17
(-.30/-.05)
-.13
(-.26/-.01)
-.38*
(-.50/-.26)
.37*
(.25/.49)
-.40*
(-.51/-.28)
.13
(-.00/.25)
.21
(.08/.33)
.51*
(.40/.62)
-.03
(-.16/.10)
.93*
(.88/.98)
1.00
.04
(-.09/.17)
Giraffe
-.33*
(-.45/-.21)
-.21
(-.33/-.08)
.98*
(.96/1.01)
-.03
(-.16/.10)
-.87*
(-.93/.81)
-.86*
(-.92/-.79)
-.86*
(-.92/-.79)
-.24* 
(-.36/-.11)
-.82*
(-.90/-.75)
-.45*
(-.56/-.33)
.99*
(.98/1.01)
.93*
(.89/.98)
.83*
(.75/.90)
.98*
(.96/1.01)
.07
(-.06/.20)
.04
(-.09/.17)
1.00
*. Coefficient is significant at the 0.001 level (2-tailed).
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Figure E2 | The difference in grass biomass, and average elephant and grazer densities per grid 
cell between simulations with (Yes) and without (No) buffalo divided by simulations with buffalo at a 
distance of 0-5 km, 5-10 km, 10-20 km, 20-40 km and 40-60 km from a perennial river. 
Figure E3 | The difference in average wildebeest densities per grid cell between simulations with 
only wildebeest (No) and with all animals species present (Yes) divided by simulations with all animal 
species present at a distance of 0-5 km, 5-10 km, 10-20 km, 20-40 km and 40-60 km from a perennial 
river. 
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Figure E4 | The difference in average densities of the animal species per grid cell, the average 
grass biomass and the average woody biomass per size class (0-1 m, 1-2 m, 2-3 m, 3-6 m and >6 m) 
between high and current elephant densities (H-C) and current and low elephant densities (C-L) 
divided by the current densities at a distance of 05 km, 5-10 km, 10-20 km, 20-40 km and 40-60 km 
from a perennial natural water source. 
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Summary
Given the increasing human pressures on global biodiversity, there is an urgent need 
to conserve species and species populations more effectively. In conservation biology, 
information on species and population viability is typically obtained via population via-
bility analysis (PVA). The applicability of PVA is, however, limited by the availability of 
species-specific input data. The main aim of this thesis is therefore to quantify popula-
tion viability 1) for a large number of species and 2) as an explicit function of anthro-
pogenic pressures by making better use of available data. Ultimately, this type of infor-
mation will help to better underpin biodiversity conservation efforts. The focus in this 
thesis is on birds and mammals, and chemical pollution and water scarcity.
To obtain population viability information on as many species as possible, the extinction 
vulnerability of birds and/or mammals was quantified based on body size (or body mass) 
and feeding guild (chapters 2 and 3). In chapter 2, a new framework was developed that 
systematically quantifies extinction risk based on allometric relationships between vari-
ous wildlife demographic parameters and body size. Extinction risk metrics included the 
probability of extinction (PE), the mean time to extinction (MTE), and the critical patch 
size (CPS). The framework was applied to assess the extinction vulnerability of terres-
trial carnivorous and non-carnivorous birds and mammals globally. Irrespective of the 
metric used, large-bodied mammals and non-carnivorous bird species were found to be 
more vulnerable to extinction than their smaller counterparts. For carnivorous birds, a 
multi-modal relationship was found, with larger extinction vulnerabilities for both large 
and small species. Overall, birds were more prone to extinction than mammals, while 
carnivorous mammals were found to have higher extinction risks than non-carnivorous 
mammals. The patterns were confirmed by a comparison with the proportions of extant 
threatened species as retrieved from the International Union for Conservation of Nature. 
In chapter 3, minimum viable population targets were estimated for a large number 
of species by using models of population dynamics across a range of life-history traits 
related to species’ body size. The method was applied from the smallest to the largest 
mammal species (from 2 g [Suncus etruscus] to 3825 kg [Loxodonta africana]). The mini-
mum viable population targets decreased asymptotically with increasing body size and 
were in the same order of magnitude as minimum viable population estimates from ear-
lier studies. The approach thus enables a first estimation of minimum viable population 
targets based on an easily retrievable species trait. 
To more explicitly account for the influence of anthropogenic pressures on population 
viability, quantitative pressure-response relationships for demographic rates or habitat 
suitability were connected to population models (chapter 4 - 6). In chapter 4, a method 
was developed to quantify the effects of chemical pollution on wildlife population per-
sistence based on field monitoring data. Field-based vital rate response functions for 
toxicants were established with quantile regression, in order to correct for the influ-
ence of confounding factors on the vital rates observed in the field, and the response 
curves were combined with population viability models. The method was then applied 
to quantify the impact of the toxicant DDE (a breakdown product of the insecticide DDT) 
on three bird species: the white-tailed eagle, bald eagle and osprey. Population viability 
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was expressed via five population extinction vulnerability metrics: population growth 
rate (r1), critical patch size (CPS), minimum viable population size (MVP), probability of 
population extirpation (PE) and median time to population extirpation (MTE). Past DDE 
exposure concentrations were found to have increased population extirpation vulnera-
bilities of all three bird species.
Next, an approach was developed to predict the costs of releasing captive-bred individ-
uals in order to mitigate the impacts of particular environmental pressures on wildlife 
populations (chapter 5). To that end, quantitative stressor-response relationships for 
vital rates were combined with wildlife demographic models to compute the impacts 
of the pressure on the size of the target population. Subsequently, cost estimates were 
obtained by quantifying the number of captive-reared individuals needed per year 
in order to maintain a user-defined population size at a given degree of impact of the 
stressor of concern. To illustrate the approach, it was applied to calculate the total 
costs required to mitigate the impacts of DDE on the population of peregrine falcons 
in California over the period 1970-1994. To increase the breeding adult population as 
soon as possible to a minimum viable size of 116 individuals, 670 captive-reared young 
were required. The corresponding restoration costs were in total ~$1,520,000, with the 
highest yearly costs of ~$1,343,000 in 1970. Gradually increasing reintroduction efforts 
reduced the number of young required and the reintroduction costs to 581 individuals 
and ~$1,029,000, respectively. However, the number of breeding adults then exceeded 
the minimum population size only after 1983 (instead of 1972), thus reflecting a trade-
off between costs and extinction risk.
In chapter 6, the influence of water scarcity on the spatial distribution of several mam-
mal species in Kruger National Park (South Africa) was assessed. The long-term effects of 
different scenarios of water point closure on the spatial distribution of elephants and the 
consequential effects on the vegetation and other herbivores were investigated. Using 
a dynamic ecosystem model, scenarios were evaluated that varied in water availability 
(both artificial and natural) and elephant densities. The modelling results showed that 
the closure of artificial water points hardly had any effect during natural wet conditions. 
Under dry conditions, the spatial distribution of both elephant bulls and cows changed 
when the availability of artificial water was severely reduced. This, in turn, triggered 
changes in the spatial distribution of woody biomass availability over the simulation 
period of 80 years, which led to increased local population densities of all herbivores 
except for giraffe and steenbok in areas close to rivers. 
Based on the findings of this thesis, it was concluded that feeding guild and body size can 
be profitably used to obtain first estimates of the extinction vulnerability of a large num-
ber of species and populations (chapter 7). Further, it is possible to explicitly account 
for the influence of anthropogenic pressures on population viability in multiple, com-
plementary ways, making maximum use of both laboratory and field data. Finally, the 
various metrics of population viability as applied in this thesis provide complementary 
information relevant to underpin conservation measures. With increasing data availa-
bility, population viability information may be quantified for more taxonomic groups, in 
relation to more anthropogenic pressures, and become more detailed and precise, which 
may further help to conserve biodiversity more effectively.
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Samenvatting
Gegeven de toenemende menselijke invloed op de natuur is er een dringende behoefte 
om soorten effectiever te beschermen. Informatie over de levensvatbaarheid van popu-
laties wordt in de natuurbeschermingsbiologie meestal verkregen via levensvatbaar-
heidsanalyses (in het Engels ‘population viability analysis’ of kortweg PVA genoemd). 
De toepasbaarheid van PVA wordt echter beperkt door de geringe beschikbaarheid van 
soortspecifieke data. Het belangrijkste doel van dit proefschrift is daarom om de levens-
vatbaarheid van populaties te kwantificeren 1) voor een groot aantal soorten en 2) direct 
gerelateerd aan specifieke menselijke drukfactoren door slim gebruik te maken van de 
beschikbare data. Uiteindelijk zal dit type informatie helpen om biodiversiteit beter te 
beschermen. De focus in dit proefschrift ligt op vogels en zoogdieren, en op chemische 
vervuiling en waterschaarste.
Om informatie te verkrijgen over de levensvatbaarheid van populaties voor zoveel moge-
lijk soorten, zijn de uitsterfrisico’s van vogels en/of zoogdieren gekwantificeerd op basis 
van het lichaamsgewicht en de voedselgroep van de dieren (hoofdstukken 2 en 3). In 
hoofdstuk 2 is er een nieuwe methode ontwikkeld om uitsterfrisico’s systematisch te 
kwantificeren op basis van relaties tussen verschillende demografische parameters 
(zoals de populatiegroeisnelheid) en het lichaamsgewicht van dieren. Er zijn daarbij 
drie indicatoren voor uitsterfrisico berekend, namelijk (1) de kans op uitsterven, (2) de 
gemiddelde tijd tot uitsterven, en (3) de minimaal benodigde habitatgrootte. De methode 
is toegepast om de kwetsbaarheid voor mondiaal uitsterven van vogels en zoogdieren 
te schatten. Ongeacht de gebruikte indicator bleken grote zoogdieren en niet-carnivore 
vogels kwetsbaarder voor uitsterven dan hun kleinere tegenhangers. Voor carnivore 
vogels werd een multimodale relatie gevonden waarbij zowel grote als kleine soorten 
hogere uitsterfrisico’s hadden. In het algemeen bleken vogels kwetsbaarder voor uit-
sterven dan zoogdieren, terwijl carnivore zoogdieren hogere uitsterfrisico’s bleken te 
hebben dan niet-carnivore zoogdieren. Voor alle soortengroepen werden de gevonden 
patronen bevestigd door vergelijkingen met het aandeel bedreigde soorten zoals vastge-
steld door de International Union for Conservation of Nature.
In hoofdstuk 3 is de minimale levensvatbare populatiegrootte van een groot aantal soor-
ten geschat door de populatiedynamiek te simuleren aan de hand van demografische 
parameters in relatie tot hun lichaamsgewicht. De methode is toegepast op zoogdieren 
waarbij het lichaamsgewicht werd gevarieerd van het kleinste tot het grootste zoog-
dier (2 g [Suncus etruscus] tot 3825 kg [Loxodonta africana]). De berekende minimale 
levensvatbare populatiegroottes daalden met toenemend lichaamsgewicht en waren in 
dezelfde orde van grootte als schattingen uit eerdere studies. De benadering maakt het 
dus mogelijk om een eerste schatting te maken van minimale levensvatbare populatie-
groottes op basis van een gemakkelijk te verkrijgen soortenkenmerk. 
Om de levensvatbaarheid van populaties te kwantificeren als een directe functie van 
menselijke druk, zijn druk-responsrelaties voor demografische parameters of habitatge-
schiktheid gecombineerd met populatiemodellen (hoofdstukken 4 – 6). In hoofdstuk 4 is 
een methode ontwikkeld om de effecten van chemische vervuiling op de levensvatbaar-
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heid van populaties te kwantificeren op basis van veldgegevens. Met een statistische 
techniek, genaamd kwantielregressie, is het effect van een specifieke drukfactor uit de 
veldgegevens gefilterd. De responsrelaties die met behulp van de kwantielregressietech-
niek zijn ontwikkeld, zijn gekoppeld aan modellen die de levensvatbaarheid van popula-
ties berekenen. De methode is vervolgens toegepast om de invloed van de toxische stof 
DDE (een afbraakproduct van de insecticide DDT) op drie vogelsoorten te kwantificeren: 
de Europese zeearend, de Amerikaanse zeearend en de visarend. De levensvatbaarheid 
van de populaties is uitgedrukt via vijf uitsterfrisico-indicatoren: populatiegroeisnel-
heid, minimaal benodigde habitatgrootte, minimale levensvatbare populatiegrootte, 
kans op lokaal uitsterven en de mediane tijd tot lokaal uitsterven. DDE-blootstel-
lingsconcentraties die in het verleden zijn waargenomen bleken de kwetsbaarheid voor 
lokaal uitsterven van alle drie de vogelsoorten te hebben vergroot. 
Vervolgens is er een systematische methode ontwikkeld om de kosten te voorspellen 
van het uitzetten van in gevangenschap gefokte jongen als maatregel om de negatieve 
invloed van bepaalde milieudrukfactoren op populaties te compenseren. Druk-respons-
relaties voor demografische parameters zijn gecombineerd met populatiemodellen om 
de invloed van de drukfactor op de grootte van de populatie te berekenen. Hierna zijn 
kostenschattingen verkregen door het aantal in gevangenschap gefokte jongen per jaar te 
bepalen dat nodig is om een bepaalde populatiegrootte te handhaven. Om de methode te 
illustreren is deze toegepast om de herintroductiekosten te berekenen die nodig waren 
om de effecten van de toxische stof DDE op de slechtvalkenpopulatie in Californië tussen 
1970 en 1994 te compenseren. Om de populatie zo snel mogelijk te laten groeien tot een 
minimale levensvatbare populatie van 116 broedende volwassenen, waren in totaal 670 
in gevangenschap gefokte jongen nodig en bedroegen de herintroductiekosten in totaal 
~$1,520,000. De hoogste jaarlijkse kosten waren gelijk aan ~$1,343,000 in 1970. Herin-
troductiemaatregelen die geleidelijk toenamen in de tijd verlaagden het aantal benodigde 
jongen en de bijbehorende kosten tot respectievelijk 581 individuen en ~$1,029,000. Het 
aantal broedende volwassenen overschreed de minimale levensvatbare populatie toen 
echter pas na 1983 (in plaats van 1972).  Er is dus een trade-off tussen de kosten van 
herintroductie enerzijds en het uitsterfrisico van de populatie anderzijds.
In hoofdstuk 6 is de langetermijninvloed onderzocht van waterschaarste op de ruimte-
lijke verdeling van meerdere zoogdiersoorten die voorkomen in Kruger National Park 
(Zuid-Afrika). Verschillende scenario’s, die varieerden in beschikbaarheid van water-
putten, natuurlijke waterbeschikbaarheid en olifantendichtheden, zijn gesimuleerd met 
behulp van een dynamisch ecosysteem model om de effecten van het sluiten van water-
putten op de ruimtelijke verdeling van olifanten, en de daaropvolgende effecten op de 
vegetatie en andere herbivoren, te voorspellen. De modelresultaten toonden aan dat het 
verminderen van het aantal waterputten nauwelijks invloed had tijdens natuurlijk natte 
omstandigheden. Onder droge omstandigheden veranderde de ruimtelijke verdeling van 
zowel mannelijke als vrouwelijke olifanten wanneer het aantal waterputten sterk was 
gereduceerd. Dit veroorzaakte veranderingen in de ruimtelijke verdeling van houtach-
tige vegetatie gedurende de simulatieperiode van 80 jaar, wat vervolgens leidde tot ver-
anderingen in de ruimtelijke verdeling van de andere herbivoren. In gebieden dicht bij de 
rivieren namen de lokale dichtheden van alle herbivoren toe, behalve die van de giraffe 
en de steenbok. 
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Op basis van de bevindingen van dit proefschrift kan worden geconcludeerd dat de 
voedselgroep en het lichaamsgewicht van dieren goede uitgangspunten vormen om de 
kwetsbaarheid voor uitsterven van een groot aantal soorten en populaties te voorspel-
len (hoofdstuk 7). Daarnaast is het mogelijk om de levensvatbaarheid van populaties 
direct te relateren aan menselijke drukfactoren op meerdere, complementaire manieren, 
door maximaal gebruik te maken van zowel beschikbare laboratorium- als veldmonito-
ringsdata. Ten slotte kan het toepassen van meerdere indicatoren van uitsterfrisico’s 
aanvullende informatie verschaffen voor natuurbeheerders en -beleidsmakers. Met een 
toenemende beschikbaarheid van data kan de levensvatbaarheid van populaties worden 
gekwantificeerd voor meer taxonomische groepen, in relatie tot meer menselijke druk-
factoren, én gedetailleerder en accurater worden, wat verder kan helpen om biodiversi-
teit effectiever te beschermen.
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The SENSE Research School declares that Jelle Peter Hilbers has successfully fulfilled all 
requirements of the Educational PhD Programme of SENSE with a  
work load of 42.7 EC, including the following activities: 
 
SENSE PhD Courses 
o Environmental research in context (2014) 
o Research in context activity: ‘Creating video communication on the relevance of biology 
for the study of environmental issues – to be understood by senior high school students’ 
(2015) 
o Bayesian Statistics (2015) 
o Multivariate analysis (2015) 
 
Other PhD and Advanced MSc Courses 
o Life Cycle Assessment and Environmental Systems Analysis, Norwegian University of 
Science and Technology (2013) 
o Presentation Skills, Radboud University (2015) 
 
Management and Didactic Skills Training 
o Supervising two MSc students with thesis ‘Using allometry to model the impact of 
tropospheric ozone on the extinction vulnerability of plant species (2016) 
o Teaching in the MSc courses ‘Biodiversity and ecological assessment’ (2013‐2016), 
‘Environmental and ecological modelling’ (2013‐ 2016) 
o Assisted in practicals of BSc course ‘Man and the environment’(2014‐2016) 
 
Oral Presentations 
o A novel approach to quantify species’ extinction vulnerability due to chemical exposure. 
Oceania Congress for Conservation Biology, 4‐10 July 2016, Brisbane, Australia 
o Allometry and the extinction vulnerability of birds and mammals. International Congress 
for Conservation Biology, 2‐6 August 2015, Montpellier, France 
o Setting equitable conservation targets: biological predictors of species persistence. 
Ecology at the interface, 21‐25 September 2015, Rome, Italy 
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